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ABSTRACT

Mercury (Hg) is distributed globally through atmospheric transport. The broad range of
environmental conditions will lead to various possible speciation of mercury, which will
ultimately affect the toxicity and transport of mercury. Hg toxicity, transport and speciation have
been widely studied. However, information about effects of Hg speciation on its environmental
behavior in unsaturated porous media and on its removal from wastewater stream is still limited.
The present work contributes towards understanding the impact of Hg speciation on both the
transport of Hg species in unsaturated porous media (e.g., surface soil) and removal of Hg
species in wastewater streams. This knowledge is necessary to assess the possible environmental
risks of Hg in the environment, where different Hg species can exist and have different

properties and impacts on water quality and ecosystems.

The first objective of this research was to determine the effect of Hg speciation on its
retention in partially saturated soils. The retention of Hg species in model porous media and in
real soil was assessed in column breakthrough experiments. Deposition (retention) rates for each
Hg species were calculated to evaluate the influence of Hg speciation, porous medium
composition and influent solution on the mobility of Hg species in porous media. This study
provided information about the relative retention of each Hg species in soils, and identified
natural-organic-matter-bound Hg as the most mobile Hg species and that with the greatest

potential for vertical migration to groundwater.

The second objective of this research was to determine how Hg speciation affects its
ability to be removed from water via adsorption by activated carbon and organoclay. The effects
of Hg speciation, water quality parameters and adsorbent type on the removal of Hg were

compared to explore the potential removal efficacy and mechanism. The result indicated Hg

vii



removal efficacy was influenced by Hg speciation differently depending on the solution
conditions. Therefore, using total dissolved Hg(ll) to predict Hg removal efficacy may not
provide a reliable estimate of adsorption. Organoclay was shown to have a highly reactive
surface and the highest adsorption capacity per unit specific surface area among the tested

adsorbents.

The third objective was to determine the Hg speciation in produced water from an oil
production well, and to study the influence of Hg speciation on its removal from produced water
by adsorbents. Mercury species in a produced water sample were identified as mainly particulate
species and hydrophobic species. The removal of the amended Hg species in produced water was
measured to evaluate the impact of Hg speciation on its removal. This study showed that
produced water composition affected Hg speciation and formed hydrophobic Hg was more

difficult to remove than initially added hydrophilic Hg species in produced water.
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Chapter 1. Introduction, Motivation and Objectives
1.1 Mercury in the Environment

Mercury (Hg) is a heavy metal distributed globally through atmospheric transport!). Hg
can be present in various concentrations in fossil fuels®® ®, and efficient Hg control devices
should be used in specific cases to control releases into the environment from production and
processing of fossil fuels. Mercury is released to the environment most commonly as elemental
Hg, dissolved or complexed ionic Hg®*, or particulate Hg through natural and anthropogenic
processes. Once introduced in environmental systems, mercury can transform between Hg(0)
(metallic), Hg(l) (mercurous) and Hg(ll) (mercuric) species depending on the redox condition of
the ecosystem!®. Hg(0) is the main form of mercury in the atmosphere due to its high vapor
pressure and low water solubility and contributes to the global mercury inputs and transport.. In
aquatic and terrestrial environment, Hg mainly exists in its ionic form, particularly in its Il
valence state. Through biotic and abiotic processes® ", inorganic mercury species can also be
transformed into organic mercury species (e.g., methyl mercury), which is more toxic than its
inorganic form and can bioaccumulate and biomagnify®®*%. Environmental conditions (e.g., pH
and redox) can lead to various possible mercury species, which will ultimately affect their
environmental fate and the efficacy of Hg removal technologies. There is limited knowledge
about how the speciation of mercury affects its transport in an unsaturated porous medium, and
its removal from water by adsorbents. This thesis systematically explores the impact of Hg

speciation on these processes.



1.1.1 Hg speciation in water

Mercury speciation in water is complex. In aquatic systems, mercury mainly exists as a
mixture of Hg complexes™™*. The nature of the mercury species present will depend on the
ligands present, and pH and Eh**%?. As demonstrated previously™®, mercury is most likely to
complex with OH", CI', S* and S-containing functional groups of organic ligands because of
their high stability with mercury!?>?%"). Soft acids (e.g., Hg?*) react more strongly with soft bases
(e.g., RS than with hard bases (e.g., OH"). Thus, ligands containing thiolate functional groups
are expected to complex Hg most strongly (Figure 1). In the absence of sulfide, other ligands
such as chloride and hydroxide will dominate the complexation with mercuryt* 228 Oxygen-
containing functional groups such as carboxylic functional or phenolic groups, other than organic
S groups, can also act as the primary binding sites for Hg in the absence of reduced sulfur®. In
the presence of thiol functional groups, the predominant speciation is Hg-(SR)x species. Thiol
groups present in dissolved organic matter (DOM) are therefore likely responsible for the strong

binding between Hg and DOM!# 31,

The presence of Hg species including Hg-dissolved organic matter (DOM) complexes
and HgS nanoparticles have been identified in aquatic systems. Revis et al.*% suggested that ~85%
of mercury at East Fork Poplar Creek had been predominately converted to mercuric sulfide
(HgS) as a consequence of sulfate reduction in the soils®" *. Hg was correlated with sulfur
concentration in soils from that site, bolstering the idea that mercury has been transformed to
HgS. It was also shown that mercury-sulfide minerals, cinnabar (a-HgS) and metacinnabar (j3-

HgsS), are the majority of Hg species in mine wastes related to mercury and gold mining*=2%.
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Representative speciation diagram for dissolved Hg(ll) species (7.5 puM) under

simulated oxic water conditions (0.005 M NaCl, 1mg C/L HA). Visual MINTEQ was
used for the simulation of dissolved Hg(ll) species (denoted as Hg(I1)* in this thesis)
by assuming equilibrium was reached. Additional speciation diagrams for dissolved
Hg(ll) species simulated for our experimental conditions are Figure 3.1 and Figure A4
and A5 in Appendix A. Hg-DOM and HgS nanoparticles under those experimental
conditions are assumed to be stable and therefore no Hg speciation diagrams were

made for Hg-DOM and HgS nanoparticles.



In addition to inorganic ligands, Hg(ll) has a high tendency to be associated with DOM.
Both laboratory and modeling studies indicated that more than 90% of inorganic mercury and
from 70% to 90% of MeHg in water may be bound with dissolved organic matter (DOM)X 20281,
Many Hg-impacted aquatic media contain high concentrations of both sulfide and DOM (e.g., in
landfill leachate). In these systems, the dominant species are mercury complexes with sulfide and
DOM® and some metacinnabar nanoparticles have been shown to be present®8l In the
presence of DOM formed HgS nanoparticles may prevent aggregation to sizes that are readily
sedimented from solution. In laboratory experiments using only DOM (10 mg C/L) and
micromolar concentrations of dissolved Hg, HgS primary particle growth was limited to 1-5 nm
in diameter, and aggregates of the HgS nanoparticles did not grow beyond a hydrodynamic

diameter of about 20-200 nm!®®%],
1.1.2 Hg transport in porous media

Certain Hg-containing wastes may be disposed of in landfills, and vertical transport of Hg
in the surrounding vadose zone can impact the groundwater. This is especially true for older
landfills, or those in developing countries where appropriate barriers and leachate collection
systems are not in place. Sandy (low total organic carbon (TOC)) sites and equatorial (high TOC)
sites are also typical porous media in locations where oil and gas are extracted. Most mercury
transport studies have usually tracked Hg species by physical size, reporting the dissolved form
(<1 nm), the colloidal form (1 nm — 1 um) and the particulate form (> 1 um) of Hg[ls]. Although
this classification of Hg species into dissolved form (< 1 nm), colloidal form (1 nm — 1 pm) and
particulate form (> 1 um) is practical for analysis and reporting, this definition is not appropriate
for modeling the transport of Hg species in porous media. For example, purely dissolved Hg

species defined as those that pass through a 0.45 um filter is not accurate, since HQS
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nanoparticles with a small enough diameter would also be described as a dissolved Hg species by
this definition. Dissolved inorganic Hg(ll) species (e.g., HgCls) can behave differently from
dissolved Hg-DOM complexes due to differences in their molecular weight and availability to be
adsorbed to solid surface via complexation with surface functional groups on the porous media
particles™® *1. HgS nanoparticles can behave differently still from the inorganic Hg(ll) ions or
Hg-DOM in terms of its ability to associate with different ligands and its mobility in soil. The
surface charge and macromolecule coating on both nanoparticles and porous media particles can
impact the nanoparticle stability in porous media by changing the electrostatic interactions and
steric repulsions between the nanoparticles and particles in porous medial***¥]. The effect of Hg

speciation, beyond just size, on Hg transport in porous media has not been studied.

Most Hg transport experiments in porous media have been conducted under saturated
conditions. However, the porous media in near-surface environments usually remain unsaturated.
The porous medium composition (e.g., grain size and TOC content associated with porous media
particles) and solution condition (e.g., ionic strength and DOM) are expected to dramatically
change the fate of dissolved Hg(ll) species, dissolved Hg-DOM complexes and HgS
nanoparticles. The influences of these factors in Hg transport are important pieces of knowledge
needed to better understand Hg transport in soils. To enhance our understanding of how Hg
speciation and porous medium properties may impact its transport in an unsaturated porous
medium, column experiments with three controllable variables (i.e., Hg species, porous medium
properties, and influent solution chemistry) were conducted under unsaturated conditions to

evaluate their impacts of Hg speciation on its transport.



1.1.3 Removal of Hg from wastewater and produced water

Wastewater from various locations may contain elevated levels of Hg that may need to be
reduced prior to final disposition. Due to various liable ligands for Hg present in wastewater
streams, Hg can form a number of different species in wastewater, e.g., elemental Hg, Hg(ll)
adsorbed to dissolved organic matter (Hg(l1)-DOM), and mononuclear or nanoparticulate HgS!*

3. 44501 - Competing ligand exchange-solid phase extraction (CLE-SPE) experiments were used

to separate hydrophilic Hg species from hydrophobic Hg species in wastewater streams?®:*%l,
This method can also qualitatively assess Hg speciation by comparing the binding strength
between Hg-ligand complexes present in water with that of the probe ligand and the bond
strength of the other Hg species that may be present (e.g., HgS). Natural organic matter (NOM)
was shown to associate with Hg(I1) species to form hydrophilic Hg(ll) complexes, and inorganic
sulfide was shown to react with Hg(ll) species to form strong hydrophobic Hg(Il) species (i.e.,
mononuclear HgS)®Y. The differences in the hydrophobicity of the Hg species was shown to

affect the distribution of Hg species in produced water, which may impact the choice of

technologies used for Hg removal from wastewater.

Produced water is water separated from reservoir fluids during crude oil and natural gas
production®®. It can contain dissolved and dispersed hydrocarbons, dissolved salts, formation
material, metals and production chemicals. Reported Hg concentrations in the range of 0.1-
20,000 ng/g in crude oils® with a mean value of ~10 ppb and 10-3,000 ng/g in gas
condensate®™ have been reported®”. Produced water generated from oil and gas field with Hg
can contain Hg species and may need to be reduced to meet disposition limits. Due to the low
mercury concentrations that are typically encountered in produced waters (less than 1 ppm[®),

Hg speciation is difficult to measure. A three stage filtration systems was developed to identify
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organically-bound, elemental, and ionic mercury species in produced water®. With abundant
hydrocarbons (e.g., carboxylic acid’®”, benzothiophene and dibenzothiophene!®) in produced
water, Hg is expected to form Hg(ll)-thiol complexes, or potentially HgS nanoparticles.
However, the complexation of Hg(ll) species in produced water has not been reported in the

peer-reviewed literature. Doing so can help to optimize produced water treatment strategies.

A variety of physical and chemical treatments can be used to remove Hg from aqueous
streams. These removal processes use methods to remove particle-bound Hg (e.qg., filtration) and
to adsorb dissolved Hg species, e.g., powder activated carbon treatment, ion exchange,
amalgamation, chemical precipitation, electrodeposition, reverse osmosis, photochemical
methods, flotation, mechanical filtration, membrane separation, and selective liquid-liquid

pl48. 62-74]

extractio . Complexation-filtration was also studied to remove mercury from waste

water">". Polyethylenimine (PEI), poly(y-glutamic acid) (y-PGA)Y" | chitosan!™, xanthate!™
7981 xanthate-cationic polymer [e.g., poly(vinylbenzyltrimethylammonium chloride or
polythylenimine)] complex " and commercially available Nalmet® were used as complexing
agents to precipitate Hg(ll) species. Nanomaterials are also proposed as highly promising

materials for Hg removal processes!® I,

Adsorbents are most often used to remove remaining dissolved and nanoparticulate Hg
from the water after filtration to remove larger particulate Hg species. Particularly, activated
carbon is widely used because of its high internal surface area and relatively low cost!®®",
Sulfurization of activated carbon was shown to be an effective way to enhance the adsorption of

either elemental Hg or mercuric ions onto activated carbons®®°!

. Organoclays are another
engineered geosorbent with high affinity for metals. They are prepared by adsorption of organic
molecules onto the clays and have been used previously in in aqueous Hg adsorption studies!®***!
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Organoclays functionalized by dithiocarbamate® and 2-mercapto-5-amino-1,3,4-thiadiazole!®*!
exhibited strong aqueous Hg(ll) adsorption capacity. These studies suggest that the sulfur
containing functional groups play an important role in Hg removal from produced water, but the
efficacy of these sulfur-modified sorbents in produced water has not been evaluated. Moreover,

the effect of mercury speciation on the efficacy of these sorbents has never been studied.

The impact of Hg speciation on the efficacy of sorption-based or filtration-based
treatment alternatives is also not well known, especially for produced water. Most studies about
mercury removal in aqueous media have been tested using dissolved Hg(Il) in the absence of
common environmental ligands®°"). However, Hg will complex with different ligands (e.g., S%,
CI" and DOM)EE 44 98101 hecayse of the strong binding constantsi***%. Also, particulate Hg and
particle-bound Hg forms are present in environmental systems®: 4+ 100101 "Hg species such as
HgS nanoparticles and Hg-DOM complex are likely more difficult to be removed because the
porous structure of adsorbents is less accessible for these larger Hg species than for dissolved

Hg(ll) species.

Water quality parameters (e.g., ionic strength, ionic composition and NOM) and
adsorbent properties may affect the efficacy of adsorbents for Hg removal. lonic strength can
affect dissolved Hg(ll) speciation and the surface charge of HgS nanoparticles, and divalent
cation can be more effective in screening the surface charge of nanoparticles than monovalent
cation when humic acid present™®. These effects may change the adsorption affinity of Hg
species onto adsorbents. Activated carbon with a large surface area and pore volume may sorb
Hg species better than organoclay (OC) which has a relatively lower surface area. However, the
S-containing functional groups on OC can also be reactive with Hg species and therefore

enhance the Hg removal from water. Thus it is necessary to assess the performance of
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commercial products (especially activated carbon due to its relatively low cost) towards different
Hg species (e.g., HgS nanoparticles, Hg(l1)-DOM) under different solution conditions and
produced water conditions. Better understanding of the role of Hg speciation and solution

conditions on its removal will aid in the design of more efficient treatment alternative. A

summary of the variables tested and the rationale for testing them in provided in Table 1.

Table 1. Variables tested in Hg removal experiments.

Variables tested and Impact on Hg species Data gap

importance

Dissolved organic matter DOM can complex with The effect of DOM in the
(DOM). dissolved Hg(ll) species. wastewater on the removal of

DOM is present in process
water and wastewaters.

Sorption of DOM onto HgS
NPs or onto sorbents can
increase the stability of HgS
nanoparticles against
aggregation and
heteroaggregation by
increasing steric repulsions.
Hence, DOM is expected to
influence the removal of Hg
species.

selected Hg species needs to
be compared to assess the
magnitude of its impact of
different Hg species and
sorbents.

lonic strength.
Produced water may
contain high
concentrations of salt.

Increased ionic strength can
decrease the activity of
dissolved Hg(ll) species,
reduce the stability HgS
nanoparticles by screening its
surface charge. Therefore,
ionic strength is expected to
affect the adsorption of Hg
Species.

The effect of ionic strength on
the removal of Hg*" was
widely studied. Its effect on
the removal of Hg-DOM and
HgS needs to be determined.

Cation type (Na* and Ca*").
Produced water may have
different ratios of Ca2+ to
Na+ depending on the
source.

Ca”" is more effective in
screening the surface charge
of HgS nanoparticles than
Na*. Ca®" also can bridge the
DOM onto the adsorbent
surface to affect the removal
of Hg species.

The effect of cation type on
the removal of selected Hg
species is not reported.




Table 1 (continued). Variables tested in Hg removal experiments.

Variables tested and
importance

Impact on Hg species

Data gap

Adsorbent type (activated

carbon and organoclay).
Different adsorbents are
available for Hg removal.

Activated carbon has a larger
surface area than organoclay
due to the porous structure,
which could trap additional
small-sized Hg species. Also,
each may have different
surface charge that can affect
removal efficiency.

The effect of adsorbent type
on the removal of selected Hg
species needs to be compared.

Sulfur type and content on
adsorbent.
Sorbents have different
types and amounts of S
designed to sequester Hg.

Impregnated sulfur on
adsorbents may react with
dissolved Hg(ll) and Hg-
DOM to increase the
adsorption. Elemental S may
react differently than
dithiocarbamate compounds.

The effect of the amount and
form of sulfur on adsorbent on
the removal of selected Hg
species needs to be determined
to design better sorbents.

Hg hydrophobicity in

produced water.
Hydrocarbons in produced
water can lead to
hydrophobic Hg species.

Hydrophobic Hg species are
likely to be associated with the
dispersed oil phase (micro
emulsions), which could be
difficult to remove by
adsorbents.

The effect of Hg speciation
(hydrophobicity) on its
removal from produced water
has never been assessed.

These knowledge gaps lead to several important questions concerning the fate of Hg in

soil and its removal from produced water and wastewater:

How does Hg speciation impact its transport in unsaturated porous media? How do water

chemistry and porous media composition affect the mobility of different Hg species

under unsaturated porous media?

How does the speciation of the most relevant Hg species (e.g., Hg-DOM, HgS

nanoparticles) in aquatic systems impact its removal from water? How do the adsorbent

properties and water chemistry affect the removal of those Hg species? (Possible effects

of variables on Hg species are listed in Table 1)
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What are the speciation and distribution of Hg in produced water from oil extraction?

How does produced water composition influence the Hg speciation?

How does Hg speciation affect its removal from produced water? (Possible effect of Hg

speciation on its removal from produced water is listed in Table 1)

By answering these questions we will better understand the transport and removal of Hg

species in soil and water.

1.2 Research Objectives

The overreaching objective of this research was to better understand how Hg speciation
and water quality parameters affect Hg fate and removal in natural and engineered systems, with
particular focus on systems relevant to the petroleum industry. Three studies were aimed at
assessing the impacts of Hg speciation on 1) its transport in porous media, and 2) removal from

water streams including petroleum produced water.

Objective 1. Understand how Hg speciation, porous medium properties and water
chemistry affects Hg transport in unsaturated soils. The mobility of four important model Hg
species in a model unsaturated porous medium and soils was assessed using column
breakthrough experiments. Hg species included dissolved Hg(ll) species, Hg-DOM, HgS
nanoparticles, and elemental Hg. Porous medium included well-characterized sands and a real
soil. The influence of ionic strength and background DOM in solution was systematically
evaluated. Finally, the impact of the porous medium grain size distribution was assessed. These
studies showed that Hg speciation is indeed an import factor affecting their transport in an

unsaturated porous medium such as a surface soil.
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Objective 2. Evaluate the impact of Hg speciation, adsorbent type and water chemistry
on the removal of Hg species from water. The removal of Hg(ll), Hg-DOM and HgS
nanoparticles from water was measured in batch experiments using commercially available
sorbents. The adsorbent types included activated carbon, sulfur impregnated activated carbon
and sulfur impregnated organoclay. The effects of ionic strength, ionic composition and the
presence of DOM on the removal of Hg species were determined. Hg X-ray absorption
spectroscopy was used to evaluate the Hg speciation on the adsorbents. These studies showed
that Hg speciation impacts its removal differently dependent on adsorbent type and water

chemistry, and that the speciation of Hg on the sorbent is affected by the sorbent properties.

Objective 3. Determine the Hg speciation in produced water and assess the influence of
Hg speciation on its removal from produced water. The Hg speciation in produced water
samples from an oil well was determined by serial filtration and solid phase extraction
experiments. Different Hg species were added to the produced water to study the influence of the
produced water hydrocarbons on the speciation of Hg. Removal experiments for added Hg
species were conducted to determine how Hg hydrophobicity affects its removal from produced

water.

This study, for the first time, systematically evaluated the effect of Hg speciation on its
transport in unsaturated porous media including natural soils, and on its removal from water
using adsorbents. In this study, pH was fixed at 7.5 in the experiments in chapter 2 and 3
(objective 1 and 2), because the neutral pH fell in the range of reported values for mature landfill
leachates™™® and produced waters®™, and this pH also matched the values measured for the
produced water samples studied in chapter 4 (objective 3). Evaluation of removal efficiency in

treated produced waters provides, for the first time, valuable insights into the mechanisms of

12



removal of Hg species present in produced water, and helps to identify the removal technologies
for final polishing of these waters prior to disposition or reuse. The present work also provides a
better understanding of how various representative Hg species respond to the selected
environmental systems, and provides insights into optimizing the process steps that may be used

to meet treatment requirements as a function of the upstream operating conditions.
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Chapter 2. Mobility of Four Common Mercury Species in Model and Natural Unsaturated

Soils

2.1 Abstract

Mercury (Hg) occurs as a myriad of species in environmental media, each with different
physicochemical properties. The influence of Hg speciation on its transport in unsaturated soils is
not well studied. Transport of four Hg species (dissolved inorganic Hg (II) species, a prepared
Hg(II)-Dissolved Organic Matter (DOM) complex, Hg(0), and HgS nanoparticles) was measured
in sand and soil packed columns with partial water saturation under simulated rainfall (low ionic
strength solution without DOM) and landfill leachate (high DOM content and high ionic
strength) influent conditions. The Hg(II)-DOM species had the highest mobility among the four
Hg species evaluated, and HgS particles (~230 nm hydrodynamic diameter) had the poorest
mobility, for all soil and influent conditions tested. The addition of 2 wt% clay particles to sand
greatly retarded the transport of all Hg species, especially under simulated rainfall. DOM in the
column influent facilitated the transport of all four Hg species in model and natural soils. For
simulated rainfall, the transport trends observed in model sands were consistent with those
measured in a sandy soil, except that the mobility of dissolved inorganic Hg(Il) species was
significantly lower in natural soils. For simulated rainfall, Hg transport was negligible in a high
organic content (~3.72 wt%) soil for all species except Hg-DOM. This work suggests that the
Hg-DOM species presents the greatest potential for vertical migration to groundwater, especially

with DOM in the influent solution.

23



2.2 Introduction

Mercury (Hg) is one of the most toxic heavy metals in humanst! and ecological
receptors'?. Anthropogenic activities produce various forms of gaseous Hg (~80%-90%) and
particulate Hg (~10%)! ¥ that are released into air but ultimately find their way into terrestrial
and aquatic systems™. In soils and subaquatic sediment, Hg can be present as or form various
inorganic and organic complexes®*?, the distribution of which will depend on parameters such
as available ligands, pH, Ep, and time. This distribution of Hg species ultimately affects the
bioavailability and toxicity of Hg!*” and likely influences the mobility of Hg in unsaturated soils,

which dictates the potential for groundwater impact.

Based on reported equilibrium constants for Hg ligands and the typical concentrations of
Hg(11) and ligands in environmental systems, Hg(l1) is most likely to form complexes with S?,
OH’, CI" and S-containing functional groups of organic ligandsi***". Revis et al.*® suggested
that ~85% of Hg present in the floodplain soils of East Fork Poplar Creek (Oak Ridge,
Tennessee, USA) is present as mercuric sulfide (HgS) as a consequence of sulfate reduction in
the soils. Studies™ 2% using soil from the site bolstered the argument that Hg has been
transformed to HgS by correlating the total Hg and sulfur concentration. The mercury-sulfide
minerals cinnabar (a-HgS) and metacinnabar (B-HgS) are the primary species in Hg and gold
mining waste rocks and calcines®® 2. In addition to inorganic ligands, Hg(11) has high affinity
for metal-binding groups associated with natural organic matter (NOM)™® 24281 Both laboratory
and modeling studies indicated that in some lakes more than 90% of inorganic Hg may be bound
with dissolved organic matter (DOM)® ** 27 Therefore, HgS and Hg-DOM are good surrogate

species for mobility testing in soils.
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Hg in landfill leachate is one potential source of Hg into the environment, especially for
unlined landfills. Hg is associated with both the solid phase (680-750 ng/g) and the liquid phase
(260-300 ng/L) of landfill leachate!?®. Landfill leachate commonly contains high concentrations
of sulfide and DOM, so the dominant Hg species in leachate can be assumed to be HgS and Hg-
DOM. It is likely that some or all of the HgS is present as metacinnabar nanoparticles’®**%. In
the presence of DOM, HgS nanoparticles forming from solution may be stabilized against
aggregation®. Particle growth was shown to stop at 1-5 nm in diameter and aggregates were
stabilized at sizes on the order of 20-200 nm[?*3% 33 with DOM present. Dissolution of HgS
nanoparticles could also be promoted by DOM interaction with the HgS nanoparticle surfacel**
%1 In an anoxic environment, elemental Hg(0) can also be produced as a result of Hg(ll)
reduction by humic acids®® or by microorganisms with metal reduction capabilities!*”). However,

it has been shown that ionic Hg is the dominant Hg form in typical landfill leachate!?®!,

The relative transport of Hg in a porous medium has been proposed based on size
classification: particulate (> 1 um), colloidal (1 nm — 1 pm) and dissolved forms (< 1 nm) of
Hg™®. In a porous medium, it was postulated that transport of dissolved Hg species would be
limited due to adsorption to solids and transport of particulate Hg species would also be limited
due to filtration of large particles (>>1 um). This suggests that colloidal (nanoparticulate) forms
of Hg may be the most mobile species in a porous medium, and that conditions that favor colloid
(nanoparticle) transport may also favor Hg transport. Previous laboratory column studies using
mine tailings from a Hg mine in Central California showed that cinnabar and metacinnabar
nanoparticles were the dominant mobile Hg forms in in those tailings®" 2. In addition to HgS
colloids, it has been suggested that Hg(lI1) associated with colloidal material is a mechanism for

mobilization of Hg in watersheds®®*. In a recent study, Zhu et al.*? showed that kaolinite,
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used as a model environmental colloid, enhanced Hg transport in saturated porous media. The
presence of low molecular weight organic acids can further enhance colloidal transport of Hg
because the organic compounds can strongly adsorb to colloid surfaces!*!, enhancing mineral
dissolution!* and inhibiting particle deposition by altering the surface properties of the released
colloids*”. Slowey et al.*®! found that organic acids produced by plants promoted the transport

of colloid-associated Hg from mine tailings piles.

These prior works suggest that high DOM concentrations may facilitate the transport of
Hg species in a porous medium, but that the degree of enhancement will depend on the Hg
speciation as well as the presence and mobility of clay in the porous medium. However, little
fundamental information exists about the influence of Hg speciation on its transport in porous
media, especially under extreme solution conditions (e.g., landfill leachate containing high ionic
strength and high DOM). In this study, the mobility of four environmentally relevant Hg species
in four types of unsaturated porous media was evaluated in column experiments. Hg species
studied included B-HgS nanoparticles, dissolved inorganic Hg(ll) species (denoted as Hg(l1)*),
Hg-DOM, and dispersed Hg(0) colloid-sized droplets. Transport was systematically evaluated
for simulated rainfall, i.e., low ionic strength and no DOM, and for simulated landfill leachate,
i.e., high ionic strength and high DOM. We hypothesize that Hg transport will be highly
dependent on speciation, with particulate Hg species being generally less mobile than dissolved
species under unsaturated flow conditions. We also hypothesize that the presence of fine

particles (silt and clay sized particles) in sands and in natural soils will limit Hg transport.
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2.3 Materials and Methods

Mercuric chloride (ACS grade), mercuric nitrate (ACS grade), Na,S, Sodium 4-(2-
hydroxyethyl)piperazine-1-ethanesulfonate (HEPES), and humic acid sodium salt were
purchased from Sigma-Aldrich. NaCl was obtained from Fisher Scientific. Cysteine (98%) was
obtained from Alfa Aesar. An Hg standard solution (1 ppm, Brooks Rand Labs) was used for
calibration. Bromine monochloride, hydroxylamine and stannous chloride were purchased from
Brooks Rand Labs and were used according to EPA method 1631. Commercially available sand
(Unimin #50 sand) with sieve size fractions between 0.074 mm and 0.3 mm, and kaolin clay (MP
biomedicals) was used as packing material in the column experiments. Both sand and clay
particles were washed with 1 N nitric acid to remove impurities, followed with multiple DI water
(ultrapure Milli-Q water) rinses to remove residual acid before use. Trace metal grade
hydrochloride acid and nitric acid were used to digest column effluent samples and column

solids prior to Hg analysis.

Transport was also evaluated in two natural samples. One sample collected from
Alameda Point, CA contained approximately 79 wt% sand (>50 um), 7 wt% silt (2 pm<x<50 pm)
and 14 wt% clay sized particles (<2 pm), based on their sedimentation rate in a water column.
The pH of this material in DI water was 8.5. Total organic carbon (TOC) was determined by a
commercial lab (Test America, Pittsburgh, PA) and was below the detection limit of 0.009 wt%.
Therefore, this material represents a low TOC sandy porous medium. An organic-rich soil
sample was collected in Pittsburgh, PA. This soil was washed with DI water ~10 times to remove
the Hg present in the samples prior to addition of any Hg species as measured by EPA method
1631. DI water rinsing was used rather than chemical treatments to maintain the original

characteristics of the soil (e.g., organic content). Total Hg was measured on all soil/sand samples.
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No detectable Hg was found so they were not rinsed. The washed soil was air-dried in a fume
hood for a week. Particles larger than 1mm were removed. The air-dried soil was gently ground
and the fraction between 0.3 mm to 1 mm was collected. The composition of this soil was 25 wt%
sand, 50 wt% silt and 25 wt% clay. The pH of this soil in DI water was 7.6, and the TOC was

determined to be 6.2 wt%. This represents a high organic soil.

2.3.1 Hg(11)* and Hg-DOM Stock Solution Preparations

Dissolved inorganic Hg(ll) (denoted as Hg(ll)*) stock solution was prepared by
dissolving HgCl; in DI water to yield 0.1 mM Hg. The solution was acidified to pH=1.9 with 1 N
nitric acid to prevent formation of less soluble Hg species such as Hg(OH), or Hg,Cl,O. A Hg-
DOM stock was prepared by mixing a humic acid (HA) stock solution and a Hg(ll)* stock
solution. HA stock solution was prepared by dissolving 500 mg HA sodium salt in 1 L DI water
in a foil-wrapped glass bottle. The mixture was allowed to sit quiescently for a month and the top
500 mL of the solution was filtered through a 0.2 filter and used as the HA stock solution (181
mg carbon per liter) as determined by TOC analysis (O-1-Analytical Model 1010 Total Organic
Carbon Analyzer). A 200 pL aliquot of the Hg(Il)* stock solution and 1 mL of the HA stock
solution were mixed in a centrifuge filter tube (3KDa MWCO). The mixture was then
centrifuged at 5000 rpm for 15 min. The solution that was retained on the 3kDA MWCO filter
was washed by adding DI water and centrifuging repeatedly until the Hg concentration of the
filtrate was equivalent to the DI water, i.e., background. Washed retentate was collected from
several filters using the same procedure, composited, and used as the Hg-DOM stock solution for

transport studies. The Hg concentration in the Hg-DOM stock was measured as 9.4 mg/L.

28



2.3.2 Hg(0) Stock Solution Preparation

A Hg(0) stock solution was prepared by first adding a small droplet (~20 uL) of liquid
elemental Hg into 100 mL N, purged DI water, then the mixture was sonicated for 5 min using a
probe sonicator and allowed to settled over night. The upper solution was collected and used as
the Hg(0) stock solution. The Hg(0) concentration of the stock was measured by diluting into N-
purged DI water and directly purging Hg(0) to the Hg analyzer (Brooks-Rand Model MERX).
To avoid artifacts from oxidation, the Hg(0) stock solution was used in column experiments
immediately after its preparation. Several Hg(0) stock solutions were prepared during the study,
having an average concentration of 15.1 £ 0.9 mg/L. The total Hg concentration in the stock
solution was also measured to determine if a significant fraction of the Hg(0) was oxidized in the
preparation process. The total Hg concentration was always ~10% higher than the Hg(0)
concentration. The excess Hg was considered to be oxidized to Hg(ll) species. We also
calculated both Hg(0) and total Hg concentration in the column experiment effluent immediately
after each fraction was collected, and the results showed the same trend. Thus, significant
oxidation of elemental Hg(0) during the column experiments was not observed. The
hydrodynamic diameter and electrophoretic mobility of the Hg(0) fine droplets in 5 mM NaCl at
pH=7.5 were determined by time-resolved dynamic light scattering (DLS) (ALV, Germany) and

Zetasizer Nano ZS (Malvern, UK), respectively.
2.3.3 HgS Nanoparticle Synthesis

HgS nanoparticles were synthesized in aqueous solution using a previously published
method®Y. All stock solutions were prepared using filtered (<0.2 pm) DI water. The Hg stock

solution was prepared by dissolving HgCl, or Hg(NO3), in 0.1 N HCI solutions to provide a 10
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mM total Hg solution. The sulfide stock solution was prepared by dissolving Na,S in N, purged
DI water. A cysteine stock solution (5 mM) and HEPES buffer (40 mM, pH 7.5) solution were
also prepared in N, purged DI water. The HgS nanoparticle synthesis was conducted in an
anaerobic glovebox to prevent oxidation of the experimental sulfide solutions. For the synthesis
of HgS nanoparticles, an aliquot of the cysteine stock solution was added into 0.2 um filtered
HEPES buffer (40 mM, pH 7.5) to give a 200 uM cysteine solution. An aliquot of the Hg stock
solution was then added to provide an initial Hg(ll) concentration of 100 uM. The B-HgS
nanoparticle precipitation was then initiated by adding S(-I) (equimolar to Hg(ll)) to the
solution, and allowing it to react quiescently for two days. The precipitated HgS nanoparticles
were centrifuged, washed with DI water three times, and then used as the HgS nanoparticle stock
suspension (26.5 mg Hg/L) for column studies. The hydrodynamic diameter of the HgS
nanoparticles and the stability of the particles against aggregation in the different column
influent solutions were measured using DLS. The electrophoretic mobility of HgS nanoparticles

was measured in 5 mM NaCl at pH=7.5.

2.3.4 Column Breakthrough Experiments

Transport of Hg(11)*, Hg-DOM, Hg(0) and HgS nanoparticles was evaluated in 9 cm x
2.5 cm glass columns (Ace Glass, Vineland, New Jersey). Porous media included the Unimin
sand, Unimin sand amended with 2 wt% kaolin clay, and two natural soils (described above).
The soil from Alameda Point was gently ground and sieved, and the particle aggregates with
sieve size fractions between 0.074 mm and 0.3 mm was used for the column study. The 0.3 mm
to 1 mm size fraction of the organic rich soil contained a higher fraction of silt and clay particles
that made the column impermeable to flow. To provide a hydraulic conductivity similar to the
sand and the Alameda Point soil (based on observed flow rate for the same inlet pressure), a
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fraction of the larger minerals (>1 mm) initially removed from the soil were ground, and the 0.3
mm to 1 mm size fraction was acid washed and rinsed with DI water, and then added to the soil
with a weight ratio of 2:3. Assuming that this mineral fraction was very low in organic content,
the TOC for the packed soil is ~3.72 wt%. These two soil types were selected to represent the

typical sites of interest to oil companies, sandy (low TOC) sites and equatorial (high TOC) sites.

Column transport studies used two influent solutions to determine the mobility of Hg
species in these media. One solution representing rain water had a low ionic strength and
contained no DOM. This solution was prepared by dissolving 0.005 mol NaCl in 1 L DI water
and adjusting the solution pH to 7.5 with NaHCOj3. The second solution was a high ionic strength
high DOM concentration solution designed to mimic a mature landfill leachate. Landfill leachate
composition varies greatly depending on many factors (e.g., age of the landfill, waste type,
seasonal weather variation)**® and the organic matter such as humic substances becomes
dominant in mature landfill leachates®™. The simulated leachate solution was prepared by
dissolving NaCl and humic acid in DI water to obtain an initial concentration of 200 mM NacCl
and 500 mg/L HA. The humic acid used here was from Sigma-Aldrich and may not represent
every DOM type in real leachates. The stock solution was then filtered through a 0.2 pm filter
and the pH was adjusted to 7.5 by 0.01 N HCI and 0.01 N NaOH as needed. Over a 4 month
period, the stock solution was stored quiescently in the dark and the pH was regularly adjusted to
7.5 by adding 0.01 N HCl and 0.01 N NaOH as needed. After confirming that the pH of the stock
solution was stable at 7.5, the upper 800 mL of the stock solution was used as influent solution.

The DOM concentration was 147 mg carbon per L determined by TOC analysis.

The columns were wet-packed with the sand, sand-clay mixture, or natural media. The

soil bulk density, hydraulic conductivity and porosity of porous media were determined under
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saturated condition. The columns were then drained to create an unsaturated porous medium.
Solutions were introduced at the top of the columns using a piston pump (FMI, Syosset, NY),
effluent was collected from the bottom of the column. The flow rate was set to maintain partially
saturated conditions in the column. A 5 mM NacCl solution was flowed through the column to
equilibrate the solids and solution in the column, and to attain a stable degree of water saturation.
After confirming that the unsaturated column conditions were maintained at the desired water
saturation and flow rate, a tracer test using 20 mM NaCl and an in-line conductivity detector was
conducted to determine the effective porosity, average linear velocity of the water, and
dispersion in the column (Table 2 and Figure Al). The similar hydraulic conductivity,
breakthrough curves, and coefficient of hydrodynamic dispersion suggest no significant
difference of water distributions among the column media. The properties of the unsaturated

porous media are summarized in Table 2.

Table 2. Measured Properties of the Unsaturated Porous Media Used in this Study.

Column | p, K? n D, Uy n,
medium Soil Hydraulic Porosity Coefficient of | Average Effective
bulk conductivity | (Degree of | hydrodynamic | linear porosity
density | (cm/s) water dispersion velocity
(glcm?) saturation) | (cm?/s) (cm/s)
#50Sand 1.45 0.0082 0.32(0.85) 0.001 0.0046 0.27
#50Sand + 1.40 0.0075 0.34(0.91) 0.003 0.0041 0.31
Clay
Low TOC 1.55 0.0026 0.32(0.90) 0.001 0.0043 0.29
natural
medium
High TOC 1.12 0.0011 0.41(0.94) 0.006 0.0033 0.38
natural
medium
@ Measured at 20°C.
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Prior to adding the Hg species, each column was equilibrated with the influent solution
that would be used for that test. An equilibration time of over a month was needed for both of the
natural media packed columns to provide a stable column flow, degree of saturation, and absence
of particles in the column effluent prior to adding the Hg species. After equilibration, the top
layer of column media (1 cm) was homogeneously mixed with Hg species under investigation. In
each case, a total Hg concentration of 0.43 pg/g was added to simulate the Hg background
concentration in a landfill’®®. The appropriate influent solution was then flowed through the
column at a rate of 0.37 mL/min. The flow was continued until breakthrough of Hg was observed
and the effluent concentration had returned to baseline (11 pore volumes), or for 11 to 15 pore
volumes for cases where no Hg breakthrough was observed. The effluent Hg concentration was
measured every 0.1 pore volume for the first 2 pore volumes, every 0.2 pore volume for the
following 3 pore volumes, and every 0.5 pore volume for the effluent after 5 pore volumes. The
breakthrough experiments were conducted in duplicate for all Hg species and under all column
conditions using the model sands, and were duplicated for the Hg(I1)* species under all column
conditions in the natural media. Reproducibility was good, with the deviation of breakthrough
percentage for all Hg species less than 4%.

Total Hg in the column effluent was quantified using cold vapor atomic fluorescence
spectroscopy (CVAFS) according to EPA Method 1631. For HgS nanoparticles and for Hg-
DOM, effluent samples were first digested with aqua regia before analysis. For Hg(0), the
sample was directly purged into the analyzer for measurement of Hg(0). Hg breakthrough curves
were plotted to evaluate the mobility of Hg species. Hg deposition profiles were also measured

as described below.
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2.3.5 Hg Deposition Profiles

At the end of each column experiment, 1-cm layers of column medium was sampled,
digested and measured for total Hg. This provides an estimate of Hg transport even if no
measurable Hg breakthrough is observed. It also provides an ability to calculate a total Hg mass
balance (retained Hg plus effluent Hg) in each experiment. Each column was divided into nine 1-
cm long segments. The material from each layer was removed from the column and digested
using 40 mL aqua regia overnight in glass vials, and the digestate was analyzed for total Hg. The
background Hg concentrations for sand, sand-clay mixture, and natural soils were also measured
by digesting the column material without loading Hg species. For Hg(0) species, the Hg(0)
concentration was assumed to be 0.9 of the total Hg concentration after subtracting the
background Hg concentrations of the porous medium. The overall recoveries of total Hg ranged

from 85% to 106% for all experiments.
2.3.6 Hg Deposition Rate

Deposition (retention) rate is a quantitative indicator that can be used to compare the
transport behavior for each Hg species under the different conditions tested. The deposition rate
was calculated using two methods. First, the overall deposition rate (denoted as Kg overanr) under

each column condition was calculated from Hg breakthrough data using equation 2.1

Kaoverait = — é In [Nio fotf C(t)dt] (eqn 2.1)

where kg overant (Min™) is the deposition rate coefficient, t, (min) is the average travel time, tr (min)
is the time at which Hg species have been completely washed out of the column, g (mL/min) is
the volumetric flow rate, Ny is the total Hg injected (g), and C(t) is the Hg in effluent solution at

time point t (ug /L). For some Hg species a significant fraction of the Hg remained in the top 1-
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cm of the column where it was added. Due to this heterogeneity for some of the Hg species, the
overall deposition rate calculated from eqgn 1 will overestimate the deposition rate of the mobile
fraction of Hg. Therefore, a deposition rate for the mobile species was also calculated from the

deposition profiles using egn 2.2,

— &
L= " ln(co) (egn 2.2)

where, L (cm) is the maximum travel distance, v, (cm/min) is the pore water velocity calculated

using eqgn 2.3,

v, = — (eqn 2.3)

NeA

where, n. is effective porosity, which is calculated by multiplying the porosity of the column
with the degree of water saturation. A (cm?) is cross section area. In eqn 2, C/Cy is calculated
from a Hg mass balance for each column subsection up to the section of the column where Hg
was higher than background. Cy was the mobile Hg concentration determined from the difference
in mass of Hg in the upper layer at the end of the experiment compared to what was initially
emplaced in the top layer of the column (Figure A2). The slope of a plot of In(C/Cy) vs. L yields
ke* (Figure A3), the inverse of the deposition rate coefficient (eqn 2). This deposition rate
applies only to the mobile fraction of Hg (denoted as Kq mobite). VWe report both Kg overann @and Kg mobite
because they provide a range of estimates of the mobility of these Hg species present in soils at
the concentrations evaluated. Kqoverann represents the upper bound estimate, while Kq mobite presents

the most conservative (lower bound) estimate of deposition of a mass of Hg added to the system.
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2.4 Results and Discussion
2.4.1 Speciation of Dissolved Inorganic Hg(ll) Species

The dissolved Hg(ll) speciation under the two influent solution conditions was calculated
using Visual MINTEQ ver. 3.0 (Figures A4 and A5). The results suggest that dissolved Hg(ll) is
mainly a mixture of HgCIOHg (47%), HYClong) (39%) and HQ(OH)z@g (11%) under the
simulated rain water condition. In simulated leachate the added Hg(ll) is calculated to be

predominantly complexed with DOM (> 99%).
2.4.2 Prepared Hg-DOM Characteristics

For the specifically prepared Hg-DOM sample, the Hg to DOM molar ratio for the Hg-
DOM stock was calculated by determining the Hg concentration and the DOM concentration in
the washed Hg-DOM sample. The calculated Hg to DOM molar ratio was 0.00007+0.00001 mol
Hg/mol C. The sulfur to carbon molar ratio in the HA is estimated to be in the range of 0.0056:1
to 0.024:1 based on previous reports®®®®. Assuming this C:S ratio, The ratio of Hg to S in the
Hg-DOM ranged from 0.0029:1 to 0.0125:1. Due to the high affinity of Hg(I1) for S(-11) in DOM,
it is likely that Hg in the Hg-DOM stock is primarily bound with DOM through reduced sulfur

groups.
2.4.3 Prepared Hg(0) Characteristics

The size and charge of dispersed Hg(0) species were determined in the water containing 5
mM NaCl at pH=7.5. The hydrodynamic diameter of Hg(0) droplets was measured by DLS as

488 + 88 nm. The electrophoretic mobility of Hg(0) was -1.46 + 0.08 um cm/Vs.

36



2.4.4 HgS Nanoparticle Characteristics

The size, charge, and aggregation state of HgS nanoparticles can affect their transport
behavior. Synthesized HgS nanoparticles were polydisperse with a mean hydrodynamic diameter
of ~230 nm as measured by DLS in water containing 5 mM NaCl at pH=7.5 (Figure A6). Under
the same solution conditions, the electrophoretic mobility of HgS nanoparticles was -1.10 + 0.11
pm cm/Vs. The hydrodynamic diameter of the HgS particles was also determined by DLS in the
two column influent solutions. The measured hydrodynamic diameter did not significantly
increase in the presence of 5 mM Nacl, or in the presence of 200 mM NaCl plus 147 mg carbon
per L DOM, suggesting that the solution conditions did not promote aggregation of the particles
(Figure A7). The absence of aggregation at 200 mM NaCl suggests that the organic carbon added

may sterically stabilize the HgS nanoparticles*4,
2.4.5 Hg Transport in Unsaturated Porous Media

The mobility of four Hg species was first evaluated in a simple well sorted sand column
using the simulated rainfall influent solution. The breakthrough curves and deposition profiles
for each Hg species under these conditions are shown in Figure 2.1a and 2.1b, respectively. The
breakthrough curves indicate that the speciation of Hg affects Hg transport in the column under
simulated rainfall conditions. Transport of the two soluble Hg species, Hg(l1)* and Hg-DOM,
showed similar breakthrough behavior with much of the mobile fraction being eluted in less than
2.5 pore volumes. More Hg(I1)* eluted (39%) compared to Hg-DOM (25%) (Figure 2.1a). This
suggests greater adsorption of Hg-DOM to the clean (acid washed) sand surfaces than Hg(ll)*.
The Hg deposition profiles are consistent with this assertion (Figure 2.1b). Hg(I1)* was relatively

evenly distributed throughout the column solids whereas the Hg-DOM showed an approximately
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exponential decrease from the column inlet to the column outlet. The relatively low adsorption of
Hg(l)* to the model sand suggests a deficient number of surface hydroxide sites favorable for

adsorption. These sites are removed through acid-washing the sand®?.,
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Figure 2.1. Breakthrough curves (a) and deposition profiles (b) for the four different Hg species
in the unsaturated sand column. Column size: 9 cm x 2.5 cm; medium: #50 Unimin
sand; Pore volume: 22.4 + 1.8 mL; Influent solution: 5 mM NaCl, pH 7.5. Lines are
not models fits of data. They are only meant to guide the eye. Horizontal Error bars
are the standard deviation of measured Hg concentration. Breakthrough curves for

all of the other media used are provided in supporting information.

Hg(0) was present in the sample as colloidal droplets and was also found to be mobile
under these influent conditions, with about 25% of the total Hg(0) being eluted from the column.
However, it took more than 5 pore volumes for the Hg(0) to move through the column,

indicating greater holdup within the column compared to Hg(I1)* and Hg-DOM species. In sharp
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contrast, the HgS nanoparticles were relatively immobile. Only about 1% of HgS nanoparticles
were collected in the column effluent after 11 pore volumes. The column deposition profiles
indicate that much of the particulate Hg species, Hg(0) and HgS nanoparticles, remained in the
top 1-cm of the column where they were emplaced. This suggests very limited transport for a
significant fraction of these particulate Hg species. Since our prepared HgS nanoparticles were
polydisperse with an average hydrodynamic diameter around 230 nm, it is possible that the
largest particles are strained or filtered by the sand, but a small fraction of the HgS particles were
mobile. It is also likely that some of the nanoparticles were captured by the air-water interfacel®®
1 The number of particles eluted was too low to measure by DLS so the particle size

distribution of the eluted particles could not be determined.

The second set of transport experiments used simulated landfill leachate. The initial
mobilization and subsequent deposition of soluble and particulate Hg species may be affected
differently by high ionic strength and presence of DOM. For example, dissolved Hg can become

strongly associated with DOM via -S and -O functional groups on the organic mattert'® 17

%] and organic acids can favor the transport of HgS nanoparticles*®!. However, high ionic
strength may promote attachment of the nanoparticles to the porous medium, thereby limiting
transport.

Using simulated leachate as influent water greatly increased the mobility of all four of the
Hg species tested (Figure 2.2a). In all cases except HgS nanoparticles, >88% of the mass of the
Hg species was eluted from the sand column under these conditions. For HgS nanoparticles the
presence of high DOM increased elution to 12% from only 0.4% without DOM. The HgS

nanoparticles were not aggregated in the 200 mM NaCl + 147 mg carbon per L DOM influent

solution (Figure A7), so the dissolved organic matter may have coated the sand surfaces and
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prevented deposition of HgS nanoparticles on the sand. This is most likely a result of steric
repulsions between the DOM coated HgS particles and the DOM-coated sand surfaces given that
the high ionic strength of the solution (200 mM) limits electrostatic repulsive forces®®!. The
increased Hg(l1)* transport is due to its complexation with the added DOM. It was expected that
the prepared Hg-DOM species should behave the same as Hg(l1)* in the presence of high DOM
concentration. This appears to be the case as both Hg(Il)* and Hg-DOM species elute to a

similar degree (Figure 2.2a) and have nearly identical deposition profiles (Figure A8d).
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Figure 2.2. Fraction of mass of each Hg species transported through the 9cm x 2.5cm column in
each porous medium evaluated (a) Unimin sand; (b) Unimin sand + clay; (c) Low
TOC soil from Alameda point, CA; (d) High TOC soil from Pittsburgh, PA.
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The deposition profile in Figure A8d also shows that with DOM in the influent, HgS
nanoparticles can be detected in the lower layers of the column whereas HgS was practically
immobile without DOM in the influent solution (Figure A8b).

Most natural media are not uniform in size, but instead contain a clay-sized fraction that
can alter the pore space in the porous medium. The presence of only 2 wt% clay particles in sand
has been shown to significantly decrease the transport of iron nanoparticles through these
Unimin sands®®. When 2 wt% of kaolin clay was mixed with the #50 Unimin sand, the transport
of all of the Hg species in simulated rainwater was significantly decreased (Figure 2.2b-red bars)
compared to sand only (Figure 2.2a-red bars). The greatest effect of clay particles on Hg
transport was observed for the colloidal species, HgS and Hg(0). Addition of clay effectively
prevented transport of these species for up to 11 pore volumes of solution flowed through the
column. The deposition profiles show that nearly all of HgS nanoparticles remained in the top 1-
cm layer when clay particles were present. The presence of clay particles also significantly
hindered Hg(0) transport. Due to the relatively large particle size of the HgS nanoparticles
(hydrodynamic diameter of ~200 nm) and the Hg(0) droplets (hydrodynamic diameter of ~500
nm) and the angular shape of the porous medium grains, straining or retention of colloids in flow
stagnation zones are possible mechanisms of removal for these Hg species® . The deposition
profiles (Figure A9b) indicate that Hg(0) transport was retarded by the clay but it penetrated the
porous medium more than the HgS nanoparticles. The difference in behavior could be, in part, a
result of the density difference between liquid Hg(0) (13.5 g/cm®) and B-Hg$S (7.8 g/cm®), and in
part to the differences in structure. Hg(0) droplets do not have rigid crystal structure like HgS
nanoparticles. With the higher downward gravity-driven force and its liquid nature, Hg(0)

droplets are able to breakthrough through some porous structures that HgS cannot. Some
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breakthrough may also be attributed to dissolved Hg(0) species. The clay fines also significantly
decreased the transport of the soluble Hg species, Hg(l1)* and Hg-DOM, but less than for the
particulate Hg species (Figure 2.2). It also retarded the breakthrough time of Hg(Il)* (Figure
A9a). This lower transport suggests that these soluble Hg species are adsorbing to the high
surface area clay particles. At natural pH under the rain water condition, Hg(I1)* mainly exists as
HgCIOH and Hg(OH), (Figure A4), which can form XO-HgOH™ species with the surface
functional groups XOH (X = Al or Si) on the porous media particles[”]. This is consistent with
the deposition profiles (Figure A9b) that show higher mass of Hg in the column solids compared
to sand alone. Previous studies have demonstrated that clay particles have good adsorption
capacity for heavy metalst>""),

In simulated leachate solution the breakthrough of all Hg species was also decreased with
the addition of clay particles to the sand. However, the effect of clay particles was greater on the
particulate Hg species compared to the soluble Hg species (Figure 2.2a and 2.2b). The eluted
masses of HgS and Hg(0) species were decreased by more than 50% due to the presence of 2%
kaolinite clay. Despite the higher mobility of all Hg species in the sand-clay porous medium
using simulated leachate compared to simulated rain water, the character of the deposition
profiles for each Hg species are similar in both cases (Figure A9). The colloidal Hg species were
largely deposited in the top portion of the column, whereas the soluble Hg species were
deposited along the length of the column.

The transport of the four Hg species under simulated rainfall influent was measured in a
low TOC natural sandy porous medium (Alameda Point, CA). In this low TOC sandy soil, the
greatest transport was observed for Hg-DOM and the lowest transport was observed for HgS

nanoparticles (Figure 2.2c). This is consistent with observations in the model soils. Notable
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differences were the low elution of Hg(l1)* species in the natural soil compared to model soils,
and the relatively higher elution of Hg(0) species in the natural soil compared to model soils. The
sandy medium contains more fines compared with Unimin sand, and therefore has more surface
area available for adsorption of Hg(l1)* species. Deposition profiles are consistent with this
assertion and indicate that Hg(ll)* species are adsorbed to the soil particles in the top few
centimeters of the soil (Figure A10Db). It is also possible that organic matter and metal-binding
functional groups on the surfaces of the natural medium provide an affinity for the Hg(ll)*,
limiting its transport[78]. The transport of Hg(0) species was higher than expected based on the
results using model soils. Reasons for the greater than expected transport of Hg(0) species are
unclear.

The transport of all tested Hg species was increased in simulated landfill leachate
compared to simulated rain water (Figure 2.2c). Particularly for Hg(ll)*, the breakthrough
increased from 2% to 45%. In Figure Al10c, the breakthrough curve of Hg(I1)* shows that the
Hg(I)* was detected in the effluent fractions for five pore volumes. The deposited amount of
Hg(ID* in the top layers of the sandy medium was also significantly decreased compared with
rainwater influent (Figure A10d). These results suggest that complexation between Hg(l1)* ions
and DOM in this porous medium leads to a decreased attachment of Hg(ll)* onto the porous
medium particle surfaces, and subsequent increase in transport.

Hg transport through a soil with high TOC content was also evaluated to determine if the
trends in transport behavior observed in columns packed with model sands and low TOC content
soil also apply to high TOC soils. In simulated rainwater, only Hg-DOM showed detectable
breakthrough after 11 pore volumes (Figure 2.2d and Alla). Breakthrough of Hg-DOM was

lower than for the low organic soil, with a maximum concentration being about one order of
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magnitude lower than observed for the low TOC soil. The trend is consistent with the other
column conditions where Hg-DOM is the most mobile Hg species. The deposition data
demonstrated that all of the Hg species except Hg-DOM primarily remained in the top 1 cm of
the column (Figure Al11b). The results indicate that particulate Hg species (e.g., Hg(0) and HgS
nanoparticles) had very limited transport in this organic rich porous medium using simulated
rainwater. It also suggests that Hg(ll)* can be strongly associated with particle-associated
organic matter in this soil matrix!’®, likely through interaction between Hg(l1)* and reduced
organic S groups of the soil organic matter®.

In simulated landfill leachate, the mobility of Hg species was enhanced (Figure 2.2d).
The deposition of Hg species in the top layer of the column was also lower compared to the low
ionic strength influent solution (Figure Al1ld). The enhanced transport of Hg species indicates
that DOM facilitates the transport of all Hg species even in a high (particulate) TOC content soil,

as was observed with the model sands and low TOC natural medium.
2.4.6 Hg Removal Efficiency in Unsaturated Porous Media

Figure 2.3 shows a summary of the deposition rate coefficients for the mobile fraction of
Hg species (i.e., Kamonile). The deposition rate coefficients calculated from the breakthrough
curves (i.e., Kqoveran) and for the mobile fraction of the Hg species as measured from the
deposition profiles (i.e., Kqmobile) are also provided in Table Al. The kg mobile OF €ach Hg species
was decreased for simulated leachate compared to the simulated rainfall for all tested media,
indicating that the introduction of DOM facilitated the transport of Hg species in porous media
despite the higher ionic strength. In natural media, Hg-DOM has the lowest deposition rate
coefficient among the assessed Hg species, indicating that Hg-DOM will be more mobile than

the other Hg species. The high kg mebite OF Hg(I1)* ions in both natural media using simulated rain
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water suggests a limited transport of Hg(I1)* in natural media, as has been previously suggested™
"1 This analysis suggests that mobility of Hg species is quite low in natural soils; <<1m is
needed to remove 99.99% of the Hg for all species in the high TOC soil for any condition, and
only ~3 to 6 m is needed to remove the most mobile species (Hg-DOM) in the low TOC natural

soil, under rainfall and leachate conditions, respectively.
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Figure 2.3. Calculated deposition rate coefficients, kg mobile, fOr €ach of the Hg species in the four
types of unsaturated porous media evaluated: sand, sand + clay, low TOC soil, and
high TOC soil. Both influent water types are shown: simulated rainfalls are open
bars, simulated landfill leachate are closed bars. In all cases, the deposition rates

were lower in the simulated leachate compared to simulated rain water.
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The lower mobility in the high TOC soil compared to the low TOC soil could be from greater
deposition onto the particulate TOC in the soil, but may also be due to permeability differences
between the two soil types despite efforts to use similar particle sizes and to match flow rates

through the column.

2.5 Implications for Hg Transport and Risk

Overall, this study indicates that the speciation of Hg greatly affects its mobility in
partially water-saturated porous media. While Hg(l11)* shows a relatively high mobility in model
sands, its mobility is significantly lower in natural soils due to a high affinity for adsorbing
Hg(1l)*. Addition of clay particles to the model sands greatly retarded the transport of Hg species,
especially under low ionic strength and low DOM influent conditions that represent rainfall. The
clay particles in the medium are highly effective at retarding the transport of particulate Hg
species, but less effective on dissolved Hg species, especially with high DOM in the column
influent. Hg-DOM consistently has high transportability in model porous media and in natural
media, suggesting that this Hg species has the greatest potential mobility in the environment.
Synthesized 230 nm sized HgS nanoparticles show limited mobility in general, and was
consistently the least mobile compared with other Hg species tested here. The breakthrough
behavior and eluted mass for Hg(0) was distinct from the other Hg species, which may suggest
that a slow but continual transport of separate phase liquid elemental Hg(0) is possible in porous
media, or that dissolved elemental Hg(0) is being mobilized to some degree. This study
demonstrates that although Hg species transport differently through commercial sands and
natural media, the introduction of dissolved organic matter in the influent solution will increase
the mobility of all relevant Hg species in environmental media. The results also suggest that Hg-

DOM transport in well sorted sandy media with high dissolved organic matter flow through (e.qg.,
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landfill with mature leachate flow through) presents the greatest potential risk of vertical
migration.

While these studies were performed using well-characterized influent and porous media,
the findings here can be cautiously extended to inform mobility of Hg in different environment.
For example, in organic rich media with some clay-sized particle content (e.g., freshwater
wetland soils), poor mobility of Hg species is expected due to clay fines, and high TOC content
of the porous medium, even though considerable DOM is present. Similarly, limited transport of
Hg species are expected in coastal areas (e.g., coastal lagoon) because of the low DOM content
in sea water.

Importantly, these findings suggest that the speciation of Hg in a soil or sediment and the
permeability and organic content of the soil must be determined to assess the potential for
migration. Finally, it suggests that transformations of the Hg species (e.g., sulfidation to form -
HgS or complexation with organic matter) after its introduction to the environment may change

the mobility of the Hg over time.
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Chapter 3. Impact of Hg Speciation on its Removal from Water by Activated Carbon and

Organoclay

3.1 Abstract

Mercury exists as different species in water depending on the type of dissolved
constituents that are present. Each species has different properties and therefore Hg speciation is
expected to affect its removal by adsorbents. This study assessed the removal of selected
mercury species, including dissolved Hg(ll) species (denoted Hg(ll)*), Hg-dissolved organic
matter (DOM) complexes, and HgS nanoparticles, by activated carbon, sulfur-modified activated
carbon, and organoclay adsorbents. The effect of solution ionic strength, ionic composition, and
DOM content on the removal of each Hg species was also evaluated. The removal of Hg(I1)* and
HgS nanoparticles was reduced by adding DOM into the solution, and increasing ionic strength
decreased the removal of Hg(l)* species. On a surface area-normalized basis, the organoclay
removed all of the Hg species better than the activated carbon samples. However, organoclay
was more susceptible to fouling by NOM in the water. This indicates that using dissolved Hg(ll)
as a model species for assessing removal efficiency may not provide reliable estimates.
Therefore, both the expected Hg speciation and the water quality parameters (NOM content,
ionic strength, and ionic composition) need to be considered when designing sorbent based
emission controls to meet Hg removal. Hg X-ray absorption spectroscopy results indicate that the
surface of the organoclay is highly reactive with the adsorbed Hg species, resulting in the
formation of a B-HgS phase for adsorbed Hg-DOM. This study provides insights into the
mechanisms of removal of Hg-DOM, the most relevant Hg species due to the ubiquity of NOM

in environmental samples, for organoclay and activated carbons.
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3.2 Introduction

Wastewater from industrial processes may contain low concentrations of Hg. Depending
on the Hg concentrations, some Hg may need to be removed to comply with local regulations. A
range of Hg species can exist in environmental and wastewater streams, e.g., Hg(ll) bound to
dissolved organic matter (Hg-DOM), HgS nanoparticles™ . A number of physical and chemical
treatments are used or have been proposed to remove these Hg species from aqueous streams.
Removal processes include methods to remove particle-bound Hg (e.g., filtration) and to adsorb
dissolved Hg species, (e.g., powder activated carbon treatment, ion exchange, amalgamation,
chemical precipitation, electrodeposition, reverse osmosis, photochemical methods, flotation,
mechanical filtration, membrane separation, and selective liquid-liquid extraction)"*”. The
efficacy of any particular treatment process will likely depend on the speciation of Hg, the water
properties, and the sorbent properties, and is generally determined using a site-specific
treatability study. Improved understanding of the impact of Hg speciation and water chemistry
on its removal from water will help in making decisions about what types of sorbents to consider

for a desired removal.

After filtration to remove particulate Hg species, sorbents are often used to remove
remaining nanoparticulate and dissolved Hg from the water. Many different adsorbents have
been evaluated for their ability to remove specific mercury species from water. These include
experimental, higher cost, high affinity sorbents like Au nanoparticles®® or aluminum oxide
supported Au nanoparticles’?” that form Au-Hg amalgams(® 2*! and mesoporous silica materials
functionalized with 2,5-dimercapto-1,3,4-thiadiazole ligands with adsorption capacity above 1g
Hg/lg adsorbent™. Chelating fibers®®> 2% jon-exchange materials’??%, thiol-functionalized

materials®*4, activated carbons® **¥ and organoclay!®*4 have all been used to remove

56



dissolved inorganic Hg species from water. Although these experimental sorbents are interesting
to consider, low cost sorbents like activated carbon have also been shown to also be highly
effectivel®*Y. In this study, we focus on the behavior of three low cost and widely used sorbent

materials: activated carbon, sulfur-impregnated activated carbon, and organoclay.

Activated carbon is a porous material usually produced via carbonization of
carbonaceous material followed by either physical or chemical activation process*®). Because of
its high internal surface area and relatively low cost, activated carbon is widely used for the
removal of heavy metals and organic compounds from wastewater effluentst*®*®!. Sulfurization
of activated carbon was shown to be an effective way to enhance gaseous elemental Hg
adsorption onto activated carbons®® %%, Elemental sulfur in those materials can react with the
carbon surface to form disulfide, thiophene, sulfoxide and sulfone groups to increase the affinity
of activated carbon to aqueous phase mercuric ions®® *%. Enhanced aqueous mercury adsorption
was also observed for carbon disulfide treated activation carbon®®. Organoclays are an
engineered geosorbent with high affinity for metals. They are prepared by adsorption of organic
molecules onto the clays and have been used previously in in aqueous Hg adsorption studies!***.
Dithiocarbamate functional groups incorporated onto organoclay was shown to have a maximum
adsorption capacity of 158 mgg*for Hg(1)*). A 2-mercapto-5-amino-1,3,4-thiadiazole

modified organoclay also exhibited strong aqueous Hg(11) adsorption capacity™?.

The efficacy of sorbents for mercury removal from water is generally tested using
dissolved Hg”* species in deionized water, e.g., a test solution containing HgCl, or HgNOs.
However, in environmental media, dissolved Hg®* species are not likely to be the predominant
Hg species. Rather, Hg will form complexes with various ligands (e.g., HS", CI", SO,%, and

DOM)P4. Strong interaction between Hg®* and DOM are expected in aquatic systems because of
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the abundance of DOM in natural waters and the strong Hg(I1)-DOM binding constantst* %1,
Also, particulate Hg and particle-bound Hg forms are often detected in environmental samples™
%59 €0 Thijs includes nanoparticulate HgS species that may not be effectively removed by
filtration®. Each of these Hg species has different physicochemical properties, and therefore
their removal by commercial sorbents (especially activated carbon due to its relatively low cost)

can reasonably be expected to depend on this speciation.

A portion of mercury that may potentially be present in extracted crude oil and gas can
distribute to wastewater streams leaving separation units in production and refining operations
52 These wastewater streams often contain dissolved salts, with chloride salts of Na* and Ca**
being most abundant® 5. The ionic composition of water can affect the removal of Hg(11)* by

changing Hg speciation!®® ¢!

. It can also affect the behavior of nanoparticulate HgS species
through screening of electrostatic repulsions between particles and sorbents®”. Thus, the ionic
strength and ion types are also expected to play a role in the removal process for different Hg

species.

In this study, Hg removal experiments were conducted to assess the impacts of Hg
speciation on its removal by various sorbents with different water compositions. Dissolved
inorganic Hg(l1) species (Hg(11)*), Hg(11)-DOM, and HgS nanoparticles were selected as model
Hg species due to their prevalent use in efficacy testing or existence in aqueous environments
and wastewater streams % %8 The efficacy of three commercially available adsorbents for each
Hg species was determined in batch experiments. Sulfur-impregnated activated carbon was
compared with activated carbon without sulfur to evaluate the effect of additional sulfur on Hg
removal. Removal with activated carbon was also compared with organoclay. Organoclay is a

commercially available chemically-modified natural clay with high affinity for heavy metals[®
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"1 The presence of DOM, ionic strength and two abundant cations (Na* and Ca*) were also
compared. The present work provides a better understanding of how various representative Hg
species will respond to selected environmental parameters, and provides insight into optimizing
the Hg removal process steps needed to meet discharge requirements as a function of the

upstream operating conditions.
3.3 Materials and Methods
3.3.1 Characterization of Adsorbents

The removal efficiency of the three Hg species was measured using three commercially
available adsorbents. The adsorbents included activated carbon (D/S React-A, Calgon
Corporation, Pittsburgh, PA) (denoted as AC), sulfur-impregnated activated carbon (HGR, 4X10,
Calgon Corporation, Pittsburgh, PA) (denoted as CSC) and sulfur-impregnated organoclay (MR2,
CETCO Hoffman Estates, IL) (denoted as OC). Comparison across these sorbents allowed us to
assess the influence of sulfur impregnation on the performance of activated carbon and enables a

direct comparison of performance between organoclay and activated carbon sorbents.

To eliminate differences in performance due to mass transfer limitations, each adsorbent
was ground and dry sieved to create a size fraction between 74-150 um, which was used for the
adsorption experiments. The N,-BET surface area was measured using a Quantachrome Nova
2000¢ (Quantachrome Instruments, USA). The adsorbents (activated carbon, sulfur-impregnated
activated carbon and organoclay) were analyzed without further treatment other than heating to
60°C in an oven overnight to remove adsorbed water prior to the N,-BET measurement.
Depending on the specific surface area of the adsorbents, 100-200 mg adsorbent was weighed for

the analysis. Just before BET measurement, the samples were degassed at 200°C for 5 hours and
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then weighed again. Nitrogen adsorption and desorption experiments were conducted after the
samples were cooled to 25°C. Specific surface area was calculated by the multipoint BET
method, and pore volume was calculated by the BJH method. To qualitatively assess the phase of
sulfur present and to qualitatively assess differences in the carbon structure of the activated
carbon samples, X-ray diffraction (XRD) spectra of adsorbents were collected using a X’Pert Pro
MPD X-Ray Diffractometer (Panalytical) with Cu-Ko radiation (45kV, 20mA) in a scanning
range of 15°-90° 26. Elemental analysis was performed to determine the sulfur content of the
adsorbents. Electrophoretic mobility of the adsorbents was measured under solution conditions

matching the removal experiments using a Zetasizer Nano ZS (Malvern, UK).
3.3.2 Preparation and Characterization of Hg Species

We used dissolved inorganic Hg(ll) (denoted as Hg(l)*), Hg(ll)-DOM and HgS
nanoparticles as representative Hg species presenting different properties and, presumably,
different affinities for the sorbents. The preparation of Hg(ll)* and Hg(l1)-DOM stock solutions

was described previously!™

. Briefly, 0.1 mM Hg(ll)* stock was prepared by dissolving
Hg(NOs), in Millipore water. Hg(11)-DOM stock was prepared by saturating humic acid (HA)
(Sigma-Aldrich) solution with Hg(ll)* stock and equilibrating for several weeks. Then the
Hg(11)-DOM species was collected using a 3KDa filter. HgS nanoparticles were synthesized with
a microwave techniquel™. First, 16 mg of mercury acetate and 4 mg of thiourea were dissolved
in 50 mL Milli-Q ultrapure water and sealed in a Teflon container. The solution was heated using
a microwave digester (Mars 5, CEM Corporation) at 300 W for 10 minutes. After cooling, the
synthesized black particles were centrifuged, decanted, and re-suspended in Millipore water five
times to remove excess reagents. The particles were then suspended in Millipore water using a

probe sonicator and stored as a particle suspension at 4°C until use. Transmission electron
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microscopy (TEM) images of synthesized HgS nanoparticles were obtained using a H7100
Hitachi TEM microscope to estimate the average particle size. The hydrodynamic radius was
monitored using dynamic light scattering (DLS) (ALV, Germany). The particles remained stable
against aggregation for 10 hours with a ~150 rpm magnetic stirring under the solution conditions
used in the Hg removal experiments (described next). XRD measurement for HgS nanoparticles

was performed under the same condition as for adsorbents to analyze their crystal structure.
3.3.3 Hg Removal Experiments

The removal rate of each Hg species was determined in stirred (~150 rpm) Teflon
beakers. For each adsorbent, 2 £ 0.1 mg was added to 15mL of solution in Teflon beakers, and
the solution pH was adjusted to 7.5 + 0.05 using 0.1 N HCI or 0.1 N NaOH without added buffer.
The pH of each solution was also measured at the end of the experiment, and no significant
change of pH was observed. The adsorbent dispersion was placed under vacuum to saturate the
adsorbent pore spaces with water before adding the Hg species. This procedure helps to
homogenize the system with respect to available surface area for each sorbent, and facilitates
comparison between the sorbents. After saturating the sorbents with water, either 100 ppb
Hg(I1)*, 100 ppb Hg(I1)-DOM, or 100 ppb HgS nanoparticles were injected into the reactors.
These initial concentrations were selected to achieve approximately 50% removal based on
preliminary testing. This ensures that the final concentration of Hg in solution is measureable.
Aliquots were sampled at different time points over four hours. Four hour experiments were
selected based on the typical contact time of common powdered activated carbon processes!™..
Prior to analyzing the water for total Hg, the adsorbents were allowed to settle quiescently for 2
min at each sampling time point to separate unadsorbed Hg species (especially HgS

nanoparticles) from Hg species associated with adsorbents. The relatively large sorbent particles
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settled out readily. Hg(l)* species and Hg(l1)-DOM were directly measured in water samples
according to EPA method 1631 using a mercury analyzer (Brooks-Rand Model MERX). HgS

particles were digested using aqua regia over night before total Hg analysis.

Experimental solution conditions were used to look at the influence of i) ionic strength, ii)
the presence of dissolved organic matter and iii) the cation type, on the removal of Hg species.
Each condition was studied at two specific concentrations, resulting in six experimental solutions.
The salt concentrations, and presence and absence of DOM used in this study fall in the range of
salinity and DOM reported for wastewater or produced waters”™. The mercury speciation in
these solutions was modeled using Visual MINTEQ by assuming that equilibrium conditions
were reached. The Hg(I1)-DOM species was estimated by assuming Kpom = 1024 L kg™ at

neutral pH®®),

The Hg removal rate constants and mechanisms were evaluated by fitting the
experimental data of Hg loss vs. time using a pseudo second order kinetic model (equation 3.1).
The pseudo second order kinetic model often gives better fitting results compared with simpler
models such as first or second order models!’ because adsorbents rarely have a homogeneous

surface structure and diffusion effects and chemical reactions are usually inseparable!’”.

t 1 t
” = P + - (egn 3.1)

In egn 3.1, g: (mg/g) is the amount of Hg species adsorbed at time t (h), g. (mg/g) is the
amount of Hg species adsorbed at equilibrium, and k (g mg™ h™) is the pseudo second order
adsorption rate constant. The fitting results are shown in Table B1. Although the pseudo second
order models showed high correlation coefficients in this study and several other Hg removal

studies™ ™, it may be less valid in the case of HgS removal than the removal of the other two
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Hg species because heteroaggregation between adsorbent particles and HgS nanoparticles was
expected to be the main removal mechanism. Student-Newman-Keuls test was applied using

SAS software to compare the fitted values (k and ge) across each group.
3.3.4 X-ray Adsorption Spectroscopy (XAS) Experiments

XAS experiments were conducted to assess the speciation of Hg on adsorbents exposed to
Hg(I1)* and Hg-DOM solutions. To ensure sufficient Hg on the adsorbents for XAS analysis, Hg
was adsorbed to provide a concentration of ~500 ppm. The samples were prepared by the same
procedure described earlier, except that an initial Hg concentration of 6 mg/L and 100 mg
adsorbent was used. Duplicates for each Hg species-adsorbent combination were generated to
provide sufficient sample mass. To remove poorly bound Hg species, the Hg-loaded adsorbents
were centrifuged and re-suspended in Milli-Q ultrapure water five times. The washed adsorbents
were freeze-dried, and the Hg concentration on adsorbents was measured by digesting the
material with aqua regia and measuring the digestate with the Hg analyzer. The rest of the
freeze-dried sample was pressed into pellets, and sealed into Kapton tape. The Hg speciation was
determined using XAS at the Hg L(Il1) absorption edge (12,282 eV) on beamline 11-2 at the
Stanford Synchrotron Radiation Lightsource (SSRL). All measurements were conducted at liquid
nitrogen temperature (~77K) using a slow cooling method™ to identify elemental Hg if it existed
on the samples. Both transmission and fluorescence spectra were collected. Monochromator and
internal energy calibration was made using a HgCl, salt reference using SIXpack software suite®,
version 0.68.13. XAS scans were then background subtracted with E, defined as 12,284 eV,
converted to frequency (k) space using a spline range of 0 to 11 A™, and weighted by k*. To
assess Hg speciation, linear combination fitting (LCF) was performed. LCF allows identifying

the components significantly contributing to the extended X-ray absorption fine structure

63



(EXAFS) spectra of a sample. LCF was performed on k-space, constrained between k =1 —9 A™,
using a library of 18 Hg model compounds (Figure Bl for the list and spectra of model

compounds).
3.4 Results and Discussion
3.4.1 Characteristics of Adsorbents

Characteristics of the adsorbents are shown in Table 3. BET surface area results show
that both activated carbon samples had a surface area that was more than 2 orders of magnitude
higher than for the organoclay. Thus, the activated carbon samples had a significantly larger
internal surface area compared to the organoclay. The BJH pore volume of sulfur impregnated
activated carbon is more than six times lower than for activated carbon, suggesting that the sulfur
present on the internal surface of the carbon!®” has reduced the pore volume. This is consistent
with the relatively large amount of S present (~14 wt%) in the sulfur impregnated activated
carbon (Table 3). It was also showed that the S as Sg was weakly bonded in macropores and S as
S, and Sg was strongly bonded in micropores“®). The microporous structures in activated carbon
could be accessible for the smaller sized dissolved inorganic Hg(l1) speciest®, but potentially

less accessible to larger Hg compounds such as Hg-DOM and HgS nanoparticles.

The impregnated sulfur in the OC and CSC sorbents are designed to increase the affinity
for Hg*¥). For the CSC material, the manufacturer indicates that the sulfur is distributed in a thin
layer over the internal surface area of the particles®®. This sulfur-impregnated activated carbon
was shown to be highly effective for the removal of elemental mercury from gas phase because
of its sulfur content®. However, it is unclear if the sulfur in the internal micropore space of

materials will be available and have an affinity to aqueous phase Hg species. Different from the
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sulfur impregnated activated carbon, the organoclay surface is functionalized to increase the
affinity of organoclay for a range of heavy metals, including Hg[“]. It has a lower sulfur content
than the CSC, but still contains a significant amount of S (~5 wt%) that is available for reaction
with adsorbed Hg as discussed later in the paper. The exact speciation of sulfur in the OC and
CSC is proprietary. XRD results (Figure B1) indicate a small fraction of crystalline sulfur on

organoclay, but not on the CSC.

Table 3. Characteristics of activated carbon and organoclay adsorbents.

Adsorbent AC CSC ocC
BET surface area (m?/g) 690 610 2.4
BJH surface area (m%g) 79 7.4 1.9
BJH Pore volume (cc/g)  0.13 0.02 0.015
Sulfur content (%) 0.8 13.9 4.7

3.4.2 Characteristics of Hg Species

Synthesized HgS nanoparticles were characterized by XRD, TEM and DLS. XRD
(Figure B1) indicates that the crystal form of synthesized HgS nanoparticles matched
metacinnabar (B-HgS). An average particle size of 10 nm was calculated by measuring HgS
particle sizes in TEM images (Figure B2). However, the mean hydrodynamic particle radius was
centered on 20 nm determined by DLS (Figure B3), suggesting that particles were aggregating to
some degree in the aqueous phase. Hg-DOM characterization was included in our previous
studyl. A Hg/C molar ratio of 0.00007 mol Hg/mol C was determined for the prepared Hg-

DOM species. Unlike B-HgS nanoparticles and Hg-DOM species, Hg(11)* species were expected
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to depend more on the solution conditions. The calculated Hg(l1)* speciation in each solution is
shown in Figure 3.1. The Hg-DOM species is the dominant Hg species when 1 mg/L DOC was
present. At lower ionic strength in the absence of DOC, Hg speciation is primarily HGCIOH and

HgCly(aq), with Hg(OH), and HgCls™ as minor species. As the ionic strength increases, the
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Figure 3.1. Hg speciation expectation under the different Hg removal experimental solution
conditions used in this study. Visual MINTEQ was used for the simulation by
assuming equilibrium was reached. Simulation conditions matched the parameters

used in Hg removal experiments.
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3.4.3 Effect of NOM on the Removal of Each Hg Species

The effect of DOM in solution on the removal of the three different Hg species was
compared in both NaCl and CaCl, solution conditions, respectively (Figure 3.2). Fitting results
of these data using the pseudo second order kinetic model are provided in Table B1. The
presence of DOM (1 mg C/L of HA) (Figure 3.2 open symbols) generally decreased the removal
extent of Hg(l1)* species and HgS nanoparticles on all adsorbents relative to removal without
DOM added to the solution (Figure 3.2 open symbols). Organoclay (blue triangles) is more
affected by the presence of DOM in solution than activated carbon sorbents. For organoclay,
both the rate of uptake and the adsorbed mass was lower with added DOM than without.
Moreover, the data were not fit well with the pseudo second order model for Hg(Il)* removal
using organoclay with added DOM in the solution, suggesting a different removal process may

be involved for organoclay with DOM present.

Organoclays are known to have high affinity for DOM !, so DOM in the solution might
be fouling the surface sites on organoclay and slowing down the adsorption of Hg(Il)* species.
The addition of DOM in the solution also reduced the removal rate and extent of B-HgS
nanoparticles by organoclay. DOM is expected to adsorb onto both the organoclay and the -
HgS nanoparticles, and thus decrease their heteroaggregation rate by increasing the steric
repulsion®!. Compared with organoclay, the impact of added DOM on activated carbon is less
significant. It suggests either a relatively lower affinity between DOM and these activated carbon
samples compared to organoclay, or a greater abundance of reactive sites on activated carbon
compared to organoclay. This is consistent with the significantly higher surface area measured

for activated carbon compared to the organoclay.
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Figure 3.2. Effect of DOM on the removal of mercury species in 5 mM NaCl (left column) and
1.7 mM CacCl; (right column) solution, respectively. m: Calgon activated carbon; e:
Calgon sulfur-impregnated activated carbon; aA: CETCO organoclay. Solid symbol:

Without HA; Open symbol: With DOM at 1 mg C/L.
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The identity of the ion in solution also affected the sorption of Hg species. effect of added
DOM on the adsorption of Hg(I1)* and HgS nanoparticles for both activated carbon sorbents was
greater using Ca?* than for Na* even though both solutions had the same ionic strength (Figure
3.2 and Table B1). Ca?* can bridge the DOM with the negatively charged adsorbent surface
(Electrophoretic mobility under 1.7 mM CacCl; solution: -0.23 £ 0.03um cm/Vs for AC, -0.17
0.03 um cm/Vs for CSC, +1.11 + 0.08 um cm/Vs for OC) to enhance the adsorption of DOM on
adsorbents, while sodium does not have this effect®™ %!, The greater adsorption of DOM onto the
adsorbents in Ca** solution lowers the adsorbed amount of Hg species because more adsorption
sites are occupied by DOM molecules. In contrast to the activated carbon, there was limited
effects of cation type on the sorption of Hg(I1)* and HgS species to organoclay. This could be a
result of an overall higher affinity of organoclay for NOM, which masks the effect of Ca®*. There
was no apparent effect of added HA on the removal of the Hg-DOM species. However, this was
an artifact of the experimental design. The prepared Hg-DOM species had a Hg/C molar ratio of
0.00007 mol Hg/mol C!"?, meaning that 100 ppb Hg-DOM would introduce about 8.6 mg C/L in
the system. Thus additional 1 mg C/L did not significantly change the solution conditions and
therefore did not significantly impact the removal results for Hg-DOM. But from Table B1 (qe
values), Ca** was shown to enhance the removal of Hg-DOM species in comparison with Na*

regardless of the presence of additional HA in the solution.
3.4.4 Effect of lonic Strength on the Removal of Hg Species

For both NaCl and CaCl; solutions, the effect of ionic strength on the removal of each Hg
species is shown in Figure 3.3. By comparing g. values in Table B1, increased ionic strength

reduced the adsorption of Hg(I1)* in NaCl. A similar trend was previously reported for Hg(l1)
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Figure 3.3. Effect of ionic strength on the removal of mercury species under low ionic strength
(5 mM NaCl or 1.7 mM CaCl,) (left column) and high ionic strength (200mM NaCl
or 66.7mM CacCl,) (right column) solution conditions, respectively. m: Calgon
activated carbon; e: Calgon sulfur-impregnated activated carbon; o: CETCO

organoclay. Solid symbol: NaCl solution condition; Open symbol: CaCl, condition.
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adsorption studies, and these were attributed to changes in mercury activities and electrostatic
interactions® ®8. This is also likely because the Hg(I1)* species is a function of ionic strength,
with uncharged compounds (e.g., HQCIOHag), HgClag) being predominant at low ionic strength,
and charged compounds (e.g., HgCls2, HgCls) being predominant when the CI™ concentration
increased. The uncharged mercury compounds such as HgCIOH q) and HgClyq) are apparently
more likely to adsorb than the charged Hg species. In CaCl, solutions, there is a lower amount of
negatively charged Hg(ll)* species (Figure 3.1), corresponding to a greater adsorbed amount of

Hg(11)* relative to NaCl at the same ionic strength.

Increasing ionic strength was expected to decrease the surface charge of HgS
nanoparticles and therefore increase the nanoparticles heteroaggregation with the adsorbents.
While there is a modest increase in removal of HgS NPs at higher ionic strength in NaCl, there is
less increase observed for CaCl,. Ca®* is more efficient at screening charge on the particles than
Na®. So it is likely that the Ca®* ions had effectively screened the charge at 1.7 mM, and no

increase in this screening was observed at 66.7mM.
3.4.5 Comparison of Adsorbents

The impregnation of activated carbon with sulfur is designed to increase its affinity for
Hg. However, for the aqueous conditions used here, the sulfur-impregnated activated carbon did
not show better removal efficacy than activated carbon for Hg-DOM or HgS nanoparticles.
There was some improvement seen for Hg(Il)* under low ionic strength conditions. At high
ionic strength in CaCl, solution (Figure 3.2), activated carbon showed higher removal rates for

dissolved Hg(l1)* species than either sulfur-impregnated activated carbon or organoclay.
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In order to further explore the differences in Hg removal rates and mechanism, the pseudo-first-
order model fitting results in Table B1 were normalized by specific surface area values of
adsorbents (Table B2). The surface area normalized k and g. values are also plotted in Figure
3.4a and 3.4b. There were differences between the sorbent types. For all Hg species, the fitted
values (k and ge) for the organoclay were statistically significantly higher than for the activated
carbons (Prob>F <0.0001). There were no differences observed between the two activated
carbon samples. This is in contrast to that reported for disulfide treated activated carbons. The
reasons for this difference are unclear, but could be due to differences in the species of S present
on the carbon, or because the sulfur impregnation for CSC decreased the available surface area
for our materials. These data indicate that organoclay can provide more efficient in Hg removal

than the activated carbon samples per unit surface area.

3.4.6 Characterization of Hg-DOM Adsorbed onto Absorbents

Differences in the speciation of adsorbed mercury were evaluated for Hg-DOM species
using XAS. Differences in final Hg speciation on the sorbents may explain the greater apparent

affinity of organoclay over the activated carbon samples.

The EXAFS spectra at Hg L(I11)-edge and their fits are provided in Figure 3.5 and Table
B3, respectively. For both activated carbon samples, Hg(Il)-thiol model compounds provide the
best fitting results. Because Hg is associated with-DOM by forming Hg-S bonds, it has the same
XAS signal as a Hg-thiolated ligand complex. These results suggest that Hg-DOM is mainly
physically absorbed onto the surface of activated carbon. A similar result is observed for sulfur-
impregnated activated carbon, with most Hg present being most like the Hg-thiol (Hg-S-R)

model compound. However, there is a small shift in the Hg speciation towards a Hg-cysteine
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model compound which tends to form two-coordinated (R-S-Hg-S-R) species. This shift
suggests that some of the impregnated sulfur is indeed reactive with the adsorbed Hg-DOM
species. Conversely, the Hg speciation for Hg-DOM adsorbed onto organoclay shows that Hg-
DOM is completely transformed to B—HgS, indicating that sulfur content on the surface of the

organoclay was reactive with the Hg-DOM complex to form a more thermodynamically stable

Hg-thiol

HgS

Hg-Cystein

<
—~ | AC
>
><
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Figure 3.5. XAS experimental results for adsorption of Hg-DOM on adsorbents. AC: Calgon
activated carbon; CSC: Calgon sulfur-impregnated activated carbon; OC: CETCO

organoclay.



-HgS species. This is consistent with the higher reactivity of the organoclay surface compared
to the activated carbon. The different reactivity of Hg with the sulfur-impregnated activated
carbon compared to the organoclay may be due to the different form of sulfur present on those
surfaces; elemental sulfur is present on the activated carbon surfaces (per discussion with a
Calgon representative) whereas a more reactive dithiocarbamate is likely present on the
organoclay. This form of sulfur is not confirmed on organoclay as this is proprietary. The
differences in reactivity with Hg may also have resulted from the different distributions of sulfur
on the particles. For sulfur-impregnated activated carbon, the sulfur deposited into pores may not
be available to react with large-sized Hg-DOM species. However, the impregnated sulfur on
organoclay is mainly on the surface of the clay particles and is more readily accessible to the Hg-

DOM species.

3.5 Conclusions and Implications

The results from these tests provide important insights into the effects of Hg speciation
and water quality parameters on Hg removal by activated carbon and organoclay. It was shown
that Hg speciation affected its removal differently depending on the water quality parameters,
including the presence of DOM, cation type, and ionic strength. The presence of DOM reduced
the removal of Hg(ll)* and HgS nanoparticles. Increasing the ionic strength decreased the
removal of Hg(l1)* species. Organoclay could remove Hg species better than activated carbon or
sulfur impregnated activated carbon in terms of unit surface area. However, OC was more
susceptible to fouling by NOM in the water. Despite a prior report that carbon disulfide treated
activated carbon enhanced aqueous mercury adsorption, the differences between activated

carbon and sulfur-impregnated activated carbon samples used in this study were not significant.
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XAS results show that organoclay has a highly reactive surface, forming an inorganic HgS phase

from adsorbed Hg-DOM, whereas Hg-DOM on the AC surface was not changed.

Dissolved Hg(ll) species have been widely used as a model compound to assess the
performance of different Hg sorbents. However, dissolved Hg(ll) species are not the most
dominant Hg species present. This study showed that, except for AC in 1.7 mM CaCl, solution,
Hg speciation affected the removal efficiency. This indicates that using dissolved Hg(ll) as a
“surrogate” species for assessing removal efficiency may not provide reliable estimates. The

magnitude of the error will depend on both the Hg species and the solution conditions.

Therefore, both the expected Hg speciation and the water quality parameters (NOM
content, ionic strength, and ionic composition) need to be considered when designing sorbent
based emission controls to meet Hg removal targets, especially for flow-through systems
commonly used in the field because they have a fixed contact time. For wastewater containing
high salinity, e.g., produced water, dissolved Hg(ll) species will be more difficulty to remove so
increasing the adsorbent dosage may be necessary. Similarly, in solutions containing nominal
NOM concentrations as low as 1 mg C/L, the Hg removal efficiency of Hg is expected to

decrease, especially for organoclay.

The high surface reactivity of organoclay with Hg-DOM, and the resulting formation of a
metacinnabar (3-HgS) phase, may make the use of organoclays an attractive alternative for Hg
sorption. The formed B-HgS phase is stable with low aqueous solubility, and a relatively lower
bioavailability than other more labile Hg species including Hg-DOM and other dissolved phase

Hg species. This benefit may be offset by the greater sensitivity of OC to NOM fouling.
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Chapter 4. Hg Speciation in Oil-Water Separator Effluent from Produced Water

Treatment and Effect of Hg Speciation on its Removal
4.1 Abstract

Produced water from oil and gas production can contain mercury (Hg) that may need to
be removed to meet location-specific requirements for disposition or beneficial reuse. However,
Hg speciation in produced water is not fully understood and may influence the efficacy of its
removal by adsorbents. The current study used series filtration and solid phase extraction to
determine the native Hg species in two produced water samples. Results suggest that Hg was
primarily hydrophobic and particle-associated, with a broad nominal size range between 450 nm
and 3 kDa. Three representative Hg species, dissolved inorganic Hg(ll) (denoted as Hg(ll)*),
Hg-DOM and HgS nanoparticles, were then added to the two produced water samples to study
the influence of the produced water composition on Hg speciation and hydrophobicity. Added
Hg(11)* species became more hydrophobic with time in the produced water; Hg-DOM and HgS
nanoparticles were unaffected by the components of produced water. The hydrophobic Hg
species formed in produced from adding ionic Hg(ll)* were less strong than Hg-glutathione
complexes (K=10*). Hg removal by adsorbents was measured for Hg(l1)* amended produced
water samples. Lower removal was observed for Hg in produced water as it transformed from
hydrophilic to hydrophobic species. These findings suggest that chemical reaction with a
filterable sorbent containing strong Hg competing functional groups (e.g., thiol), followed by

filtration, can enhance the removal of Hg species from produced water.
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4.2 Introduction

Produced water is water separated from reservoir fluids during crude oil and natural gas
production™. It can contain dissolved and dispersed hydrocarbons, dissolved salts, formation
material, metals and production chemicals®®. Produced water can be disposed of through
injection in a reservoir or discharge to surface waters, or it can be used for beneficial reuse!® .
The characteristics of produced water vary significantly depending on the geological formation,
production operational conditions and processes!. Mercury as well as various other heavy
metals have been detected in some produced water samples®® > ¢ The variable speciation of Hg
in the produced waters leads to Hg species with different physicochemical properties that may be

removed with different efficiency for filters and sorbents used to treat the water.

There are many ligands present in natural waters and wastewater than can affect Hg
speciation, e.g., natural organic matter (NOM), thiols, and inorganic sulfide. Similar ligands are
present in produced waters!. The different Hg species have different lability, i.e., Hg*" ions
and weak Hg(ll) complexes are more labile than HgS. Competitive ligand exchange has been
used to track the slow decrease of liable Hg species ) when Hg was exposed to NOM in water
1 Competing ligand exchange-solid phase extraction (CLE-SPE) can be used to evaluate the
binding strength of the different Hg(ll)-complexing ligands present in waste water. This is
achieved by reacting the Hg in a sample with ligands of different strength. The ligand exchange
changes the Hg species from hydrophilic to hydrophobic. A reverse phase SPE column is then
used to separate the hydrophilic Hg species from hydrophobic Hg speciest****. Changes in
hydrophobicity correlate with the ligand exchange. NOM became associated with Hg(ll) species
to form hydrophilic Hg(ll) complexes, and inorganic sulfide reacted with Hg(ll) species to form

strongly hydrophobic Hg(ll) species (i.e., mononuclear HgS)*?. However, HgS nanoparticles
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instead of mononuclear HgS could be present. The HgS particles would have charged surfaces™*>
18] and therefore be hydrophilic. Therefore, SPE analysis can be used to assess any changes in
hydrophobicity of different Hg species when they are added to produced water. This is important
to know because the hydrophobicity of resulting Hg species can affect Hg bioavailability,*” and

potentially its ability to be removed from water.

A variety of hydrocarbons can naturally be present in produced water, including benzene,
toluene, ethylbenzene, xylenes (BTEX), naphthalene, phenanthrene, dibenzothiophene, organic
acids, polycyclic aromatic hydrocarbons, and phenols®. The majority of hydrocarbon
compounds are commonly dispersed rather than dissolved in produced water™®. The amounts of
hydrocarbon dispersed or dissolved in oil and gas produced water depends on many factors
including chemical composition of the oil, pH, salinity, total dissolved solids, temperature, and
oil/water ratio®?. Produced water pH typically ranges from 3.1 to 10 in oilfield and natural gas
produced water™?!! Salts in produced water consist mostly of sodium and chloride, with
concentration as high as 300,000 mg/L!?*?¥_ All of these factors, ligands, pH, salinity, and ionic

composition can affect Hg speciation (see Chapter 3).

With abundant organic compounds (e.g., carboxylic acids®, benzothiophene and
dibenzothiophene®) in produced water, a variety of Hg(ll) complexes are hypothesized to be
present. However, the speciation of Hg(ll) species in produced water has not been studied. |
hypothesize that the he differences in the hydrophobicity of the Hg species will affect the
distribution of Hg in produced water, and will likely impact the choice of technologies used for
Hg removal from produced water. This study assesses the Hg speciation in two produced water
samples collected from oil wells. The produced water samples were collected after primary

separation and additional oil water separation with proprietary chemicals. Serial filtrations and
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SPE experiments were used to identify the Hg species originally present in produced water. To
further study the effect of Hg speciation on its removal, additional well-defined Hg species were
added to produced water and the hydrophobicity of the added Hg was determined by SPE
experiments. Finally, the influence of Hg speciation on its removal from produced water was
studied by batch adsorption experiments using commercial adsorbents; activated carbon and
organoclay. The results of this study will contribute to the understanding of the effect of Hg
speciation in produced water, and on the ability of adsorbents to remove these Hg species in
produced water streams. It will help in the selection of appropriate treatment methods for Hg in

produced water.

4.3 Materials and Methods

4.3.1 Produced Water Samples

Two produced water samples were procured and collected from an oil/water separator at
two produced-water treatment plants (Figure C1). Both produced water samples were stored at
4°C prior to use. Because of the heterogeneity of the produced water samples, the water was
vigorously mixed in the storage tank before sampling. One liter of produced water was taken
from the storage tank for further experiments. This large volume was used to minimize the
variance of results due to sample heterogeneity. Produced water sample 1 (PW1) had a larger
amounts of solids than produced water sample 2 (PW2). Thus, additional Hg distribution

experiments were conducted on PW1 to study the Hg concentration associated with these solids.

4.3.2 Hg Distributions in Produced Water

PW1 contained a visible amount of solid particles associated with yellow flocs were
suspended in this sample (Figure C1). Those solids were easily separated from the water phase
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by settling (Figure C2). The mercury mass distribution in water and solid phases of the produced
water was measured after separating the solid fraction by sedimentation overnight. For that
separation, 30 mL of the produced water sample was separated into 28 mL supernatant (water
phase) and 2 mL of sediment (water phase with concentrated solids). Digestion was conducted
for samples collected from both phases. Briefly, 2 mL of the produced water sample (with or
without solids) was digested with 20 mL aqua regia overnight, and the digestant was diluted for
total Hg analysis using a Hg analyzer (Brooks Rand) according to EPA method 1631. The total

Hg concentration in the solid phase (Csiig) Was determined by mass balance (equation 4.1),

CLx V' = Cy# V' + Cygpyy * V % solid (eqn 4.1)

Vtotal

where, C; is the total Hg concentration in the water phase with concentrated flocs mixed, C; is
the total Hg concentration in the supernatant, Cgiq is the total Hg concentration in the solid
phase (mainly flocs), 7 is the volume of the water phase with concentrated flocs, V is the total
volume of produced water used. Myig/Viotar 1S the ratio of solid mass per volume of water, and
this ratio is determined as follows. A filter paper was firstly weighed, and then 2 mL of well
mixed produced water was dropped onto a filter paper and total weight of filter paper with water
was recorded. The filter paper was dried at 60°C overnight and then it was weighed again, the
weight of solids in the 2 mL produced water is obtained by subtracting filter weight from the
total weight of filter and dried solids. All experiments were conducted in either duplicate or

triplicate depending on the amount of variation expected.
4.3.3 Characteristics of Produced Water

The water phase separated from concentrated solids in PW1 and PW2 were collected for
characterization and further experiments. Specific conductance and pH were measured while the
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water sample was mixed by magnetic stirring using conductivity and pH probes (Fisher
Scientific), respectively. TOC was determined by Sievers InnovOx TOC (GE). The surface
charge of the suspended solids in the produced water after sedimentation of large particles
overnight was characterized by Zetasizer (Malvern, UK), respectively. Other properties in Table

4.1 were provided by our industry partner.

4.3.4 Series Filtration

A series of filtrations were performed to differentiate particulate Hg (HgS nanoparticles
or Hg species associated with particles) from dissolved Hg species. Four filters with different
pore sizes were used for a series of filtration. They are 0.45 pm PTFE filter (BioExcell), 0.2 um
polypropylene filter (VWR), 0.02 um filter (Anotop, Whatman) and 3kDa filter (Amicon,
Sigma-Aldrich). The potential for Hg impacts on the selected filters was tested by passing 4 mL
Milli-Q water through the filter to detect the total Hg in the filtrates. No Hg was detected in the
filtrates, indicating minimal potential for impacts. The potential for losses of Hg on the filters
(false negative) due to sorption was also assessed by passing 4 mL of a 100 ppb Hg standard
solution through the filter. The results show that <1% of total Hg was lost to the filters used.
Produced water samples were vigorously shaken before analysis. The total Hg in the produced
water samples was measured by digesting 1 mL of the produced water sample with 9 mL of aqua
regia. The digestant was diluted and measured according to EPA method 1631. Series filtration
experiments followed the order: 0.45 pum filter, 0.2 um filter, 0.02 um filter and finally 3kDa
filter. For filtrates filtered with a 0.45 um filter, 0.2 pum filter and 0.02 um filter, the same aqua
regia digestion procedure was used before total Hg analysis. For filtrates that were filtered with
the 3kDa filter, the total Hg was directly measured using EPA method 1631 since we assumed

the Hg species passing through the 3kDa filter were truly dissolved Hg species. The results of
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these experiments are summarized in Table 4.2. We hypothesized that particulate and

nanoparticulate Hg species would be the dominant Hg species in the PW samples.

4.3.5 Solid Phase Extraction Experiments

Solid phase extraction (SPE) was conducted to differentiate the hydrophobicity of the Hg
species in produced water samples. Produced water samples were filtered with a 0.45um filter
before the SPE experiments. After filtration, 64% of total Hg in PW1 and 41% of total Hg in
PW2 were removed (Table 4.2), indicating that Hg species was largely associated with particles
present in produced water. C18 SPE columns (Sep-Pak, Waters) were used to separate the
remaining dissolved or nanoparticulate Hg species. Hydrophobic Hg species are retained in the
column while hydrophilic Hg species can pass through the SPE column. 3 mL of produced water
samples were slowly passed through the column by pressing the sample through the column
using a syringe, and total Hg of the effluents collected were measured according to EPA 1631
methods. With the total Hg mass of produced water samples, the hydrophobic Hg species mass
can be calculated by subtracting the Hg mass in the C18 column effluent from total Hg in

produced water.

To test the influence of produced water components on the hydrophobicity of different
Hg species, HgS nanoparticles, Hg-DOM species, and Hg(ll)* species was added to both
produced water samples in Teflon containers to provide a total Hg concentration of 600 ppb. The
samples were mixed by magnet-stirring (~100 rpm). Hydrophobicity of the Hg species was
monitored over time using C18 SPE columns. Control experiments were conducted by adding

the same concentration of Hg species to Milli-Q water.
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Competing ligand exchange (CLE)-SPE experiments were conducted to distinguish
between weak and strong Hg(II) complexes. This method quantifies the concentration of ‘weak’
Hg(11)-DOM complexes and differentiates them from ‘strong’ Hg-sulfide nanoparticles. Strong
Hg(1l) complexes (e.g., mononuclear HgS) initially formed in the produced water are expected to
be retained in the C18 column, and hydrophilic Hg species (e.g., Hg(I1)-DOM) are expected to
elute. When the competing ligands (e.g., glutathione) are added, weak Hg(ll) complexes will
dissociate and complex with those competing ligands. So the weakly hydrophobic Hg complex
that initially existed in the sample can be transformed to a hydrophilic Hg complex. These were
only done for Hg(ll)*-amended produced water samples because the Hg-DOM and HgS mercury
species were unaffected by the PW, as discussed later in the paper. The ligand exchange occurs
after addition of a competing ligand glutathione (GSH) to the filtered sample, followed by
separation of Hg(l1)-ligand complexes by Cig- SPE as previously described™. Upon addition of
glutathione to Hg(I1) species, HgH,(GSH),* complexes (K=10%, at pH=7.4"* ?Ncan be formed
and are measured as hydrophilic Hg speciest*®l. The produced water samples were amended with
Hg(l1) and allowed to react for 60 h before the CLE-SPE experiments. GSH (10 uM) was added
as a competing ligand, and the PW was mixed by magnet-stirring (~100 rpm). Aliquots were

sampled overtime for SPE experiments.
4.3.6 Hg Removal Experiments

The removal of Hg species in produced waters by commercial adsorbents was evaluated
using batch experiments. The adsorbents included activated carbon (D/S React-A, Calgon
Corporation, Pittsburgh, PA)(denoted as AC), sulfur-impregnated activated carbon (HGR, 4X10,
Calgon Corporation, Pittsburgh, PA)(denoted as CSC) and organoclay (MR2, CETCO Hoffman

Estates, IL)(denoted as OC). Adsorbents were ground and dry sieved, and the size fraction
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between 74-150 um was used for the adsorption experiments. Both of the produced water
samples were filtered with 0.45 um filter before 600 ppb Hg(l)* was added. Hg amended
produced waters were collected after one hour and 60 hours, respectively, for Hg removal
experiments. The removal experiments of Hg species were conducted in Teflon beakers with
magnetic stirring (~150 rpm). 10 + 0.1 mg of adsorbent was added to 15 mL of produced water
in Teflon beakers without added buffer. The pH of produced water was also measured at the end
of the experiment, and no change of pH was observed. Four hour removal experiments were
selected based on the typical contact time of common powdered activated carbon processes!?®l.
To separate unabsorbed Hg species from Hg species associated with adsorbents, the adsorbents
were allowed to settle quiescently for 2 min at each sampling time point prior to analyzing the
water for total Hg. The relatively large sorbent particles were readily settled in this time period.
Aliquots were sampled and digested using aqua regia at different time points over four hours.
Digestants were measured according to EPA method 1631 using a mercury analyzer (Brooks-

Rand Model MERX).
4.4 Results and Discussion
4.4.1 Hg Distribution and Speciation in Produced Water

Large amounts of solids were observed in PW1 sample (Figure C2). Those solids were
associated with flocs and were easily removed by sedimentation. The Hg concentration in the
solid phase was calculated from a mass balance according to eqn 1. The result (Table C1) shows
that the Hg concentration in the solid phase is 1.03 pg/g, indicating that the solids have a high

affinity for the Hg species present in the produced water samples. The Hg concentration in water
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phase is ~ 15 times lower at 0.07 pug/mL. However, the water phase represents 99.2 wt% of the

produced water sample so the majority of the mass of Hg remained in the water phase.

Table 4.1. Properties of produced water samples.

PW1 PW?2
pH 7.40 7.07
Conductivity (mS/cm) 29.33 32.48
TOC (mg/L) 94.9+19.8 172 £15
Total dissolved solids (TDS) 18.6%wt/wt 20.5%wt/wt
Zeta potential -144+£04 mV -18.3+£ 0.3 mV

Hydrogen sulfide

0-0.001%wt/wt

0-0.001%wt/wt

Table 4.2. Hg speciation determined by series filtration (particulate vs. dissolved)

PW1 PW1 PW2 PW2
(Ppb) (% of Hg (ppb) (% of Hg
mass in mass in
sample) sample)
Solid phase separated 10%
by sedimentation
Before filtration 496+7.1 90% 107.8 £ 12.7 100%
Size fraction:
>0.45 um 31.6+35 57% 442 +23.4 41%
0.2 um-0.45 pm 2.3 4% 176 +4.8 16%
0.02 um-0.2 pm 0 0% 31.7+x11 30%
3kDa filter-0.02 um 13.3+1.6 24% 129+0.1 12%
<3kDa filter 27+16 5% 1.4+0.1 1%
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Hg speciation determined by serial filtration is shown in Table 4.2. The results show that
PW2 has a higher Hg concentration than PW1. For PW1 over 60% of Hg can be filtered via 0.45
pm filter. The 0.2 um filter and 0.02 um filter did not significantly reduce the Hg concentration
in the sample compared with the 0.45 um filter. The truly dissolved Hg species determined by
the 3kDa filters was about 6% of the total Hg, suggesting that majority of the Hg species in PW1
sample were particle-associated that was trapped on the 0.45 micron filter for PW1 and a 0.2
micron filter for PW2. PW2 had a wider range of particle sizes than PW1. However, the particle
concentration in these filtrate samples were too low for dynamic light scattering (DLS)
experiments so no particle size distribution could be determined for filtrates. In both samples, a
3kDa filter could remove nearly all of the Hg species, suggesting that both samples contained
very small amounts of truly dissolved Hg species. These could include molecular Hg complexes,

e.g., HgCl,(aq) or Hg-DOM with a molecular weight lower than 3kDa.
4.4.2 Hydrophobicity of Hg Species in Produced Water

Hg species can be either hydrophilic or hydrophobic in nature. Hydrophilic Hg species
could include dissolved Hg(ll) species with or without hydrophilic ligands (e.g., Hg(11)-DOM
complexes). Hydrophobic Hg species could include mononuclear Hg species associated with
hydrophobic ligands (e.g., inorganic sulfide to form HgS). However, nanoparticulate B-HgS
would be charged particles that are relatively hydrophilic. However, if the B-HgS nanoparticles
are over-coated with hydrocarbons they may be hydrophobic. Under sulfidic conditions at
neutral pH, a-HgS can be dissolved to form Hg(SH).°, HgS(SH)™ and HgS,%™* depending on the
total dissolved sulfide concentration®®®. If the b-Hg$S particles in the produced water were also
reactive with these sulfur species, this could also potentially change the hydrophobicity of Hg

species.
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The hydrophobicity of Hg species originally present in produced water was analyzed by
SPE experiments. Produced water samples were filtered through 0.45 um filter to removal large
particles before SPE experiments. According to Table 4.3, only 18% of Hg species in PW1 and
about 28% of Hg species in PW2 were hydrophilic, suggesting that most native Hg species are
associated with hydrophobic ligands due to the presence of hydrocarbon. Based on the series
filtration results in Table 4.2, most Hg species could be removed with a 3kDa filter, so it is also
possible that the particle associated Hg species in PW could be retained in the SPE column due
to the size of particulate Hg species instead of hydrophobicity. However, the HgS nanoparticles
(hydrodynamic diameter measured by DLS: 20 nm diameter in Milli-Q water) were not retained
in the SPE column, even after they had been added to the relatively high ionic strength PW
where they would be expected to aggregate into larger particles. In addition, the synthesized Hg-
DOM species was found to be about 25% hydrophobic, which is significantly less than for the
PW samples. This result suggests that particulate Hg species in produced water passing a 0.45
micron filter were most likely associated with hydrophobic coatings. However, it cannot be ruled
out that the particles in the PW were retained in the SPE column because they were larger than

the synthesized HgS particles

Table 4.3. Hg speciation determined by SPE experiments (Hydrophobic vs. hydrophilic).

PW1 (ppb) PW2 (ppb)

(filtered by 0.45 pm filter) (filtered by 0.45 pm filter)

Total 18+35 63.6 + 23.4
Hydrophilic Hg 3.2%+0.3 17.7+3
Hydrophobic Hg 14.8 45.9
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Figure 4.1. Hydrophobicity of three Hg species (Hg(I1)*, HgS nanoparticles and Hg-DOM)

amended in Milli-Q water, PW1 and PW?2 for 60 hours.

To test the effect of the produced water composition on the hydrophobicity of selected
Hg species, 600 ppb Hg(I1)*, HgS nanoparticles or Hg-DOM were added to both produced water
samples. They were allowed to stand for 60 h and then the hydrophobicity of the Hg species was
analyzed in SPE experiments. Control experiments were conducted by using 600 ppb Hg species
in Milli-Q water. Figure 4.1 shows that the hydrophobicity of HgS nanoparticles and Hg-DOM
species was not altered by the ligands in the PW. This is evidenced by the absence of a change in

distribution between hydrophilic and hydrophobic Hg species compared to Milli-Q water after 60
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h. HgS has a high stability constant!®"! and is not likely to be affected by ligands in wastewater
streams'*?. Hg-DOM is usually formed via thiol and O-containing functional groups and a
previous study showed that strong ligands could ligate the Hg®* to form hydrophobic Hg(lI)
complexest*?. Results shown in Figure 4.1 suggest the absence of strong competing ligands in

produced that can sequester Hg from Hg-DOM species and change its hydrophobicity.

1 hour 5 hours 15 hours 60 hours
74+1.36%
94+2.2% 79+1.36%
69 0 66.2
85.26%

3.77+0.66% 3.76+£1.84% 2.64+£1.29% 2.05+1.2%

96.23% 96.24% 97.36% 97.95%

9.86+0.72%

PWA1

90.14%

I Hydrophobic Hg
Il Hvdrophilic Hg

Figure 4.2. Hydrophobicity of Hg species in produced water as a function of time. 600 ppb of
inorganic Hg(I1)* species (Hg(NOs),) was added. Values are averages of duplicate

measurements that yielded less than 1% error between the measurements.
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In contrast, an increased amount of hydrophobic Hg species was detected when Hg(ll)
species was amended in both PW1 and PW2 for 60 hours. This suggests that Hg binding ligands
exist in produced water samples, but they are weaker ligands than DOM. Despite PW1 having
fewer hydrocarbons than PW2 as measured by TOC (Table 4.1), there was a greater shift in
hydrophobicity of the Hg species in PW 1 compared to PW2. This suggests that the differences
in the resulting hydrophobic Hg species may be a result of the different ligands present in

produced water samples.

The increase in hydrophobicity of the Hg species occurs relatively quickly (time scale of
hours to 10’s of hours), but not instantaneously (Figure 4.2). In PW2, about 3% of the added
Hg(ll) ions are rapidly converted to hydrophobic Hg species, and no additional change was
observed over the course of experiment. In comparison with PW2, the amount of hydrophobic
Hg species increased over time and 33% of the added Hg(ll) ions became hydrophobic Hg
species in PW1 after 60 h of mixing. The relatively slow complexation process suggests that the
ligands in PW1 are not likely to be strong ligands such as inorganic sulfide. Slow formation of
Hg-DOM complexes in water has been attributed to the presence of a number of different
moieties and functional groups on NOM™. However, small amounts of partially oxidized sulfur
species (e.g., polysulfide!®?) may exists in both produced water samples and can complex with

Hg(11)* to form hydrophobic HgSx species (e.g., HgSs)*".

CLE-SPE experiments were conducted to compare the strength of Hg-binding ligands in
produced water (PW1) with GSH. The hydrophobicity of the Hg species present in aliquots of
PW1 was measured in SPE experiments over time (Figure 4.3). Over 95% of the Hg species
became hydrophilic, indicating that HgH,(GSH),*> complexes have a higher stability constant

than most of the hydrophobic Hg(ll) complexes formed in produced water samples. This implies
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that Hg may also be complexing weakly with some organic acids via carboxyl groups in PWL1.
Thus, adsorbents and flocculants containing thiol groups might be effective candidates for Hg

removal from produced water with similar hydrocarbon and ligand composition as used here.
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Figure 4.3. Hydrophilic Hg(ll) determined after 10 uM GSH was added to produced water
samples. Both produced water samples were amended by 600 ppb Hg(ll) for 60 h
before GSH was added. Error bars represent one standard deviation of duplicate

measurements.

4.4.3 Effect of Hg Speciation on its Removal in Produced Water

The Hg speciation in PW1 changed to more hydrophobic species over time. In contrast,

the Hg speciation in PW2 remained primarily hydrophilic. The removal of Hg in the produced
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water samples by three adsorbents (activated carbon (AC), sulfur impregnated carbon (CSC) and
organoclay (OC)) was measured after addition of 600 ppb of Hg(ll) and mixing for 1 h and 60 h.
Measuring the Hg removal at these two time points allow determination of the impacts of
hydrophobicity of the Hg species because they are changing significantly in PW 1 over this time
period, but not for PW2 (Figure 4.2). Figure 4.4a shows that over 60% of the Hg(ll) species in
PW1 were removed by adsorbents after 1 h. After 60 h, when a greater amount of hydrophobic
Hg species were present in PW1, the removal rate and extent of the Hg species was significantly
lower. In the water phase, hydrophobic compounds are expected to be more easily removed by
adsorption to AC than hydrophilic ones due to the higher driving force for hydrophobic species
to leave the water phase. So the results obtained here contradicted expectations. However, there
are significant amounts of hydrocarbon (TOC) in produced water (Table 4.1). It is possible that
the hydrophobic Hg species are trapped in hydrocarbon micro emulsions and thus more difficult
to be removed. The large size of the ligated (hydrophobic) Hg species associated with micro
emulsions could also reduce the accessibility of Hg species to the micropores of activated carbon
samples and lead to lowered adsorption®*. In contrast to PW1, two samples prepared by adding
Hg(l1) species to PW2 for 1 h and 60 h (Figure 4.4b) showed no significant change in Hg
removal. This corresponds well with the lack of change in the hydrophobicity of the Hg species
for PW2 (Figure 4.2). This suggests that the change in Hg speciation to more hydrophobic

species may be responsible for the lower removal efficiency.
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Figure 4.4. Removal of Hg species after 600 ppb Hg(ll) was mixed in (a) PW1 and (b) PW?2 for

1 hand 60 h, respectively.
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It is also noteworthy that organoclay had a lower sorption capacity for the Hg species in
produced water than AC. This is likely a result of fouling by the organic compounds present in
the PW samples. A similar trend was found when natural organic matter was present in water as
shown in Chapter 3. Organoclays are also known for hydrocarbon removal, and the adsorption
capacity of organoclay for hydrophobic organic compounds is affected by the way organoclay is
produced™. Long-chain organoclays are reported to have better sorption performance for highly
hydrophobic materials than short-chain organoclays®®®.. It may be possible to tune the surfaces of
OC for optimal performance in both Hg and hydrocarbon removal from produced water, but this

was not assessed here.
4.5 Conclusions and Implications

While the majority of the Hg mass is present in water phase for the produced water
samples studied here, Hg can be highly concentrated in a small amount of large solids present in
those samples. In the water phase, Hg species are primarily associated with naturally occurring
negatively charged particles, indicating that 43% to 59% of the Hg can be removed by removing
particles greater than 0.45 microns from produced water. The size distribution of particle-
associated Hg passing the 0.45 micron filter was PW-dependent. Less than 5% of the Hg was

truly dissolved, i.e., could pass a 3kDa filter.

The native Hg species in produced water samples were mainly hydrophobic, suggesting
an association with hydrophilic hydrocarbon components. The added HgS nanoparticles and Hg-
DOM remained hydrophilic in produced waters, suggesting that the native hydrophobic Hg
species in produced waters were different from our model Hg species. The formation of

hydrophobic Hg species from Hg(ll) added to PW1 but not in PW2 suggests that the
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hydrocarbon composition in produced water sample impacts the speciation of dissolved

inorganic Hg(Il) species.

The relatively slow complexation process determined in the time dependent SPE
experiments suggested that the ligands in PW1 were not likely to be strong ligands such as
inorganic sulfide. And CLE-SPE experiments corroborated this, showing that the Hg species
were ligated less strongly than in HgH2(GSH),> complexes (Kgsu=10%). The results indicate
that adding inorganic sulfide can potentially transform dissolved Hg(ll) species present in
produced water into HgS particulate species (KH95:1052), which would remain hydrophilic and
could be removed by filtration if they become large enough. These results also suggest, it would
be possible to extract dissolved Hg species from produced water by materials with thiolated

surfaces.

The change in Hg speciation to more hydrophobic species decreased the removal
efficiency by the adsorbents used here. Activated carbon provided better removal than
organoclay in PW, likely due to fouling of the OC from the hydrocarbons present in the samples.
This study suggests that filtration, followed by chemical treatment to convert hydrophobic Hg
species into hydrophilic species to improve the efficacy of an adsorbent-based polishing step,
and could be a more effective way to reduce the Hg concentration to meet the local treatment
goals. Alternatively, filtration aids with a high affinity for hydrophobic Hg species could

potentially work well.
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Chapter 5. Conclusions and Recommendations for Future Research

5.1 Summary

This dissertation focuses on the impact of mercury (Hg) speciation on its transport in
porous media and on its removal from wastewater streams. The transport of Hg species in porous
media was studied by conducting column experiments using four model inorganic mercury
species: Hg(ll), Hg-DOM, HgS nanoparticles and Hg(0). Porous media composition and solution
chemistry were varied to simulate rainfall and landfill leachate conditions. Removal of inorganic
Hg(ll), Hg-DOM, and HgS nanoparticles was studied in batch experiments using commercially
available activated carbon and organoclay sorbents. The effects of dissolved organic matter,
ionic strength and cation type on Hg removal were also tested. Hg speciation in produced water
samples were determined by serial filtration and solid phase extraction experiments. The effect
of Hg hydrophobicity on its removal from produced water was determined in batch experiments

using activated carbon and organoclay as adsorbents to remove Hg from produced water.

The specific objectives of the research were to

e Evaluate the impact of Hg speciation, porous media properties and water
chemistry on the transport of Hg species in an unsaturated porous medium,

e Evaluate the impact of Hg speciation, adsorbent type and water chemistry on the
removal of Hg species from water,

e Determine the Hg speciation in produced water and assess the influence of Hg

speciation on its removal from produced water.
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5.2 Conclusions

Conclusions in Chapter 2: Mobility of Four Common Mercury Species in Model and Natural

Unsaturated Soils

e Hg speciation affects its transport in unsaturated porous media.

The transport of four model Hg species in unsaturated porous media was studied using
column experiments. Mercury model compounds included inorganic Hg(l1), Hg-DOM, HgS
nanoparticles and fine droplets of Hg(0). Among the selected Hg species, the Hg(l1)-DOM
species had the highest mobility among the four Hg species evaluated, and HgS particles
(~230 nm hydrodynamic diameter) had the lowest mobility, for all soil and influent
conditions tested. The breakthrough behavior and eluted mass for Hg(0) was distinct from the
other Hg species, which may suggest that a slow but continual transport of separate phase
liquid elemental Hg(0) is possible in unsaturated porous media, or that dissolved elemental

Hg(0) is being mobilized to some degree.

e DOM in influent solutions facilitates the transport of Hg species in unsaturated porous

media.

The deposition rate constant, Kqmobile OF €ach Hg species was lower in simulated leachate
(high ionic strength and high DOM) compared to the simulated rainfall for all tested porous
media, indicating that the introduction of DOM facilitated the transport of Hg species in

porous media despite the higher ionic strength.

o Small fines in porous media significantly decrease the mobility of Hg species in

unsaturated porous media.
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In a model silica sand medium, the addition of 2 wt% clay particles to sand greatly retarded
the transport of all Hg species, especially under simulated rainfall. The clay particles in the
medium are highly effective at retarding the transport of particulate Hg species, but less

effective on dissolved Hg species, especially with high DOM in the column influent.

e Higher TOC content in the porous medium (soil organic matter) decreases the transport

of Hg species.

In a high TOC content soil under simulated rainwater, only Hg-DOM showed detectable
breakthrough after 11 pore volumes. The results indicate that particulate Hg species (e.g.,
Hg(0) and HgS nanoparticles) had limited transport in this organic rich porous medium using
simulated rainwater. It also suggests that Hg(ll)* can become strongly associated with
particle-associated organic matter in this soil matrix. Breakthrough of all Hg species was

lower than for a low TOC content soil.

Conclusions in Chapter 3: Impact of Hg Speciation on its Removal from Water by Activated

Carbon and Organoclay

e Hg speciation affected its removal from water by adsorbents. However, water quality
parameters, including the presence of DOM, cation type, and ionic strength, also affected

removal rates.

The presence of DOM reduced the removal of Hg(I1)* and HgS nanoparticles. Increasing the
ionic strength decreased the removal of Hg(l1)* species. In contrast, no apparent effect of
water quality parameters on the removal of Hg-DOM for the tested conditions was observed.

This indicates that using dissolved Hg(Il) as a “surrogate” species for assessing removal
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efficiency may not provide reliable estimates. The magnitude of the reliability will depend on

both the Hg species and the solution conditions.

e Adsorbent type affects the removal of Hg species from water by adsorbents.

We compared the efficacy of sulfur-impregnated organoclay (OC) with activated carbon and
sulfidized activated carbon to remove Hg from water. Organoclay had higher surface
reactivity, and could remove Hg species better than activated carbon or sulfur impregnated
activated carbon per unit surface area. However, OC was more susceptible to fouling by
NOM in water. Hg X-ray absorption spectroscopy results also indicate that the surface of the
organoclay is highly reactive with the adsorbed Hg species, resulting in the formation of a -
HgS phase for adsorbed Hg-DOM. Activated carbon did not result in a similar change in Hg
speciation for adsorbed Hg-DOM. Despite a prior report that carbon disulfide treated
activated carbon enhanced aqueous mercury adsorption, the differences between activated
carbon and sulfur-impregnated activated carbon samples used in this study were not

significant.

Conclusions in Chapter 4: Hg Speciation in Oil-Water Separator Effluent from Produced Water

Treatment and Effect of Hg Speciation on its Removal

The Hg speciation was determined in two different PW samples (PW1 and PW2) using
both serial filtration and solid phase extraction methods. The removal of amended Hg(ll) by

adsorbents was measured to evaluate the effect of Hg speciation on its removal.

e Hg species in produced water were highly concentrated in solids (floc) present in

produced water. However, most Hg was associated with the aqueous phase.
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The distribution of Hg between the phases present in produced water was determined. The
Hg concentration in the solid phase is 1.03 pg/g, while the Hg concentration in water phase is
~15 times lower at 0.07 pg/mL. However, the water phase represents 99.2 wt% of the

produced water sample so the majority of the mass of Hg is present in the water phase.

e Hg species in produced water was primarily particulate Hg.

The speciation of the Hg in produced water was determined. The majority (43% to 59%) of
the Hg species in the aqueous phase of PW was either particulate or associated with particles
naturally occurring in PW. Five percent or less of the Hg was able to pass through a 3 kDa
filter, suggesting that little Hg was not complexed with DOM having a MW>3kDa or

associated with solids.

e Hg species in produced water was mainly hydrophobic Hg.

Less than a quarter of the native Hg species in PW were hydrophilic, suggesting an
association of the Hg with hydrophobic moieties. The native Hg in PW is not likely HgS NPs
or Hg-DOM species given that these species are primarily hydrophilic. Moreover, these

species were unchanged over time by the PW composition when added to PW at 600 ppb.

e The ligands present in produced water can complex with Hg(ll) to form relatively weak

hydrophobic Hg species.

When 600 ppb hydrophilic Hg(lI1) species was amended in produced water samples, 33% of
the added Hg(ll) ions became hydrophobic Hg species in PW1 after 60 h of mixing. The
relatively slow complexation process suggests that the ligands in PW1 are not likely to be

strong ligands such as inorganic sulfide. When a competing ligand, glutathione, was added to
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the Hg(ll)-amended produced water, over 95% of the Hg species became hydrophilic,
indicating that HgH2(GSH),> complexes have a higher stability constant than most of the
hydrophobic Hg(l1) complexes formed in produced water samples. This implies that Hg may

also be complexing weakly with some organic acids via carboxyl groups in PW1.

e The change in Hg speciation to more hydrophobic Hg species decreased its removal

efficiency by the adsorbents used here.

The Hg(l1) added to the two different PW samples behaved differently, and this impacted its
removal from water by sorbents. In PW1, added Hg(ll) slowly became more hydrophobic
over time. This increase in hydrophobicity corresponded with a decreased in the ability to
removed Hg(ll) by adsorption to OC and activated carbon. In contrast, the added Hg(ll) in
PW?2 remained hydrophilic and there was no change in its removal efficiency over time. This
suggests that the change in Hg speciation to more hydrophobic species may be responsible
for the lower removal efficiency. This study suggests that filtration, followed by chemical
treatment to convert hydrophobic Hg species into hydrophilic species to improve the efficacy
of an adsorbent-based polishing step, may provide more effective Hg removal than trying to

treat hydrophobic Hg species.

e Activated carbon is a better adsorbent than OC in PW due to fouling of the OC by

organics in the PW.

Organoclay had a lower sorption capacity for the Hg species in produced water than ACs.
This is consistent with the results in chapter 3 indicating that the presence of DOM
significantly decreased the removal of Hg species by organoclay. This is likely a result of

fouling by the organic compounds present in the PW samples since organoclay also has high
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affinity for organic compounds. It may be possible to tune the surfaces of OC for optimal
performance in both Hg and hydrocarbon removal from produced water, but this was not

assessed in the current study.

The novel and most important findings in this dissertation are that: 1) Hg speciation has a
significant impact on its transport in unsaturated porous media. Hg-DOM transport in well sorted
sandy media with high dissolved organic matter flow through presents the greatest potential risk
of vertical migration of Hg. This study suggests that the speciation of Hg in a soil or sediment
and the permeability and organic content of the soil should be considered in assessing the
potential for migration in an unsaturated porous medium. 2) The Hg speciation (particulate Hg vs.
dissolved Hg species, dissolved Hg compound vs. dissolved Hg-DOM complexes, and
hydrophobic Hg vs. hydrophilic Hg) influences its removal from water dependent on the
environmental factors (e.g., presence of organic matter, ionic strength) and types of adsorbent
used. Both Hg speciation and the water quality parameters (organic ligands, ionic strength, and
ionic composition) should be considered when designing sorbent based emission controls to meet

Hg removal targets.

5.3 Recommendations for Future Research

The results from this research show that Hg speciation impacts transport in porous media
and the efficacy of Hg removal by adsorbents. To further understand the effects of Hg speciation

on its environmental behavior, future research needs are suggested.

Long term transport experiments are needed to test the mobility and potential
transformation of Hg species. As shown in this study, Hg-DOM has the highest mobility under

tested unsaturated porous media conditions while HgS nanoparticles have limited transport under
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the same conditions. At the same time, a slow but continuous transport was observed for Hg(0)
species under the experimental conditions tested. This suggests that in situ transformations of the
Hg species (e.g., sulfidation to form B-HgS or complexation with organic matter) after its
introduction to the environment may continually change the mobility of the Hg over time.
Therefore, experiments to understand the types of transformations, the conditions that lead to
those transformations, and the rates of transformation are needed to better understand (or model)
the transport and fate of Hg, and to better assess the risk of Hg species in unsaturated porous

media.

There are other important parameters (e.g., saturation condition, pH, and Eh) that may
affect the transport of Hg species in similar porous media. Research is needed to test the
influence of those parameters on the transport of Hg species. The current study suggested that the
air-water interface in the unsaturated porous media may capture Hg species. However, the exact
flow conditions in unsaturated columns are not clear. Further Hg transport experiments using
customized flow chambers to control saturation degree and flow paths can help us understand the
role of the soil-air and air-water interfaces on the transport of Hg species under unsaturated
porous media. pH will affect the dissolved Hg speciation and greatly impact the surface charge
and therefore the stability of HgS nanoparticles under porous media. Under extreme pH
conditions, HgS nanoparticles may become well dispersed and demonstrate a high mobility in

porous media. The effects of Eh on Hg speciation and transport should also be assessed.

This study showed that both Hg speciation and the water quality parameters (NOM
content, ionic strength, and ionic composition) should be considered when designing sorbent
based emission controls to meet Hg removal targets. In the field, flow-through treatment systems

are commonly used, and the mixing conditions in flow through systems are different from batch
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experiments. Thus, experiments conducted in flow-through systems with adsorbents as filtration

materials are needed to optimize the operation conditions (e.g., flow rate).

Studies about the toxicity and bioavailability of Hg species in the soil and Hg-associated
wastes are also needed to further understand their environmental risk. Hg X-ray absorption
spectroscopy shows that Hg-DOM was transformed to B-HgS when sulfur-impregnated
organoclays were used as adsorbents. But no transformation was observed for Hg-DOM on
sulfur-impregnated activated carbon. The transformation of Hg species may significantly affect
its toxicity and bioavailability when those Hg-associated solids are disposed, but this needs to be

determined experimentally

This study showed that the hydrocarbon composition of produced water can impact the
Hg speciation over time, and such Hg speciation changes determine the efficacy of Hg removal
from produced water using adsorbent-based technology. Studies are needed to identify the
competing ligands for Hg to help us understand the partitioning of Hg species in produced water
phases (water phase vs. micro emulsion). This study also showed that Hg was highly
concentrated in solid phase (floc), which likely involves microbial activity. Research to better
understand Hg bioavailability in produced water are also recommended to explore potential
biological techniques for Hg removal from produced water, or for transformation of those

species to other forms.
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Appendix A: Supplementary Information for Chapter 2

Al. Tracer Test Analysis

The hydraulic conductivity of the column medium was calculated using the equation Al,

VL
T Ath

(egn Al)

K = Hydraulic conductivity at 20°C (cm/s)

V = Volume of discharge (cm®)

L = Length of column (cm)
A = Cross section area (cm?)
t = Time of discharge (s)

h = Hydraulic head difference (cm)

Given the flow rate of 0.37 mL/min and effective porosity determined by tracer test results

(Figure Al), the average linear velocity of water was calculated using equation S2,

Q

neA

Uy = (egn A2)

v, = Average linear velocity (cm/s)
Q = Flow rate (mL/min)

= Cross section area (cm?)
n, = Effective porosity

Given L, v,, C/Cy and t, the coefficient of hydrodynamic dispersion can be determined by

least squares fitting of the tracer test breakthrough data using equation S3.
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L—v,t Uy L L+v,t
C== erfc (Z_DLt) + exp (D_L) erfc (zJD_Lt>] (egn A3)

C = Solute concentration at time t

C, = Initial solute concentration
L = Transport distance (cm)
D, = Coefficient of hydrodynamic dispersion

erfc = Complementary error function
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A2. Hg(Il)* Speciation Analysis

Hg(11)* concentration was calculated by assuming the added Hg was well mixed in the top

layer of the column (egn A4).

Mggndoped)

Chgan = (eqn Ad)

Vpore volume in the top layer of the column

The Hg speciation was determined using Visual MINTEQ by assuming equilibrium
conditions were reached. The Hg-DOM species was calculated by assuming the reaction of

below:

Hg(11)*+DOM=Hg-DOM log K=23.4L/kg!
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Table Al. Column experiment parameters and calculated deposition rates.

Column Influent Hg species | 4 ot Ka,overatl Kd,mobile
media solution Ng 70 (min™) (min™)
. 0.0165
Ho(Il) 39% 0.0207 +0.0014
Hg-DOM 25% 0.0298 200 Sgg
5 mM NaCl 00158
. .
Hg(0) 26% 0.0295 +0.0005
0.0837
#50sand Hos 0.4% 0.1406 +0,0036
. 0.0007
Hg(1!) 96% 0.0009 +0.0001
200 mM NaCl, | Hg-DOM 88% 0.0029 360(?02021
147 mg C/L 0.0003
humic acid Hg(0) 94% 0.0014 .+O
o | oom | 00
- 0.0377
Ho(11) 6% 0.0611 +0.0083
Hg-DOM 14% 0.0414 3005’;'153
5 mM NaCl 00825
Hg(0) 0.04% 0.1630 +0.01
" % A 0.0925
+0.0119
#50sand+clay 0.0023
Hg(11)* 91% 0.0021 +0.0001
200 mM Nacl, | Hg-DOM 81% 0.0054 2888?
147 mg C/L 0018
humic acid 0 ’
Hg(0) 22% 0.0327 +0.0013
0.0395
HgS 5% 0.0656 +0.0027
. 0.0742
Hg(1!) 2% 0.0826 +0.0037
Hg-DOM 69% 0.0078 3605)5)061
5 mM NaCl _0 6133
. .
Hg(0) 42% 0.0183 +0.005
0.0335
Low TOC soil HgS % 0.0632 +0.0034
0.0111
* 0
Hg(11) 45% 0.0169 +0.0008
200 mM Nacl, | Hg-DOM 78% 0.0052 3608)5051
147 mg C/L 00088
humic acid 0 :
Hg(0) 52% 0.0138 +0.0001
0.0279
Hgs 11% 0.0466 +0.0007
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Table Al (continued). Column experiment parameters and calculated deposition rates.

Column Influent Hg species | 4 ot Ka,overatl Kd,mobile
media solution Ng 70 (min™) (min™)
0.0652
* 0,
Hg(11) 0% N/A + 0652
Hg-DOM 56 0.0632 oos
5mM NaCl 6'0575
. .
Hg(0) 0% N/A + 0575
0.0526
High TOC soil HgS 0% N/A +.0526
N 0.0357
Hg(11) 13% 0.0431 +0.0031
200mM NaCl, | Hg-DOM 20% 0.0340 3605(55217
147 mg C/L _06296
humic acid :
Hg(0) 11% 0.0466 +0.0032
0.0431
HgS 2% 0.0826 +0.067

® L% c@ae is the percentage of total Hg mass that can break through the column until no
detectable Hg can be found in the following effluents;

122




Table A2. Calculated filtration length needed for removing each Hg species to different targets.

Column

Influent

Filter length needed (m)

media solution Hg species | 99% removal | 99.9% 99.99% 99.999%
removal removal removal
Hg(11)* 0.55+0.04 0.83+0.07 1.11+0.09 1.38+0.11
5 mM NaCl Hg-DOM 0.36+0 0.53+0.01 0.71+0.01 0.89+0.01
Hg(0) 0.57+0.02 0.86+0.07 1.15+0.04 1.43+0.05
#50sand HgS 0.13+0.01 0.19+0.01 0.25+0.01 0.32+0.01
Hg(11)* 12.81+1.2 19.22+1.81 25.63+2.41 32.03+£3.01
Z‘ﬁ;“r'[\]" '\éé}E' Hg-DOM 4.18+0.24 6.27+0.35 8.36+0.47 10.44+0.59
humicacid | MO 28.26+0.74 | 42.39+1.1 56.52+1.47 70.66+1.84
HgS 0.32+0.02 0.47+0.03 0.63+0.04 0.79+0.05
Hg(11)* 0.24+0.05 0.37+0.08 0.49+0.11 0.61+0.14
5 v NACl Hg-DOM 0.25+0.01 0.38+0.01 0.51+0.02 0.63+0.02
Hg(0) 0.1+0.01 0.16+0.02 0.21+0.03 0.26+0.03
#s0sand+clay HgS 0.1+0.01 0.15+0.02 0.2+0.03 0.25+0.03
Hg(11)* 3.94+0.24 5.91+0.36 7.88+0.49 9.85+0.61
223;“;\1/' 'gé;fl Hg-DOM 3.0240.1 4.53+0.15 6.04+0.2 7.55+0.25
humicgacid Hg(0) 0.5+0.04 0.75+0.05 1+0.07 1.25+0.09
HgS 0.23+0.02 0.35+0.02 0.46+0.03 0.58+0.04
Hg(11)* 0.12+0.01 0.18+0.01 0.24+0.01 0.3+0.01
5 v NaCl Hg-DOM 1.56+0.03 2.35+0.05 3.13+0.06 3.91+0.08
Hg(0) 0.96+0.04 1.44+0.06 1.92+0.08 2.4+0.1
Low TOC soil HgS 0.15+0.01 0.22+0.01 0.3+0.02 0.37+0.02
Hg(11)* 0.79+0.06 1.18+0.08 1.58+0.11 1.97+0.14
2235”%” 'gE' Hg-DOM 2.51+0.06 3.7840.1 5.03+0.13 6.29+0.16
humicgacid Hg(0) 0.99+0.01 1.48+0.02 1.98+0.02 2.47+0.03
HgS 0.31+0.01 0.47+0.01 0.63+0.01 0.78+0.02
Hg(11)* 0.14+0.03 0.21+0.04 0.27+0.05 0.34+0.07
5 M NaCl Hg-DOM 0.23+0.05 0.35+0.08 0.47+0.1 0.59+0.13
Hg(0) 0.15+0.02 0.23+0.03 0.31+0.4 0.38+0.05
High TOC soil HgS 0.17+0.04 0.26+0.07 0.34+0.09 0.43+0.11
Hg(11)* 0.25+0.02 0.38+0.03 0.51+0.04 0.63+0.05
223;“:[\1" ’\é"’/‘E' Hg-DOM 0.34+0.03 0.5+0.05 0.67+0.07 0.84+0.09
humicgacid Hg(0) 0.29+0.03 0.44+0.05 0.58+0.06 0.73+0.08
HgS 0.21+0.03 0.32+0.05 0.42+0.07 0.53+0.08
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Figure Al. Tracer test breakthrough curves. Tracer: 20 mM NaCl; Blue square symbols are the
raw data collected by in-line conductivity detector and the red lines represent the
least square fitting of the raw data using eqn S2. The similarity of the breakthrough

curve shapes suggests a similar water distribution in the different soils.
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Figure A2. lllustration of the method used to determine the deposition rate coefficient for the
mobile Hg mass introduced into Layer 1 for the column transport experiments. Co
was the mobile Hg concentration determined from the difference in mass of Hg in
Layer 1 at the end of the experiment compared to what was initially emplaced in this
layer. C was the mobile Hg concentration at the bottom of a layer n (n = 2-9) through
a segment length of L. C at the exit of each segment was calculated from a mass
balance on that segment and all segments above it, i.e., was determined by
subtracting the Hg mass deposited in n segments from total Hg mass entering layer 2.
For all Hg species under a specific column condition, a plot of In(C/Co) vs. L was
made, and the slope of the line formed was used to determine the mobile deposition

rate according to equation 2.2.
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Figure A3. Fitting of mean —In(C/Cy) vs. L for Hg species to determine Ky mopite-
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Hg(l)* species under simulated rain (0.005M NacCl)
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Figure A4. Dissolved Hg(I1) species (denoted as Hg(l11)*) under simulated rainwater (0.005 M

NaCl) condition. See speciation analysis method in A2.
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Hg(l)* species under simulated leachate (0.2M NaCl 147mg C/L)
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Figure A5. Dissolved Hg(Il) species (denoted as Hg(11)*) under simulated leachate (0.2 M NacCl,

147 mg C/L) condition. See speciation analysis method in A2.
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Figure A6. Intensity-weighted hydrodynamic radius of HgS nanoparticle stock solution as

determined from DLS (polydispersity index=0.35).
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Figure A7. The change in measured hydrodynamic radius vs. time for HgS particles in two
different column influent solutions, 1) 5 mM NaCl and 2) 200 mM NaCl + 147 mg

carbon per L DOC.
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Figure A8. Representative breakthrough curves (a and c¢) and deposition profiles (b and d) for
the four different Hg species in the unsaturated sand column. Column size: 9cm x
2.5cm; Medium: #50 Unimin sand; Influent chemistry for a and b: 0.005 M NaCl,
pH 7.5; Influent chemistry for ¢ and d: 200 mM NaCl + 147 mg C/L DOC, pH 7.5.

Lines are not model fits of data. They are only meant to guide the eye.
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Figure A9. Representative breakthrough curves (a and ¢) and deposition profiles (b and d) for

the four different Hg species in the unsaturated sand column. Column size: 9cm x
2.5cm; Medium: #50 Unimin sand (98 wt%) + clay (2 wt%); Influent chemistry for a
and b: 0.005 M NacCl, pH 7.5; Influent chemistry for c and d: 200 mM NaCl + 147

mg C/L DOC, pH 7.5. Lines are not model fits of data. They are only meant to guide

the eye.
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Figure A10. Representative breakthrough curves (a and c) and deposition profiles (b and d) for
the four different Hg species in the unsaturated sand column. Column size: 9cm x
2.5cm; Medium: low TOC soil from Alameda point, CA; Influent chemistry for a
and b: 0.005 M NacCl, pH 7.5; Influent chemistry for ¢ and d: 200 mM NaCl + 147
mg C/L DOC, pH 7.5. Lines are not model fits of data. They are only meant to

guide the eye.
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Figure All. Representative breakthrough curves (a and c) and deposition profiles (b and d) for
the four different Hg species in the unsaturated sand column. Column size: 9cm x
2.5cm; Medium: high TOC soil from Pittsburgh, PA; Influent chemistry for a and b:
0.005 M NaCl, pH 7.5; Influent chemistry for ¢ and d: 200 mM NaCl + 147 mg C/L

DOC, pH 7.5. Lines are not model fits of data. They are only meant to guide the eye.
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Appendix B: Supplementary Information for Chapter 3

B1. Reference compounds used for Hg EXAFS fitting

A total of 18 reference compounds containing minerals, salts, or organic species were
acquired as model compounds (see EXAFS spectra and provenance of the references in Figure
B3) for the LCF, including: o-Hg® (slow cooled), cinnabar (a-HgS), metacinnabar (B-HgS),
eglestonite (HgeCl3O,H), schuetite (Hgz0,SO,), Kkleinite (Hg.N(Cl, SO,4), mosesite (Hg>N(Cl,
SO4, M00O,, COg3)), terlinguite (Hg2OCIl), HgsS.Cl,, HgCl, HgO, HgSO4, HgCl, Hg-thiosulfate,
Hg-cysteine, Hg-glutathione (Hg-thiol), Hg(SR)4, Hg-phenyl and Hg-DOM. An additional
reference spectra contribution was added to the fit if both (i) its contribution to the signal was
above 10% and (ii) it reduced the %* and the R-factor values (i.e., quality factors, the lower their
value, the better the fit) by more than 20%. During the LCF, the energy was not allowed to vary,
and the fits were not forced to sum 100. The R-factor (Ry), indicates the variations between fit
and the data. We considerate a R¢ value higher than 0.1 as the indicator of flaws in the fit, or of a
low quality data. We also used the chi-square (y°) value, assessing the statistical quality of the fit.
y* is based on the differences between the data and the fit in comparison to the noise of the
spectra. A y°close to 10 (for the spline range we used), indicate that the difference between the

fit and the measurement is attributable to measurement uncertainty.
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Figure B1. EXAFS spectra k*y(k) at Hg-L(I11) edge of the reference compounds used for the
linear combination fits. References were either 1) given from the mineral collection
by Gordon’s Brown lab at Stanford university and has been used and characterized
in previous publications®™, 2) Hg-Cysteine!?, Hg-Glutathione®, Hg(SR)4* and p-
HgS™ were synthesized following published protocols, and the rest has been 3)

purchased as pure minerals from Sigma Aldrich or Alfa Aesar.
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Figure B2. XRD spectra for activated carbon (AC), sulfur-impregnated activated carbon (CSC),
organoclay (OC) and HgS nanoparticles. Collected for peaks matching (a): graphite
(C), (b) quartz (SiOy), (c) sulfur (S12), (d) kaolinite (AlSi,Os(OH)s), (e) tuhualite
((Na,K)Fe?*Fe**[SigO1s]), (f) potassium hydrogen sulfide (KSH) and (g)

metacinnabar (HgS).

138



Figure B3. TEM image of synthesized HgS nanoparticles with an average particle size of 10 nm.
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Figure B4. Particle size distribution of synthesized HgS nanoparticles determined by dynamic

light scattering.
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Table B1. Fitting results for Hg removal experiments using pseudo second order kinetic model.

5 mM NacCl 5 mM NaCl+1 mg C/L HA
Kk e R? k Qe R?
Hg(l1)* AC |3.2+0.7 0.63+0.03 0.993 | 3.8+0.5 0.55+0.01 0.998
CSC | 1.5+0.2 0.87+0.03 0.994 | 1.6+0.3 0.85+0.04 0.991
OC |1.0£0.2 0.99+0.06 0.984 | Cannot be fitted
HgS AC |1.0+0.6 0.72+0.18 0.890 |5.4+0.7 0.46+0.01 0.998
CSC | 5+2.7 0.53+0.04 0.976 | 3.1+0.6 0.56+0.02 0.993
OC |0.9+0.3 0.93+0.11 0.944 | 1.2+1.6 0.55+0.29 0.711
Hg-DOM AC | 6.6+2 0.44+0.02 0.991 |9.7+21 0.43+0.01 0.999
CSC | 5.4+0.7 0.47+0.01 0.999 | 11.3+7.1 0.46+0.02 0.991
OC |5.7+1.1 0.47+0.01 0.999 | 11+4.7 0.46+0.02 0.995
1.7 mM CaCl, 1.7 mM CaCl,+1 mg C/L HA
Kk e R? Kk Qe R®
Hg(l1)* AC |6.3£2.4 0.70+0.02 0.984 | 7.4+4.4 0.58+0.03 0.989
CSC | 2.3¢1.2 0.86+0.09 0.960 |29.8+19.3 0.58+0.02 0.982
OC |34%18 0.78+0.05 0.983 | Cannot be fitted
HgS AC |29+1.0 0.72+0.06 0.983 | 3.3+0.8 0.52+0.03 0.990
CSC | 3.2+15 0.71+0.06 0.973 | 4.4+1.1 0.47+0.02 0.992
OC |1.7+04 0.89+0.05 0.986 |3.1+1.1 0.49+0.04 0.972
Hg-DOM AC |2.2+0.3 0.65+0.02 0.994 | 2.1+0.4 0.64+0.03 0.991
CSC | 2.3+0.3 0.67+0.02 0.995 |3.3+x1.1 0.60+0.04 0.985
OC |1.9+05 0.68+0.04 0.985 | 2.7+0.1 0.63+0.01 0.999
200 mM NacCl 66.7 mM CaCl,
k O R? k Qe R?
Hg(l)* AC |2.9+0.7 0.56+0.03 0.994 |3.2+15 0.69+0.05 0.985
CSC | 2.0+0.5 0.60+0.04 0.988 | 0.5+0.2 0.84+0.15 0.913
OC |3.0+24 0.41+0.08 0.883 | Cannot be fitted
HgS AC |3.2+15 0.69+0.05 0.999 |2.9+1.2 0.63+0.05 0.992
CSC | 2.2+1.9 0.84+0.15 0.990 | 4.6+1.4 0.71+0.02 0.996
OC |15+12 0.80+0.30 0.986 | 2.5+0.2 0.83+0.01 0.993
Hg-DOM AC | 7.4£18 0.51+0.01 0.997 | 6.7+£3.3 0.51+0.03 0.988
CSC | 6.2+14 0.53+0.01 0.997 |5.3+0.8 0.59+0.01 0.998
OC | 7.0+25 0.51+0.02 0.994 | 3.5+1.8 0.62+0.06 0.967

The unit of k is [g mg™ h™*]; the unit of g. is [mg g™].
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Table B2. Surface area normalized fitting results for Hg removal experimental results using

pseudo second order kinetic model.

5 mM NacCl 5 mM NaCl+1 mg C/L HA
K T R? K T R’
Hg(lh)* AC | 0.005+0.002  0.001+0 0.993 | 0.005+0.001  0.001%0 0.998
CSC | 0.003+0 0.001+0 0.994 | 0.003+0 0.001+0 0.991
OC |0.43+0.09 0.41+0.03  0.984 | Cannot be fitted
HgS AC |0.001+0.001  0.001%0 0.890 | 0.007+0.001  0.001%0 0.998
CSC | 0.008£0.004  0.001+0 0.976 | 0.005+0.001  0.001%0 0.993
OC |0.39+0.14 0.39+0.05 0.944 | 0.49+0.66 0.23+0.12 0.711
Hg-DOM AC | 0.01+0.003 0.001+0 0.991 | 0.014+0.003  0.001%0 0.999
CSC | 0.009£0.001  0.001+0 0.999 | 0.018+0.011  0.001%0 0.991
OC | 2.37+0.47 0.19+0.005 0.999 | 4.41+1.94 0.19+0.007 0.995
1.7 mM CaCl, 1.7 mM CaCl,+1 mg C/L HA
k Oe R? K T R?
Hg(l1)* AC | 0.009+0.003  0.001+0 0.984 | 0.011+0.006  0.001%0 0.989
CSC | 0.004+0.002  0.001£0 0.960 | 0.049+0.032  0.001%0 0.982
OC | 1.40+0.73 0.32+0.02  0.983 | Cannot be fitted
HgS AC |0.004+0.002  0.001+0 0.983 | 0.005+0.001  0.001+0 0.990
CSC | 0.005+0.003  0.001%0 0.973 | 0.007+0.002  0.001%0 0.992
OC |0.69+0.17 0.37£0.02  0.986 | 1.3+0.46 0.21+0.02 0.972
Hg-DOM AC | 0.003+0 0.001+0 0.994 | 0.003+0.001  0.001%0 0.991
CSC | 0.004+0.001  0.001%0 0.995 | 0.005+0.002  0.001%0 0.985
OC |0.81+0.19 0.28+0.02  0.985 | 1.11+0.044 0.26+0.002 0.999
200 mM NacCl 66.7 mM CaCl,
k e R’ K Oe R’
Hg(lh)* AC |0.004+0.001  0.001%0 0.994 | 0.005+0.002  0.001%0 0.985
CSC | 0.003£0.001  0.001+0 0.988 | 0.001+0 0.001+0 0.913
OC | 1.25+0.99 0.1740.03  0.883 | Cannot be fitted
HgS AC | 0.005+0.002  0.001+0 0.999 | 0.004+0.002  0.001%0 0.992
CSC | 0.004+0.003  0.001+0 0.990 | 0.007+0.002  0.001%0 0.996
OC | 0.62+0.49 0.33+0.12  0.986 | 1.05+0.06 0.35+0.003 0.993
Hg-DOM AC |0.011+0.003  0.001+0 0.997 | 0.01+0.005 0.001+0 0.988
CSC | 0.01+0.002 0.001+0 0.997 | 0.009+0.001  0.001%0 0.998
OC |2.93+1.05 0.21+0.01  0.994 | 1.45+0.76 0.26+0.02  0.967

The unit of k is [g° mg™ m™ h™]; the unit of g is [mg g~ m™].
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Table B3. Linear combination Fit results. Rf : R-factor is a quality factor. The lower the value
the better the fit.

Initial speciation | Adsorbent Hg;thlol Hg-COy steine HgS(%) Sum (%) Rf
(%) (%)

AC 92 +3 92 0.04

Hg-DOM SAC 88+ 6 27+4 115 0.07

oC 107 +£5 107 0.02
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Appendix C: Supplementary Information for Chapter 4

Table C1. Total mass distribution of Hg in each phase of produced water.

Percentage of Total Hg in

Sample Total Hg
each phase

Water phase

0.07 £ 0.02 pg/mL 89.5%
(99.2%wt/wt)
Solid phase

1.03 + 0.35 ug/g 10.5%

(0.8%wt/wt)
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Figure C2. Produced water one (PW1) phase separation.
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