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Abstract

This thesis evaluated the feasibility and performance of electrode-based technologies for
managing environmental contaminants. Specifically, research presented here focuses on
the use of electrodes for in situ sediment remediation, and for the selective removal of

bromide from brines produced in hydraulic fracturing.

Sediment capping is an in situ remediation strategy to contain contaminants. Compared
to traditional sand and sorbent-amended caps, reactive caps capable of transforming
contaminants may improve the remediation efficiency. However, few materials that can
provide long-term contaminant degradation are available for use in sediment caps. An
electrode-based reactive cap using carbon electrodes as the reactive capping material is
proposed in this study to stimulate abiotic and biotic contaminant degradation in situ. A
thorough understanding of factors affecting cap performance is essential to apply such
reactive caps in the field. The primary objectives of study presented here for reactive
sediment capping are to demonstrate the ability of an electrode-based reactive cap to
degrade sediment contaminants, to identify factors affecting contaminant degradation,

and to investigate the impact of powered electrodes on contaminant biodegradation.



Preliminary results in this study demonstrated a laboratory scale simulated sand cap
containing carbon electrodes connected to a DC power supply induced and maintained
redox gradient in Anacostia River sediment for more than 100 days. Hydrogen and
oxygen were produced by water electrolysis at the electrode surfaces and may serve as
electron donor and acceptor for potential contaminant degradation. The hydrogen
production rate was proportional to the applied voltage between 2.5 and 5 V, and not
greatly affected by pH or the presence of metal cations. Increasing ionic strength and

addition of natural organic matter promoted hydrogen production.

Complete nitrobenzene (NB) degradation was achieved in batch reactors with graphite
electrodes. NB was stoichiomtrically reduced to aniline (AN) at the cathode with
nitrosobenzene (NSB) as an intermediate, followed by rapid oxidization of AN at the
anode. The reduction rate of NB and NSB were enhanced by increasing the applied
voltage between the electrodes from 2V to 3.5V, but diminishing returns were observed
above 3.5 V. NB and NSB reduction rate constants were faster at lower initial NB
concentrations. Humic acid and simulated Anacostia River sediment porewater both

affected the degradation rate, but only to a limited extent (~factor of 3).

The effect of powered electrodes on contaminant biodegradation rates was investigated

in sediment slurry using 2,4-dichlorophenol (DCP) as a probe compound. DCP was
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reductively transformed to 4-chlorophenol in sediment slurry with powered or
unpowered electrodes. Graphite felt electrodes did not change DCP removal rates in
nutrient-amended sediment slurry and carbon paper electrodes decreased DCP removal
rate in unamended sediment slurry. The observed negative effect of powered electrodes
on DCP biodegradation rate may be caused by hydrogen production and increase of
sediment pH near the cathode, since an increase of either hydrogen concentration or pH
was found to depress the dechlorination rate in unamended sediment slurries without

electrodes.

Another application of electrode-based contaminant removal technology evaluated in
this study is selective bromide removal from mining brine produced in hydraulic
fracturing of shale gas. Such brine (referred as “flowback” and “produced” water) has
raised a number of environmental and human health issues. An important health
concern associated with the brine is its high bromide concentration (~1g/L). If the brine
is discharged to receiving waters that serve as drinking water sources, the bromide in it
can lead to the formation of carcinogenic brominated disinfection byproducts (DBPs)
during water treatment. However, the co-existence of other ions in the mining brine,
especially chloride as high as 30-200 g/L, makes selective bromide removal technically

challenging.
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This study investigated the feasibility of using electrodes for selective bromide removal
from mining brine. In this process, bromide is selectively oxidized to form bromine,
without causing chloride and water oxidation. The bromine can then be outgassed from
the solution and recovered. Results suggest that it is possible to selectively remove
bromide from the brine at a relatively fast rate (~10 h'm?for produced water and ~60 h-
'm?2 for flowback water), and with good current efficiency (60-90%) at reasonable
energy costs (6 kJ/g Br). Although the presence of chloride and other brine components
decreased the bromide removal rate compared to synthetic bromide solutions, the
process parameters measured suggest that selective bromide removal from mining

brines is feasible utilizing mature technologies used in the chlor-alkali process.
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Chapter 1. Introduction

This thesis investigates applications of electrode-based technologies for managing
environmental contaminants. Specifically, research presented here focuses on the use of
electrodes for in situ sediment remediation, and for selective removal of bromide from
brines produced in hydraulic fracturing. These applications are closely related and rely
on the same underlying electrochemistry principles, but are employed in distinct
environment matrices and thus have significantly different design and operational
considerations. Therefore, these two applications are introduced in this chapter

separately.

1.1 Introduction to electrode-based reactive caps for contaminated

sediment management

1.1.1 Sediment contamination

Aquatic sediment contamination is a ubiquitous problem and requires innovative
solutions to manage and contain the contaminated sediments to mitigate adverse effects.
Sediment consists of a variety of materials that by gravity settle out of the water
columns of rivers, lakes, estuaries and oceans, and accumulate. Sedimented materials
include sand, silt, clay, organic matter, or other minerals. The close contact with the

water column makes sediment both a dynamic source and sink for contaminants, which



may adversely affect human health or the environment. Sediment is the habitat of many
aquatic species at the base of the aquatic food web, and thus has significant impacts on
the health of aquatic food chain. As estimated by the U.S. Environmental Protection
Agency in 1998, of the 12 billion cubic yards of total surface sediment (upper five
centimeters) in the US, approximately 10 percent (1.2 billion cubic yards) is sufficiently

contaminated with toxic pollutants to pose significant health risks [1].

1.1.2 Important sediment contaminants

Sediment contamination comes from multiple sources that discharge to receiving
waters including: industrial waste and municipal sewage; storm water runoff from city
streets, farms, mining operations, waste dumps, industrial manufacturing and storage
sites; dry and wet atmospheric deposition; contaminated ground water discharge, and
contaminants from surface water [1]. Heavy metals and metalloids, polycyclic aromatic
hydrocarbons (PAHs), pesticides, polychlorinated biphenyls (PCBs), and other organics
are the most frequently reported contaminants in sediments (Table 1-1). Hydrophobic
organic contaminants that have accumulated in sediment are released slowly into the
water column as can act as a long-term low level source of contamination into the food
web. Although some contaminants do attenuate, the degradation rates are generally

slow, and these chemicals tend to persist in sediment for long time. The use of many



contaminants such as DDT, PCBs and mercury were banned or restricted decades ago.
However, they remain in the sediment and cause adverse effects to aquatic organisms

and to human health.

Table 1-1. Frequency of contaminant sub-group in sediment sites

(Table reproduced from USEPA report [2])

Contaminant Sub Group Number of sites Percentage (%)
Metals 913 81.01
Miscellaneous Inorganic and Organic Compounds | 449 39.84
Polynuclear Aromatic Hydrocarbons (PAHs) 445 39.49
Pesticides 369 32.74
Non-halogenated Volatile Organic Compounds

(VOCs) 263 23.34
Non-halogenated Semivolatile Organic

Compound (SVOCs) 242 2147
Halogenated VOCs 211 18.72
Polychlorinated biphenyls (PCBs) 165 14.64
Benzene, Toluene, Ethylbenzene, Xylenes (BTEX) 151 13.4
Phenols 84 7.45
Halogenated SVOCs 58 5.15
Explosives and Propellants 38 3.37
Other Organic (Coal Tar, Creosote) 4 0.35
Radioactive Materials 3 0.27
Other 2 0.18
No Group Determined 1 0.09

Notes: Data were available for 1,127 sites
Source: DOD, Office of the Under Secretary




1.1.3 Electrode-based reactive capping for sediment remediation

To address sediment contamination, various remediation technologies have been
developed and applied. A more complete review of available remediation strategies,

with their advantages and limitations, is available in Chapter 2.

Several electrode-based techniques have been studied and applied for contaminated site
remediation (typically for in situ groundwater treatment), as summarized in Chapter 2.
In this work, an electrode-base reactive cap is proposed for degrading contaminants
moving into the cap, and containing contaminants in the underlying sediment. In brief,
the electrodes are placed in the sand cap above the sediment, perpendicular to the

direction of seepage flow and contaminant transport (Figure 1-1).

Cap — Water Interface

Sediment — Cap Interface

Figure 1-1. Conceptual model for the electrode-based reactive sediment cap with

contaminants reduction near cathode and oxidation near anode
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As contaminants migrate into the cap, they will be exposed to a reducing environment
in the vicinity of the cathode, followed by an oxidizing environment in the vicinity of
the anode (the opposite order can also be created by reversing the polarity of the
electrodes). Both magnitude and thickness of the reducing and oxidizing zones created
by the electrodes will, in principle, be controllable in real time by manipulating the
applied voltage. Thus, for a constant seepage velocity the residence times of
contaminants within these zones are scalable. In this manner, the electrode-based
sediment cap may be specifically engineered and adjusted for targeted degradation of
contaminants or their mixtures on a site-by-site basis. The electrodes polarized at low
voltage will accelerate both organic and inorganic contaminants degradation by, 1)
rapidly establishing and maintaining a controllable redox gradient within the cap; 2)
reducing or oxidizing contaminants electrochemically on the electrode surface; and 3)
providing electron acceptor and donor to stimulate contaminant biodegradation. The
three proposed functions of the electrode-based reactive cap have the potential to

specifically address several typical challenges encountered in sediment remediation.

First, depending on the nature of contaminants, the degradation processes are
commonly limited by the availability of either electron donor (e.g., for heavy metal or
chlorinated solvent stabilization) or electron acceptor (e.g., for hydrocarbon oxidation).

Instead of delivering the donors/acceptors by pumping or mixing chemicals into the



sediment as other biological/chemical treatments do, the electrodes within the cap can
continually provide low concentrations of donor/acceptor at the sediment-water
interface. Hydrogen and oxygen from water electrolysis can be utilized as electron
donor and acceptor, respectively, by broad groups of bacteria. The electrodes
themselves may serve as an electron donor or acceptor. Bacteria have been shown to

respire on various electrodes in the presence of contaminants [3-5].

Second, for some contaminants complete contaminant degradation and mineralization
may only be feasible through sequential reduction and oxidation. For example, in a
reducing environment tetrachloroethene (PCE) may be sequentially dechlorinated to
trichloroethylene (TCE), dichloroethene (DCE), and vinyl chloride (VC). However, VC
may accumulate under reducing conditions but mineralize in an oxidized environment
[6]. Similarly, polychlorinated biphenyl (PCBs) may undergo partial, reductive
dechlorination [7], and the resultant lightly chlorinated PCBs become susceptible to
aerobic biodegradation [8]. Typically sediments are dominated by reducing conditions,
with a few centimeters (at most) of an oxidized layer at the sediment-water interface.
This thin oxidized layer is too thin to provide sufficient residence time for degradation
of many contaminants [9]. The electrodes can create, and microorganisms can help to

maintain, a redox gradient in the cap, which may not develop spatially or temporally



under natural conditions, providing the necessary residence times through the

reductive and oxidative zones for specific contaminant transformation to be engineered.

Third, the observance of contamination in mixtures confounds single-approach
remedial or sequestration designs. For example, polyaromatic hydrocarbons (PAHs)
contamination is often accompanied by heavy metals. While an aerobic environment is
optimal for oxidizing PAHs to CO:, an anaerobic environment is needed for heavy
metals reductive immobilization. This challenge may be met through the electrode-
based reactive sediment cap which provides precise control of disparate redox
conditions and may be tuned for simultaneous delivery of electron donor and acceptor

for stimulating contaminant degradation.

1.1.4 Data gaps for electrode-based reactive sediment cap

There are many questions that need to be answered before the electrode-based reactive

sediment caps can be applied at field scale, including;

(I)  Can electrodes emplaced at the sediment-water interface provide electron donor
and acceptor and control redox conditions to promote contaminant degradation?

(2) Can electrodes provide abiotic oxidation/reduction of contaminants?



(3) Can electrodes stimulate appropriate microbial communities to enhance
biodegradation?

(4)  Can the contaminant degradation rate in the cap be manipulated by adjusting the
applied voltage?

(5) How do sediment geochemical conditions affect short- and long-term reactivity
of the cap?

(6)  Which electrode materials will be suitable for such a cap?

(7)  How does construction and operation cost for such an electrode cap compare to

other remediation technologies?

Work in this thesis addressed questions (1)-(4) to determine the feasibility of the
approach, and question (5) to understand the performance of the cap under different
site conditions. Question (6) and (7) are important for cap design, but were not

investigated in detail in this thesis.

1.1.5 Objective and tasks

The main objective of this thesis work is to assess the feasibility of using carbon
electrodes as reactive sediment caps. Specifically, the ability of a carbon electrode-based

sediment cap to control the redox gradient near the sediment-water interface, to deliver



electron donor/acceptor, and to stimulate both abiotic and biotic degradation of
contaminants in the presence of common sediment porewater constituents were

determined.

Three tasks associated with the research objectives are summarized here.

Task 1: Demonstrate the ability to control redox conditions and produce hydrogen as
electron donor in an electrode-based sediment cap, and determine geochemical factors

affecting the hydrogen production rate.

Task 2: Evaluate the ability of abiotic degradation by sequential reduction/oxidation of
nitrobenzene on electrodes, and determine the electrode operating parameters and

geochemical conditions affecting the degradation rate.

Task 3: Determine the effect of powered electrodes on dechlorination of 2,4-

dichlorophenol in a sediment slurry.

Polarized carbon electrodes were evaluated to determine their suitability for use in an
electrode-based reactive sediment cap. Although noble metal electrodes usually have

higher catalytic reactivity for contaminant degradation, inexpensive carbon is more



likely to be employed for sediment applications. Also, carbon electrodes are less
sensitive to catalyst poisoning. Thus, several different carbon materials were examined

as electrode material.

1.2 Introduction to electrode-based bromide removal from mining

brine

1.2.1 Mining brine production and properties

Large volume of mining brine is produced by shale gas hydraulic fracturing. In order to
liberate natural gas trapped in low-permeable shale, aqueous fracturing fluid is
pumped underground to fracture the rock. When cracks form to enable natural gas
release, the injected liquid returns to the surface as concentrated brine, which is referred
to as “flowback water” and “produced water”. "Flowback water” is the brine recovered
from the well at the early stage of well installation, while produced water is the brine
recovered from the well during well gas production [10]. Rapid development of the
onshore natural gas exploration in deep shales (e.g., Barnett Shale in Texas, Marcellus
Shale in northeast US) poses challenges for managing those brines to protect
groundwater and surface water, and to ensure sustainable gas production without

negative environmental effects.
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The amount of fracturing fluid injected in a typical hydraulic fracturing procedure for
shale gas mining is 18 to 55 million barrels per year, or 19-40 barrels per million cubic
feet gas (1 barrel = 42 gallon). Of the injected fracturing fluids, ~25% returns to the
surface in the Marcellus shale during the initial phase (generally regarded as the first 30
days) of flowback [11]. The produced mining brine contains high concentration of total
dissolved solids (TDS) as high as 5 times of concentration in sea water, as well as
organic matter such as heavy and light petroleum hydrocarbons. The example of

constituents in flowback water from Marcellus Shale gas production is summarized in

Table 1-2.

The management of mining brine has become an emerging public health and
environmental concern, because the high concentration of salinity, hardness, heavy
metals, and the existence of other components (including radionuclides, oil, bacteria,
and potentially problematic ions such as bromide and iodide). These components may
significantly change the properties of the water bodies receiving the mining brine
discharge. Currently, dilution and surface discharge after primary treatment, deep well
injection, reuse for on-site hydraulic fracturing, and road spreading for dust or ice
control are favored disposal methods for the mining brine. However, deep well
injection is limited by the availability and capacity of suitable injecting sites, reuse for

on-site hydraulic fracturing is limited by the distance between wells producing water

-11 -



and requiring water, and surface discharge and road spreading may cause potential
human health and environmental risks, mainly due to the presence of bromide,
radioactive materials and heavy metals. Thus, new cost-effective methods must be

developed to manage the concentrated shale gas mining brine.

Table 1-2. Concentrations for selected common constituents of flowback water from
natural gas development in the Marcellus Shale
(Table reproduced from [10], the data were obtained from flowback water from several

production sites in western Pennsylvania)

Constituents Low! (mg/L) Medium? (mg/L) High® (mg/L)
Total dissolved solids 66,000 150,000 261,000
Total suspended solids 27 380 3200
Hardness (as CaCO3) 9100 29,000 55,000
Alkalinity (as CaCO3) 200 200 1100
Chloride 32,000 76,000 148,000
Sulfate ND3 7 500
Sodium 18,000 33,000 44,000
Calcium, total* 3000 9800 31,000
Strontium, total 1400 2100 6800
Barium, total 2300 3300 4700
Bromide 720 1200 1600
Iron, total 25 48 55
Manganese, total 3 7 7

QOil and grease 10 18 260
Notes:

1. “Low” concentrations are from early flowback at one well.

2. “Medium” concentrations are from late flowback at the same well for which the “low” concentrations
are reported.

3. “High” concentrations are the highest concentrations observed in late flowback from several wells with
similar reported TDS concentrations.

4. Total concentration = dissolved phase + suspended solid phase concentrations.

5. Not detected
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1.2.2 Significance of bromide removal in mining brine

Among the mineral components in mining brine, bromide has drawn particular
attention. A water body receiving the high concentration of bromide (either by direct
discharge or road runoff loaded with brine spreading) may be considerably degraded in
quality as a drinking water source because the presence of bromide leads to formation

of carcinogenic brominated disinfection byproducts (DBPs).

DBPs are formed during drinking water disinfection when disinfectants (such as
chlorine) react with bromide and/or natural organic matter present in the source water.
Bromide can serve as the precursor of many DBPs which are suspected carcinogens,
such as bromate, brominated trihalomethanes (THMs) and brominated haloacetic acids
(HAAs). These brominated DBPs form through two steps: aqueous chlorine first
converts bromide in the water to hypobromous acid, and the hypobromous acid can
then react with the organic matter in the same way as hypochlorite acid to form various
bromochlorinated DBPs. Generally, bromine is more effective than chlorine in
participating in substitution reactions with organic molecules, and high concentration
of bromide will favor the formation of brominated DBPs over the chlorinated species.
Since the brominated DBPs are considered more carcinogenic than their chlorinated
analogues [12], it is important to remove the high level of bromide in mining brine

before surface discharge.
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In southwestern Pennsylvania, associated occurrence of increase in brominated DBPs,
TDS and bromide concentration has already been observed in drinking water utilities
using the Monongahela River [13] and Allegheny River [14] as source water, which
received mining brine discharge from Marcellus Shale. This event lead to a request
issued by Pennsylvania Department of Environmental Protection forbidding mining
brine discharging from the Marcellus Shale gas mining to Chapter 95 exempt facilities
without bromide removal capability. It also leads to a request by the Water Users
Advisory Committee of the Ohio River Valley Water Sanitation Commission to develop
bromide control and concentration standards [15]. To help ensure drinking water safety
in the region, it will likely be necessary to have bromide levels regulated in regions with
shale gas mining and to restrict concentrated mining brine direct discharges to surface
and ground water. To achieve this, economical methods to remove bromide for the

mining brines prior to disposal are needed.

Currently available water treatment technologies for bromide removal are reviewed in

Chapter 2. The unique quality and quantity of the mining brines creates special

challenges for these methods [10], and new methods are needed.
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1.2.3 Electrode-based selective bromide removal from mining brine

In this study, electrolytic bromide oxidation to bromine is proposed for selective
bromide removal from mining brine. The anode potential is precisely controlled to
ensure bromine generation without chlorine and oxygen generation, based on the fact
that the oxidation of bromide is thermodynamically favorable at potentials that are

lower than required for the oxidation of chloride and water (Equation 1-1 to Equation

1-3) [16].
2Br = Br,(aq)+2e’ E°=1.087V Equation 1-1
2CI" = Cl, (aq)+2e" E°=1.358V Equation 1-2
2H,0 = 0, (aq)+4e +4H" E°=1.229V© Equation 1-3

The bromide-containing brine is processed in an electrolyzer, with the anode and
cathode chambers separated by a cation-permeable membrane. Bromide is oxidized to
bromine at the anode (Equation 1-1). The produced bromine can be bubbled out of the
electrolyte and recovered in separate containers, which can be commercialized for many
applications, such as the production brominated flame retardants, gasoline additives,
pesticides, and applied in medical and veterinary use. The bromide-depleted effluent

from the anode then enters the cathode where the protons are reduced to form

® The listed values are standard equilibrium potentials. However, due to the over potential required for
many common electrode materials, oxygen generation usually take place at potential near 2V.
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hydrogen gas (Equation 1-4). The brine first enters the anode because the cathode
effluent has a high pH due to consumption of protons, whereas the bromine separation
requires acidic conditions. The complete process is illustrated in Figure 1-2.

2H"+2e" = H,(aq) E°=0V Equation 1-4
Compared to the industrial bromide production process which runs at high potential to
oxidize chloride to chlorine first, and use chlorine to oxidize bromide to bromine, the
direct bromide oxidation process utilized in this study has the advantage of requiring
less energy input, not only because the less electric potential needed for bromide
oxidation than chloride oxidation, but also no excess reagent (chlorine) has to be
produced or added to drive complete bromide removal. The elimination of chlorine
involvement also makes this technology cleaner and safer, and easier to purify the
produced bromine as a commodity. The high TDS in mining brine also offers a natural
supporting electrolyte so ohmic loss is minimized. The produced bromine and
hydrogen can be collected as valuable byproducts for commercial use to recover some

of the cost of brine treatment.
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1.2.4 Data gaps for electrode-based bromide removal from mining brine

Although bromide oxidation has been developed for the bromine industry and for
drinking water treatment, these approaches cannot be readily applied in mining brine
management. Industrial bromide oxidation (both by chlorine and by electrodes) focuses
on bromine production and is not aimed at removing bromide to very low levels as is
needed for treatment of the processed brine. The studies for drinking water treatment
only worked in water with simple components (low salt, low hardness, and low organic

matter), which may not be applicable for the complicated water chemistry of the mining
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brine. In order to apply the electrode-based bromide removal technique in brine

management, several questions need to be answered.

(1)  Can electrodes selectively oxidize bromide only, without causing chlorine and
oxygen production?

(2)  What current efficiency and percentage removal can be achieved?

(3)  How will the components in mining brine (e.g., hardness, organic matters) affect
bromide removal?

(4)  What are the most cost-effect design and operation parameters (e.g., electrode
potential, hydraulic retention time, electrode surface area per reactor volume, etc.) for

selective bromide oxidation?

Questions (1)-(3) are investigated in bench scale batch reactors. Question (4) is briefly
discussed at the end of this study. Further understanding of an electrolysis system may
perform under flow conditions at large scale would also be needed for a comprehensive
evaluation of the effectiveness in bromide removal. Questions about bromine recovery
and utilization are not listed above, because this process is probably independent of the

mining brine nature, and have been well developed by the bromine industry.
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1.2.5 Objectives and tasks

The main objective of this thesis work is to determine the feasibility of selective bromide
electrolysis in mining brine with high salinity and other unknown content, and to make

preliminary energy estimates for a scaled up process for treating mining brine.

One tasks associated with this research objective is:

Task 4: Evaluate the feasibility of using electrodes to selectively remove bromide in
mining brine, including verify selective bromide oxidation in presence of high
concentration of chloride, investigate the effect of chloride concentration on bromide
removal results, compare bromide removal effect in actual mining brine and pure
bromide/chloride solution, and do a general estimation of required electrolyzer

configuration, operation condition and energy cost.

Carbon materials were selected as electrodes because of their relatively low cost and

stability.

1.3 Dissertation overview

This dissertation is presented in seven chapters and four appendices. The core of the

dissertation consists of Chapter 3, 4, 5 and 6, which comprise materials either published
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or prepared for publication in peer-reviewed journals. Chapter 1 provides an
introduction to the work, brief background information and research objectives as well
as the research tasks that were performed. Chapter 2 summarizes available technologies
in contaminated sediment remediation, bromide removal and other related electrode-
based technologies used for remediation. Chapter 7 contains conclusions, novel
contributions, environmental implications of this work, and suggestions for future work.

A summary of chapters 3 to 6 and the appendices are listed below.

Chapter 3 presents the study on redox control and hydrogen production in the
electrode-based sediment cap. This material, written by Mei Sun and co-authored by Fei
Yan, Ruiling Zhang, Danny D. Reible, Gregory V. Lowry, and Kelvin B. Gregory, was
published in Environmental Science & Technology in 2010 under the title “Redox control

and hydrogen production in sediment caps using carbon cloth electrodes” [17].

Chapter 4 investigates the ability of electrodes to abiotically reduce and oxidize the
model compound (nitrobenzene) under various conditions relevant to sediment
environments. This material, written by Mei Sun and co-authored by Danny D. Reible,
Gregory V. Lowry, and Kelvin B. Gregory, was published in Environmental Science &

Technology in 2011 under the title “Effect of applied voltage, initial concentration and
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natural organic matter on sequential reduction/oxidation of nitrobenzene by graphite

electrodes”[18].

Chapter 5 evaluates the effect of electrodes in biodegradation of another model
compound (2,4-dichlorophenol) in sediment remediation. This material, written by Mei
Sun and co-authored by Gregory V. Lowry, and Kelvin B. Gregory, is under

preparation for possible publication.

Chapter 6 assesses the feasibility of using selective oxidation by electrodes to remove

bromide from mining brine. This material, written by Mei Sun and co-authored by

Gregory V. Lowry, and Kelvin B. Gregory, is under preparation for publication.
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Chapter 2. Background

For both the case of contaminated sediment (and other porous environmental matrices)
remediation and aqueous bromide extraction, there are several currently available
technologies. Some of them are electrode-based and the rest rely on other
physical/chemical/biological techniques. This chapter summarizes the traditional and
novel strategies used for sediment remediation and halogens extraction, as well as the
development of electrode-based contaminants removal applications, which set up a

comprehensive background for the research presented in this thesis.

The subjects reviewed in detail below, include:

2.1 Electrode-based aqueous contaminants removal and subsurface remediation
2.2 Sediment remediation technologies

2.3 Electrode-base chloride/bromide oxidation

2.4 Other bromide removal methods

In many of the topics reviewed below, there are numerous papers, reports and patents.
Limited by the length of this dissertation, only a few representative ones are cited for
each topic to briefly summarize the general principles, configurations and applicable

situations of each technology.
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2.1 Electrode-based aqueous contaminants removal and subsurface
remediation

Electrochemical technologies have significant contribution to improve our environment
quality, including remediation/decontamination, electrochemical sensors for monitoring
toxic substance, clean energy generation, and environmental benign chemistry. Some
electrode-based technologies in contaminants removal sharing similar principles and/or
configurations as the proposed electrode-based systems in this work are summarized
here. These electrochemical treatment have been developed for removing contaminants
from environment matrices, including in situ application by inserting electrodes into the
contaminated subsurface (soil or sediment), and ex situ treatment of contaminated water

or liquid extractant from the contaminated subsurface.

Electrokinetic process

Electrokinetic processes were explored for the remediation of metals [19, 20],
radionuclides [21] and organic contaminants [22] in soil, as well as in wastewater
treatment sludge [23] and sediment [24]. In brief, an electric field is applied across
electrode pairs that are vertically implanted into the ground on each side of the
contaminated soil (Figure 2-1). Dissolved species desorb from soil particles and
transport towards the electrodes via electroosmosis, electromigration, and

electrophoresis. After accumulating the contaminants near or on the electrodes,
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secondary processes can be utilized to stabilize or recover the contaminant. For example,
electroplating or precipitation may be used to immobilize metals, pumping can be use
to treat dissolved compounds, and complexing with ion exchange resins may be
utilized for removing charged species from the subsurface [25]. Electrokinetic process
may be improved by adding surfactants and/or complexing agents to promote
contaminant solubility and transport and recover properties [26]. Recent evolutions
combine the electrokinetic process with permeable reactive barriers [27], bioremediation
[28], chemical reduction/oxidation [29] or phytoremediation [30]. The application of
electrokinetic process is limited by the availability of drilling or implementation
technology to install the electrodes. This is especially problematic in sediment
environments where contaminants are broadly dispersed. Extraction of enriched
contaminants around the electrodes from underwater sediment is also more challenging
than in soils. Besides, sediment also has a high organic carbon content which may
tightly trap organics and metals, and make contaminants moving toward electrodes
slow. All these factors limit the application of electrokinetic process in sediment

remediation.
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Figure 2-1. Conceptual model for the electrokinetic process

(Figure adapted from [31])

Although sharing similar configuration, the electrokinetic process functions differently
than the proposed electrode-based sediment caps in this work. The electrokinetic
process relies on altering the contaminants flux to enrich and extract the contaminants
around the electrodes, while the reactive cap is designed to sequester and degrade the
contaminants passing through without significantly altering the contaminant transport
properties. Thus, electrodes for electrokinetic migration are emplaced at much greater

distances from each other (across the entire contaminated area) than the electrodes for a
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reactive cap which are only a few centimeters apart. This difference in configuration
leads to a difference in energy requirements: with the voltage gradient in range of
several V/cm [32], the electrokinetic process needs much higher voltage (40-200 V) than

the reactive cap (a few volts).

Lasagna process

The Lasagna process is a variation of the traditional electrokinetic approach. It is so
called because of its layered arrangement of electrodes and multiple treatment zones
(Figure 2-2). Contaminants move in soil pore water due to a potential gradient imposed
by the electrodes in the same way as in electrokinetic treatment. However, rather than
cumulating the contaminants around the electrodes, in Lasagna process, permeable
treatment zones are constructed between contaminated zone and electrodes, where the
contaminants can be removed by adsorption, immobilization, or degradation. The
process is especially effective for remediating low-permeability soils, or heterogeneous
soil. Both vertical and horizontal configurations have been conceptualized, but

tieldwork to date is more advanced for the vertical configurations [33].

-26 -



(@)

Degradation zone

Water and colloids

o+ Ajddns jamod

(b)

€

5 Power supply

auoz uonepelbag

Water and colloids

Figure 2-2. Conceptual model for the (a) horizontal and (b) vertical Lasagna process

auoz uonepeibaq

(Figures adapted from [33])

-27-



Like the general electrokinetic process, the Lasagna process also heavily disrupts the
local pore water flow, and the contaminants treatment occurs in a specifically defined
treatment zone, which is different from the electrode sediment cap where the

decontamination takes place on and in the vicinity of the electrodes surface.

Electrolytic treatment of contaminated water/wastewater and porous media

Electrolytic treatment focuses on the oxidation or reduction of contaminants to
transform the contaminants. Electrolytic reactions have been extensively studied for the
removal of a variety of compounds from wastewater [3, 34-36] as well as in porous
media [37-39]. Electrochemical degradation of contaminants taking place in porous
media undergoes the same chemical oxidation/reduction reactions as in water, but
surface phenomena (such as adsorption/desorption and mass transfer resistance in soil
or sediment pores) make the overall process in porous media more complicated. Lab-
and pilot- scale studies have been established on the metals immobilization [4],
chlorinated solvents dechlorination [40, 41], aromatics oxidation [5], etc.. In some of the
electrolytic process, indigenous or cultured microbes were added to the treated soil or
sediment to enhance the treatment performance [4, 5, 38]. In these studies,
contaminated water or soil was introduced in batch or column reactors, where a pair
(sometimes a couple of pairs) of electrodes was inserted. The contaminants approach

the electrodes not by electroosmosis, electromigration, or electrophoresis, but by flow
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convection. Electrode-stimulated reduction and/or oxidation transforms the

contaminants to less toxic form, therefore reduces the risk concern.

The electrolytic reactive barrier (e-barrier) is one of the very few example of electrolytic
treatment applied in field. The e-barrier couples electrolytic reactions to the application
of permeable reactive barrier. Rather than placing electrodes across the whole
contaminated area as the electrokinetic process does, the e-barrier is consisted by a pair
of closely spaced electrodes perpendicular to the groundwater flow direction, and
destruct the contaminants through reduction/oxidation reactions (Figure 2-3).
Contaminants can be removed by the e-barrier through: (1) direct contaminants
electrolysis on electrode surface (heterogeneous reaction), (2) reaction between
contaminants and the produced hydrogen or oxygen (homogeneous reaction), and (3)
reaction between contaminants and the produced free radicals (e.g., ‘OH generated by
dissolved oxygen reduction at cathode or water oxidation at the anode) [42]. The e-
barrier is an emerging technology that has yet to be commercialized, but the removal of
contaminants such as energetic compounds and chlorinated solvents have been tested

in lab and field studies [42, 43].
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Figure 2-3. Conceptual model for the e-barrier

(Figure adapted from [44])

The concept of the e-barrier is very close to the reactive sediment cap. They are both
minimally disruptive to the local hydrologic conditions, and both remove contaminants
through electrode-stimulated reactions. However, the reactive cap extends the function
of the e-barrier by including both abiotic and biotic reactions. The reactive cap may
stimulate intrinsic microbial activity to transform the contaminants either via the
electrolytically generated hydrogen (at the cathode) and oxygen (at the anode), or
through the direct respiration to the electrodes themselves (see Chapter 5 for further
discussion). Such process has been preliminarily demonstrated by the fact that carbon

electrodes can enhance PAHs biodegradation and increase numbers of PAHs degrading
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genes in sediment slurries and in sand cap above contaminated sediment [45]. Similarly,
PCBs removal can also be enhanced by titanium electrodes in sediment-water

microcosms [46].

2.2 Sediment remediation technologies

Contaminated sediments are challenging to remediate. The contamination is often
spread over large areas and the site characteristics are dynamic and heterogeneous.
Sediments are subject to modification and mixing by flooding, winter ice, and boat
traffic. Moreover, engineering construction in an aquatic environment usually is more
challenging and costly than in other media, thus remediation technologies for sediment
are not as established as for soil and groundwater. The proper remedial approach is

selected on case-by-case basis.

2.2.1 Conventional sediment remediation technologies

The most commonly utilized strategies are monitored natural attenuation, dredging,

and in situ capping [47].

Monitored natural attenuation

Monitored natural attenuation (MNA) is a technique used to monitor the progress of

natural attenuation processes to manage contaminated sediment. It relies on natural
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occurring processes, including dispersion, dilution, sorption, volatilization, chemical or
biologic transformation of contaminants, as well as the natural burial of clean sediments,
to contain, destroy, or reduce the concentration, bioavailability or toxicity of

contaminants in sediment [1, 47].

Generally, MNA is not suitable for the sites with severe contamination and substantial
risks to aquatic life, wildlife, and human health. Also, MNA does not work for the cases
when the transformation products are more persistent and toxic than the original
contaminants. Rather, it is likely to be effective after the contamination sources are
controlled and the source zone has been cleaned up by active remediation strategies. It
is also applied to the conditions when active methods are not practical or can not
significantly shorten remediation time frame [1]. MNA has the advantages of low cost
and less disruption to local environment and communities. However, it also has
significant limitations of long remediation time frame, low public acceptance and

potential risk of exposure by leaving untreated contaminants in place.

Dredging

Dredging effectively remove the contaminants by excavating the contaminated
sediment from a water body. Once removed, the contaminated is usually transported

for ex situ treatment and/or disposal. This method has been the most extensively used
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for cleaning the Superfund sites with contaminated sediment. Over 100 sites have been

dredged as at least an initial removal action [47].

Dredging is suitable for discrete areas with high concentration of contaminants. In some
situations, combinations of dredging and MNA may be the best option. For example,
the source zone of contamination can be removed by dredging, followed by MNA in the

rest of the site [1].

Since the contaminated sediment been physically removed, dredging has the
advantages of quickly achieving remedial goals and reduced future exposure risks.
However, these advantages come with the price of extensive and costly infrastructure,
the potential for contaminant re-suspension during dredging, destruction to the aquatic
community and their habitat, and potential secondary contamination during dredged
sediment transport and disposal [47]. Given the high cost and inefficiency of dredging,
alternate technologies have been developed that provide in situ contaminant control

and degradation, such as capping.

In situ capping

In situ capping is utilized for contaminant control at many sites. It isolates contaminants

by placing clean material at the sediment-water interface, limiting the interactions of
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contaminated sediment with the biologically active zone. Early capping remediation,
also known as “passive capping”, uses materials such as clean sediment, sand, or gravel
[48, 49] to cover the contaminated material. Recently developed “active capping”
incorporates amendments to the capping material that better retain or degrade the
contaminants. In this strategy, permeable or impermeable geotextiles, liners, and
adsorbents in multiple layers [50-54] may be utilized. Compared to traditional caps,
these amended caps can better constrain and sequester contaminants, thereby
attenuating the flux of contaminants, while also reducing the thickness of the cap layer
required over passive caps. In both cases, the caps are functionalized through physical

and chemical isolation and stabilization [47].

As of 2004, in situ capping has been applied for the remediation of about fifteen
Superfund contaminated sediment sites, serving as the primary approach for some sites,
and been combined with dredging and/or MNA at other sites. Site conditions are
especially conducive to in situ capping when there are (1) sufficient water depth, (2)
limited or less important habitat disruption, and (3) high engineering feasibility
(readily-available material, a compatible infrastructure, easily controlled disruption
during construction, favorable hydrodynamic and geochemical conditions, and

adequate mechanical support of sediment exists) [47].
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The advantages of in situ capping include; immediate exposure reduction and less
infrastructure requirements and waste disposal compared to dredging. However, like
MNA, capping has the intrinsic limitation of retaining the contaminated sediment in the
aquatic environment, leading to a long-term risk associated with contaminant re-
exposure if the cap loses its integrity or sequestration capacity [47]. Further, the record
of decision for remediation of many contaminated sediments most often stipulates some
degree of contaminant mass removal which requires either dredging of sediments or
degradation of the contaminants in situ. While in situ capping technologies have been
effective for short-term reduction of risk, the contaminant mass remains in place. Thus,

new technologies are needed which can provide in situ contaminant degradation.

2.2.2 Other emerging alternatives

Due to the inherent limitations of MNA, dredging and capping strategies, there has
been remarkable increase in recent development of sediment contaminants degradation.
These strategies rely on the amendment of chemicals to induce biological and/or
chemical contaminant degradation to the sediment or cap. The goal is to reduce

contaminant mass while limiting disturbance of the contaminated sediment.

In situ biological and chemical treatment
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In situ sediments treatment involves the stimulation of biological and/or chemical
contaminant degradation. This strategy is primarily under development at the bench-
scale and pilot-scale level. Biological contaminant degradation can be stimulated by
adding electron acceptors (e.g.,, oxygen, nitrate or sulfate), electron donors (e.g.,
hydrogen or fermentable organic substrates), nutrients, and/or microorganisms into the
sediment. Chemical treatment aims to enhance contaminants transformation by
oxidation (e.g., for PAHs), reduction (e.g., for PCBs) or stabilization (e.g., for metals) by
providing chemical reagents, such as hydrogen peroxide, zero-valent iron, or lime stone
into the sediment. Although these approaches are promising, most of them are in the
early stages of development, and few methods are currently commercially available,
mainly due to the technical limitations such as the ability to effectively deliver and mix

reagents in situ [47].

Reactive materials amended capping

Another innovative in situ sediment remediation strategy under development is
“reactive capping”. It combines the advantages of both traditional capping and
biological/chemical treatment. Not only does the cap function as a physical barrier to
isolate the contaminated sediments, but it also makes use of reactive materials that can
degrade the contaminants as the key components of the cap. Thus the reactive cap can

potentially offer a long-term solution to sediment contamination by reducing the
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exposure risk. Given the caps that can degrade contaminants rapidly enough to
eliminate contaminant flux to the overlying water body, it significantly reducing the cap
thickness required for contaminants sequestration. These advantages make the
development of technically feasible and cost-effective reactive caps advantageous for

contaminated sediment control.

Several lab studies have shown the promising future for amendment of reactive
materials into sediment caps. A recent example of an abiotic reactive cap strategy was
designed for 2-chlorobiphenyl simultaneous adsorption and dechlorination by granular
activated carbon impregnated with reactive iron/palladium bimetallic nanoparticles by
Choi et al [55]. The non-chlorinated product, biphenyl, is less toxic and more readily
oxidized by bacteria in the sediment. There has also been recent development of
biologically reactive caps. Hyun et al [56] reported that a microbial active sand cap on a
coal tar-contaminated river sediment amended with oxygen and nutrients stimulated
microbial contaminant degradation and reduced contaminant flux to the water column.
It was also suggested that natural attenuation of chlorinated solvents can occur under
capping conditions, but complete dechlorination can be only achieved when
microorganisms present in the sediment were provided with electron donor [57].
Reactive caps utilizing both abiotic and biotic contaminants degradation have also been

explored. Sun et al [58] demonstrated nitrobenzene reduction in a cap integrated with
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cinder (extrusive igneous volcanic rock) and Fe(0) and pre-incubated nitrobenzene

degrading bacteria.

Despite these promising findings, materials and methods to enhance contaminant
degradation in sediment caps are limited. Very few, if any, cost-effective materials have
been identified which stimulate contaminant degradation over the long timescales
(perhaps decades to centuries) required for in situ sediment remediation. Also, currently
available reactive cap strategies still have the delivery and mixing problems as
encountered by other in situ biological and chemical treatment. Therefore, the work
described in chapter 3 to 5 investigated the feasibility and performance of an electrode-
based sediment cap to facilitate transformations and detoxification of contaminants, and

reduce risk to the ecological and human health.

2.3 Electrode-base chloride/bromide oxidation

As valuable commercial products, chlorine gas and bromine liquid are produced in
industry by oxidizing their corresponding ions (Cl, Br). Brine and seawater are
common sources for the halogen ions. Electrolytic chloride oxidation process in chlor-
alkali industry, as well as indirect bromide oxidation process in bromide industry is

extensively studied and successfully commercialized for decades. Direct electrolytic
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bromide oxidation in brine and fresh water were also reported recently. These studies
provide a potential method for bromide removal from brine produced by hydraulic

fracturing gas mining.

Industrial chlorine production: Chlor-alkali process

In chlor-alkali industry, chlorine is produced by electrolysis of aqueous sodium chloride
(normally natural brine), with sodium hydroxide and hydrogen as the secondary
products. The half-cell reactions and the overall reaction are as Equation 2-1 through
Equation 2-3. However, in some cases an oxygen cathode is used in alternative, as
shown in Equation 2-4.

Anode reaction: 2CI" = Cl, (aq)+2e Equation 2-1
Cathode reaction: 2H"+2e” = H,(aq) Equation 2-2
Overall reaction: 2NaCl(aq)+2H,0 = Cl,(aq)+H, (agq)+2NaOH(aq) Equation 2-3

Alternative cathode reaction: O, (aq)+2H,0+4e" = 40H" Equation 2-4

Three main categories of cell configurations dominate the chlor-alkali process:
diaphragm cell and membrane cells. Their working principles are illustrated in Figure

2-4. Some typical operation data are summarized in Table 2-1.
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Figure 2-4. Scheme of cell configurations used in chlor-alkali process

(Figure adapted from [59])

Table 2-1. Typical data for commercial chlor-alkali cells

(Table reproduced from [60])

Mercury cell Diaphragm cell Membrane cell
Cell voltage (V) 44 3.45 3.5
Current density (A/cm?) 1.0 0.2 0.45
Current efficiency for Clz (%) 97 96 93
Energy consumption for 3150 2550 2700
electrolysis (kWh/ton NaOH)
Production rate/single cell 5000 1000 100
(tons NaOH/year)

Graphite or other forms of carbon are typical anode materials throughout the history of

chlor-alkali process, with the corrosion rate of 5-7 Ib per ton of chlorine produced [60].
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Titanium based electrodes coated with transition metal oxides (e.g., ruthenium dioxide,
cobaltic oxide), namely dimensionally stable anodes (DSA) were also developed and
began to replace graphite anodes since early 1960s. Mercury and steel (or nickel alloys

coated steel) are used as cathodes.

Industrial bromine production

Industrial bromine production does not use similar direct electrolysis as in chlor-alkali
process. Rather, bromide is oxidized to bromine by chlorine gas as described in
Equation 2-5 in an acidified solution. Bromine is produced in dissolved form in brine,
stripped out using air or steam, and sequentially recovered in a commercially desirable
form (such as converting bromine in air into ferric bromide through reaction with iron
turnings). The whole process can be illustrated in Figure 2-5.

Cl,(aq)+2Br- — Br, (aq)+2CI Equation 2-5

Industrial bromine production also uses natural brines or seawater as raw material for
obtaining elemental bromine. Chlorine can be introduced to the brine in variety of
means: blowing gaseous chlorine, adding equivalent reagents (e.g., bleach), or on-site
electrolysis of the brine (the same procedure as in the chlor-alkali process, as described

in previous section) [61].
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Figure 2-5. Flow chart of commercial bromine production process

(Figure reproduced from [62])

Direct electrolytic bromide oxidation in brine

Recent studies have been developed to directly oxidize bromide to bromine (Equation
2-6) by electrodes instead of chlorine. Yalcin et al [63] examined the electrolysis of
seawater bittern from a thermodynamic point of view, reporting the possibility of
oxidizing bromide to bromine with graphite and platinum as the anode and cathode,
respectively. During electrolysis, the anode potential was controlled to achieve about

half of the bromide removal without chlorine evolution. However this study was
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preliminary and theoretical and no further details were given. Qi and Savinell [64, 65]
developed a continuous flow-through system using porous graphite felt electrodes to
direct oxidize bromide for bromine production from synthesized brine with high
concentration of chloride (3 M NaC1/0.05 M NaBr/0.001 M HC1). Their work focused on
electrochemical modeling; bromide removal and bromine recovery was not described.

2Br- = Br,(aq)+2e’ Equation 2-6

Direct electrolytic bromide oxidation in fresh water

Industrial bromide oxidation focuses on bromine production, while not necessarily
caring about the residual bromide concentration of the processed brine. However, there
are environmental concerns about bromide discharges into drinking water sources,
which can lead to the formation of carcinogenetic brominated disinfection byproducts
(DBPs) during water treatment, as discussed in Chapter 1. Also, the bromide in surface
or ground water may at very low but still risky concentration, and the removal becomes
prohibitive expensive. Therefore, although the techniques for industrial bromide
oxidation are mature, its implementation for water treatment processes is also
interested. Direct bromide removal by electrolysis (Equation 2-6) has been examined for
treatment of surface water as a drinking water source [66, 67], and removal of low level
of bromide (~200 ppb) was achieved with bromide residual at ~10 ppb. A similar

process was patented using dimensionally stable anodes (DSA) for bromide removal
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from drinking water [68]. However, the voltage used in these studies was high enough
to cause chlorine and oxygen production, which is energetically expensive. Also, it is
not clear the bromine produced in such condition was formed by direct electrolysis or

oxidized by in situ electro-generated chlorine.

Electrochemical disinfection

Recent studies have been reported on site generation of chlorine or bromine using
electrodes as an alternative to the traditional chlorination, referred as “electrochemical
disinfection”. Among these processes, electro-generation of chlorine utilizes the same
reaction as for the chlor-alkali process (Equation 2-1) and electro-generation of bromine
utilizes analogs of the bromide oxidation reaction (Equation 2-6). Various electrode
materials and electrochemical cell configurations have been explored against a wide

variety of microorganisms [69].

2.4 Other bromide removal methods

Silver-doped activated carbon aerogels adsorption [70] and aluminum coagulation [71]
have been proposed to remove low concentrations of bromide, but high chloride
concentrations render this approach ineffectual. Other currently available water

treatment technologies can not specifically extract bromide from water, but rather
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remove it together with other dissolved solids. Removal of TDS, as referred to
desalination, has been widely studied using seawater to produce portable water in arid
climates and near marine water sources. Available desalination techniques include
thermal distillation, ion exchange, reverse osmosis, forward osmosis, nanofiltration,
ultrafiltration, electrodialysis, reverse electrodialysis, electrodionization, and capacitive
deionization. However, all of them require enormous energy input, and become

economically infeasible considering the quantity and quality of the mining brine [10].
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Chapter 3. Redox control and hydrogen production in sediment

caps using carbon cloth electrodes®

Abstract

Sediment caps that degrade contaminants can improve their ability to contain
contaminants relative to sand and sorbent-amended caps, but few methods to enhance
contaminant degradation in sediment caps are available. The objective of this study was
to determine if powered carbon electrodes emplaced within a sediment cap could create
a redox gradient and provide electron donor for the potential degradation of
contaminants. In a simulated sand cap overlying the sediment from the Anacostia River
(Washington, DC), electrochemically induced redox gradients were developed within 3
days and maintained over the period of the test (~100 days). Hydrogen and oxygen
were produced by water electrolysis at the electrode surfaces and may serve as electron
donor and acceptor for contaminant degradation. Electrochemical and geochemical
factors that may influence hydrogen production were studied. Hydrogen production
displayed zero order kinetics with ~75% current efficiency. The production rate was
proportional to the applied voltage between 2.5V to 5V, and not greatly affected by pH

or presence of divalent metal ions. Hydrogen production was promoted by increasing

® This chapter was published in Environmental Science & Technology in 2010 under the title “Redox control
and hydrogen production in sediment caps using carbon cloth electrodes”.
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ionic strength and in the presence of natural organic matter. These findings suggest that
electrochemical reactive capping can potentially be used to create “reactive” sediments
caps capable of promoting chemical or biological transformations of contaminants

within the cap.
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3.1 Introduction

Contaminated sediments often contain complex mixtures of toxic anthropogenic
organic and inorganic contaminants, and are ubiquitous and costly to remediate [72].
The high cost and limited effectiveness of dredging [73-75], and slow rates of monitored
natural recovery [76], lead to the use of in situ sediment caps for abatement of risk from
contaminated sediments. However, capping does not necessarily provide removal or
detoxification, and the risk to human and environmental health may return once the
capping material becomes saturated. Reactive caps which include a reactive component
for biotic or abiotic contaminant degradation have been proposed and have great

potential advantages in contaminant degradation for sediment remediation.

The redox gradient in the cap is crucial for sediment remediation, because it plays an
important role in the availability of electron donors/acceptors for contaminant
transformation. Redox stratification develops naturally below the sediment water
interface as the result of the indigenous microbial activity. Depth-dependent microbial
populations varying with the stratified geochemical redox zones within a sand
sediment cap have been observed [77]. The chemical species in each stratified zone
indicated a corresponding biogeochemical process and led to the suggestion that

microbial contaminant degradation may be engineered within a reactive sediment cap
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[9]. By placing electrodes in the sediment cap and applying an external voltage, a
desired redox gradient can be established and reinforced in the cap to affect
contaminant degradation. This engineered redox gradient will drive the evolution of
microbial populations, facilitate their localization and function with respect to

contaminant degradation.

The electrode-based reactive cap may also support contaminants degradation by
providing electron acceptor (oxygen) and donor (hydrogen) from water electrolysis at
the anode and cathode, respectively. The ability to stimulate desirable microbial
populations for biodegradation will also depend on the in situ concentrations of oxygen

and hydrogen, and therefore on their rates of evolution from the electrodes.

The specific objectives of this study are to 1) engineer redox gradients in a simulated
sediment cap with carbon electrodes; 2) study the impact of various geochemical
porewater parameters and electrochemical conditions on hydrogen production rate

from the cathode.

3.2 Materials and methods

Chemicals
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All the chemicals used are reagent grade unless otherwise noted. Sodium bicarbonate
(NaHCOs), sodium chloride (NaCl), calcium chloride (CaCl2-2H20), sodium hydroxide
(NaOH) and chloride acid (HCI) were supplied by Fisher Scientific (Pittsburgh, PA).
Magnesium chloride (MgCl-6H20) was purchased from ICN Biomedicals Inc (Costa
Mesa, CA). Humic acid sodium salt (50-60% as humic acid) was purchased from Acros
Organics (Geel, Belgium). Hydrogen standard (1%) and nitrogen were purchased from

Butler Gas Products (Pittsburgh, PA).

Electrode materials

Carbon materials were chosen because of their low price, resistance to poisoning, and
flexible and porous texture for easier application with existing cap technology. Woven
carbon cloth (BASF Fuel Cell, Inc., Somerset, NJ) was used as both cathode and anode in

all experiments.

Engineered Redox Gradient in sediment

Three T-cell reactors were used to evaluate the ability of carbon electrodes to control the
redox gradient in a sand cap overlying Anacostia River (Washington, DC) sediment
(Figure 3-1a). The reactor, as described elsewhere [49], was filled with sieved (2mm)
sediment from the Anacostia River at room temperature (23+2°C). A 14cm x7cm carbon

cloth was placed on top of the sediment as the cathode. A 2.5-cm layer of sieved
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(0.425mm) sand (Riccelli Enterprises, Rush NY) was placed over the cathode and a
second, identical, carbon cloth on the sand layer as the anode, followed by a 0.5cm sand
layer. The sediment and sand layers were saturated with tap water. The electrodes of T-
cell 1 and T-cell 2 were connected by copper wire to 4V Extech 382202 DC power supply
(Extech Instruments Corp., Waltham, MA). Power to T-cell 1 was continuously applied
for ~100 days whereas power to T-cell 2 was removed after 30 days of continuous
operation in order to examine the recovery of the sediment cap following stimulation. A
third T-cell served as an unpowered control reactor. The potential was continuously
applied except during microelectrode pH and Oxidation-Reduction Potential (ORP)
measurement. pH was measured by MI-405 pH microelectrode (Microelectrodes Inc,
Bedford, New Hampshire) and ORP was measured by Pt microelectrode against
Ag/AgCl reference (fabricated as described elsewhere [78]. pH and ORP measurement
required 2 and 5 minutes, respectively, to reach equilibrium. Vertical profiles of pH and
ORP from the water-sand interface to a depth of 44 mm with 2 mm intervals were
acquired and ORP data were converted and reported as versus standard hydrogen

electrode (SHE).

Geochemical Impacts on Electron Donor Supply Rate

Experiments to evaluate the impact of environmentally relevant geochemical porewater

parameters on Hz production were carried out in triplicate H-cell reactors (Figure 3-1b)
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described elsewhere [3]. The two chambers were separated by a cation-exchange
membrane (Nafion 117; Electrosynthesis Inc., Lancaster, NY). Electrodes were 12.6cm x
6.25cm carbon cloth. The electrodes were connected to an E3620A DC power supply
(Agilent Technologies, Santa Clara CA) via 0.64-cm diameter x 15.2-cm graphite rods
(GraphiteStore.com, Inc.,, Buffalo Grove, IL) by graphite epoxy (377H; Epoxy
Technology, Inc., Billerica, MA). The reactors were completely mixed by magnetic stir
bars at room temperature. Both cathode and anode chambers contained 250ml buffer
solution and 60ml headspace. Unless specified, the buffer solution contained 20mM
NaHCOs and 20mM NaCl (as supporting electrolyte, conductivity ~4mS/cm). Buffer
solution was prepared anaerobically and pH adjusted by HCI or NaOH. Identical
control experiments using the same tap water as used in the T-cell experiments were
also performed to verify comparison and showed same results as in DI water (results

not presented).

The electrolyte pH in the H-cell was measured using a gel-filled 8mm pH electrode
(Fisher Scientific, Pittsburgh, PA). Current was recorded by a Model 2700 digital
multimeter (Keithley Instruments, Inc., Cleveland, Ohio). Headspace H: concentration

was determined using GC/TCD as described elsewhere [79].
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Figure 3-1. Scheme (side view) of (a) the T-cell reactors for studying sediment cap

redox control and (b) the H-cell reactors for studying the geochemical effects on

hydrogen production rate.
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Calculation of hydrogen production rate and current efficiency

The hydrogen concentrations in headspace of the H-cell reactors were monitored over

24 hours, and cumulative hydrogen production (n, ) was calculated according to

Henry’s Law, assuming equilibrium between headspace and aqueous phases (Equation

3-1):

C
n,, =Cy, V. +C, WV, =C, V, +—=2V, (mol) Equation 3-1

H,,a"a Hy w™w H,,a"a w
H

Where C,, ,and C,, , are the air and water phase hydrogen concentration, respectively
(mol/L); V,and V,, are the volume of air and water in H-cells, respectively (L); K, is the

Henry’s constant for hydrogen (1260 bar/mol/L) at 25°C.

The hydrogen production reaction was fitted using a zero-order kinetic reaction and the
rate constants were normalized to electrode surface area to compare with rates

observed in other reports.

Current efficiency (77), an estimation of the fraction of the current captured as hydrogen,

was calculated as the ratio of measured cumulative hydrogen production (n,, ) to the

theoretical hydrogen production (n,, ) (Equation 3-2):

Ny,

n= x100% (dimensionless) Equation 3-2

Hy ot
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Where theoretical hydrogen production (n, ,) was calculated by integrating current

equivalent with time (Equation 3-3):

n _.[o lat (mol) Equation 3-3

Hyt =

I is the current (A), n (=2) is the number of electrons to form one hydrogen molecule;

t.. is the total reaction time (s); F the Faradic constant (96485 C/mol).

3.3 Results and discussions

Redox control and pH change in sediment

Poised electrodes emplaced in a sediment cap rapidly established a depth-dependent
stratification of redox potential over Anacostia river sediment (Figure 3-2 shows data in
selected days, all the data are shown in Appendix Figure A-1). A 4V applied voltage
was chosen to ensure adequate hydrogen evolution as detailed later. Prior to the
application of voltage, the ORP at the anode was +270mV and increased with depth
through the sand cap to around +350mV at the cathode. The sediment below the
cathode became more reduced with depth, a likely result of natural microbial processes
[9]. After 3 days with applied voltage between the electrodes, the ORP in the vicinity of
the anode had slightly increased to near +350mV and the ORP in the vicinity of the

cathode had decreased sharply to approximately -300mV. The ORP measured in both
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powered T-cell reactors changed similarly under applied voltage, indicating
reproducibility; the redox conditions stratified through the sediment cap and developed
a relative steady state after approximately one month. T-cell 2 was disconnected from
the power supply on day 30 to monitor the ORP during recovery. The depth-dependent
stratification of ORP through the sand cap in T-cell 1 continued until day 98. In contrast,
ORP stratification in T-cell 2 gradually diminished after the power off (Figure 3-2b): on
day 98, the ORP in the vicinity of the anode was +240mV and near the cathode, +210mV.
Over the course of the experiment, the control T-cell 3 (with imbedded, but unpowered
electrodes), remained oxidizing in the vicinity of and between both anode and

electrodes (Figure 3-2c).

A depth dependent stratification of redox conditions in the control reactors was only
observed within the sediment but not in the cap. Such gradients develop naturally
under the sediment-water interface and are indicative of the microbial oxidation of
sediment organic matter coupled to the reduction of terminal electron acceptors in an
order which reflects the maximum energy yield for the microbial community [80]. By
applying a voltage through the electrodes, however, the location and size of the

respective oxidation and reduction zones can be controlled.
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The pH profile in the sand cap demonstrated a similar, depth-dependent gradient
(Figure 3-2d and e). On day 0, the pH between the anode and cathode in all T-cells
varied from around 8 at the anode to 6.5 at the cathode. Soon after external power
application, the pH gradient through the cap increased sharply: pH in the vicinity of the
anode dropped while near the cathode, the pH changed from circumneutral to near pH
11 on approximately day 9. The pH in the control reactor remained relatively steady
with time and depth (Figure 3-2f). The rapid increase of pH near the cathode is the
result of the reduction of water-derived protons for H: formation. Following removal of
power from T-cell 2 on day 30, the pH began to return to circum neutral, but did not
completely recover over the course of the experiment (Figure 3-2e). The pH change was
expected in this system since no buffer was added to balance the buildup of H* and OH-
at the electrodes. Under field conditions, such large pH increases would not be expected;
since under field conditions, sediment porewater may be buffered by solid and
dissolved organic and inorganic acid/base in the cap, and porewater seep may flush
excessive H* to the anode to neutralize excessive OH- [40]. The addition of modest
amounts of a buffering solids in the cap design, e.g. iron carbonate (siderite), could

maintain pH if needed.

- 58 -



(@) ORP in T-cell 1

O —— 0
———p=—= 3 -
1= dio
—_— e — d22 —
0 a
. |me—— d57 e amse— 5"
E o l——v—— d98y”5 -
8?2 /&/3
S
§ R 7 o
'/
v
4t ¥
M S
v o)
dog ds7 d22 di0 d3 do Power On
5| 1 1 1 1 1
-600 -400 -200 0 200 400

ORP vs. SHE (mV)

(b) ORP in T-cell 2

600

0
———- d35 _
—.—0—— (38 -_____::I'V ____________
1f——o-—- d57 _a” T
—v— (98 ,l;-o’vA/A’o’
z S gl e Power Off
S 2 ,/’” o7 35p-’od38 (Open symbol)
< e o
% I RE— T “___8_ ______ b __E:_al:hggg
© . %\a% -
——— do~. T
4 k... Peernene d3 .\0, [x ¥ %vv“
e g10 WA RY Power On
—..—e.— (og _ 928 di0 =d3 do (Closed symbol)
5 1 1 1 1 1
-600 -400 -200 0 200 400

ORP vs. SHE (mV)

600

-59-



(c) ORP in T-cell 3
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Figure 3-2. (a, b, c)Vertical ORP and (d, e, f) pH profiles developed in sediment and

cap containing carbon cloth electrodes (T-cell 1 and T-cell 2) imposed to a 4V external

voltage (a~d) or in control sediment (e, f)

T-cell 1: powered connected over ~100 days. T-cell 2: power connected until day 30. T-

cell 3: unpowered electrodes control. The horizontal dashed lines indicate the position

of electrodes.
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Hvydrogen production rate and current efficiency

H: evolution from the carbon electrode displayed zero-order kinetics. At 4V applied
voltage, the electrode surface area normalized rate constant was 5 mmol H> m? hr!
(Figure 3-3a), despite an increase in pH from 7 to 9.5. The zero-order kinetic relationship
agrees with a previous report of hydrogen production from carbon-based electrodes[81].
Over 24 hours the current efficiency was about 75% (Figure 3-3b), indicating that 25% of
the current flow between the electrodes was not captured as H.. This was not
surprising as Hz> was detected on the anode side of the H-cell, suggesting a diffusion
loss through the Nafion membrane. Additionally, O: produced at the anode may also
diffuse through the membrane [82] and consume electrons at the cathode. Non-Faradic
current to maintain charge neutrality at the electrodes may also be a source of current

which was not captured as electron equivalents in Hz gas.
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Figure 3-3. Hydrogen production at 4V applied voltage and initial pH 7 in 20 mM
NaHCOs and 20 mM NaCl solution: (a) hydrogen concentration (b) and cumulative
amount.

The three sets of symbols represent triplicate reactors. Solid line in (a) is best fit linear
regression. Closed circles in (b) are measured hydrogen and open circles are integral

current equivalent.

Influence of voltage and initial vH on hydrogen production

The theoretical equilibrium potential difference between the cathode and the anode
necessary for water electrolysis is 1.23V [83]. Therefore hydrogen and oxygen
accumulation requires a greater potential difference at the electrodes. In addition,
overpotentials at the anode and cathode, resulting from activation and mass-transfer
resistive losses as well as ohmic loss across the electrolytic cell, must be overcome for H

production to proceed. In order to address these concerns, experiments were performed
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to evaluate Hz production at various applied voltages using carbon cloth electrodes.
When applied voltage was in the range of 2 - 5V, the observed current was between 0.5
- 5mA. H: production rate was proportional to the applied voltage above 2.5V (Figure
3-4a). There was no statistically significant difference between H: production rate at 2.0
and 2.5V. Since applied voltage is the driving force for water electrolysis, the increase in
H: production rate was not surprising. Similar findings with graphite electrodes are
reported [82]. The relationship between applied voltage and H: production rate may
enable real-time control of electron donor for microbial growth within the sediment cap,
creating an impenetrable biobarrier if the contaminant degradation rate is sufficiently

high relative to advection and diffusion through the cap [52].

Lower applied voltage produced lower H: evolution rates and resulted in smaller pH
changes over the course of the experiment (Figure 3-4b). The pH changes are likely to be
less of an issue during field applications, as the required rates of H> evolution are will
be lower for degradation of contaminants present in low concentrations and, as
described briefly above, migration of sediment porewater containing natural organic

matter and alkalinity creates an elevated buffer capacity [84].
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Figure 3-4. Influence of applied voltage on (a) hydrogen production rate and (b)
cathode solution pH.

All experiments were conducted at an initial pH=7 in 20mM NaHCOs and 20mM NaCl
solution over 24 hours. Dashed vertical line in (a) shows the equilibrium potential for
water electrolysis. The results are the means of triplicate reactors, and error bars

represent standard deviation.

However, the impact of pH on Hz production rates was examined in the H-cell reactors
(Figure 3-5). Hz production rate was not greatly affected by initial pH at either 4V or
2.5V applied voltage. This result is consistent with the approximately zero-order
kinetics for Hz production despite the pH increase observed with extended reaction
times in (Figure 3-4b). However, the impact of pH on H: production as well as the
change in pH observed with Hz production should be verified in field samples under

conditions which more closely simulate in situ.
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solution over 24 hours. The results are the means of triplicate reactors, and error bars

represent standard deviation.

Influence of aqueous chemical species on hydrogen production

Many chemical species which may affect rates and efficiencies of the electrolytic
reactions are present in sediment porewater. Among these, electrolyte concentration,
presence of divalent cations, and natural organic matter (NOM) were investigated. In
reference to Figure 3-6a, the “diluted electrolyte” group and “concentrated electrolyte”
group simulated freshwater (I=0.044 N) and seawater (I=1.040 N), respectively [85] and
addressed the impact of overpotential changes on H: production. The rate of H:
production increased over an order of magnitude from freshwater to seawater-like

conditions and is the result of increasing conductivity in the solution, therefore
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reducing the ohmic resistance. The overall result is higher current at a similar electrode
potential, which leads to a higher hydrogen production rate. Additionally, depending
on the ionic species, they may adsorb to the electrode and alter the kinetics of the He-
producing reaction through occupation of reactive sites or formation of mineral
precipitates. This finding is analogous to those of Call and Logan [86] where H-
production in MEC increased with catholyte concentration. In practice, the electrode
cap operating in high ionic strength porewater would require less energy to achieve
similar delivery rates of electron donor and redox gradients through the cap. The ionic
strength and species of the sediment porewater will be site-specific and greatly impact

remedial design.

Cations may potentially impact remedial design through their precipitation at the
electrode. 5mM of calcium and magnesium salts were evaluated for their impact on Hz
production rates (Figure 3-6a). H> production was not significantly impacted by the
addition of Mg? and slightly enhanced through the addition of Ca?. Precipitation of
solids was observed on the bottom of the cathode chamber but not on the electrode
material. These results are different from Franz et al. who observed precipitation and
deposition on stainless steel plate cathodes and increased resistance across the cell [87].
This difference is likely the result of different electrode materials, which may alter the

double-layer composition as well as kinetics of precipitation reactions. Should cathode
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pH affects precipitation reactions, the polarity of the electrodes can be periodically

reversed to re-dissolve the precipitates [88].

NOM is a major component of sediment porewater and exert a contribution to
conductivity, buffer strength, and reactions at the anode and cathode through electron
shuttling [89], and therefore may be expected to affect electrolytic reactions. Humic acid
was added to a relatively high concentration of 200mg/L (about 32mg carbon/L). The
rate of H2 production increased statistically significantly (p=0.04). The potential reasons
for its effect are: (1) contribution to conductivity (by adding 200mg/L humic acid
sodium salt, sodium concentration increased about 5mM); (2) humic acid may be
adsorbed onto the electrodes and act as electron shuttles [89] or as a donor or acceptor

[90].

T-test results indicated that except for the “concentrated electrolyte” group, current
efficiency in all other groups was not significantly different from the control (Figure

3-6b).
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Figure 3-6. Influence of aqueous chemical species on (a) hydrogen production rate
and (b) current efficiency.

All experiments were conducted at an initial pH=7 in 20mM NaHCOs and 20mM NaCl
solution over 24 hours. The results are the means of triplicate reactors, and error bars
represent standard deviation. The chemical composition for each group was: Control:
20mM NaHCOs and 20mM NaCl; Diluted electrolyte: 20mM NaHCOs and 2mM NaCl;
Concentrated electrolyte: 20mM NaHCOs and 500mM NaCl; Mg?: 20mM NaHCOs,
20mM NaCl and 5 mM MgCl; Ca?: 20mM NaHCOs, 20mM NaCl and 5mM CaCly;
Natural organic matter: 20mM NaHCOs, 20mM NaCl and 200mg/l humic acid sodium

salt. The dashed line showed the average results of control group.

3.4 Conclusions

This work demonstrated using carbon cloth as the electrode material, a novel reactive

sediment cap can be constructed to manipulate redox condition in sediment cap and
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deliver electron donor (hydrogen) for potential contaminants degradation. Reducing
conditions was produced at the cathode and oxidizing conditions was produced at the
anode. The redox stratification maintained as long as the powered was on and
gradually returned to normal conditions once the powered was disconnected.
Hydrogen was produced at the cathode and the production rate can be controlled by
applied voltage. The electrolyte ionic strength greatly impacted hydrogen production
while other common aqueous chemical species did not have siginificant change
hydrogen production rate or current efficiency. These results suggest that electrode-
based reactive capping can potentially promote chemical or biological transformations

of contaminants within the cap.
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Chapter 4. Nitrobenzene sequential reduction/oxidation by

graphite electrodes and factors affecting degradation rate®

Abstract

Carbon electrodes are proposed in reactive sediment caps for in situ treatment of
contaminants. Emplaced perpendicular to seepage flow, the electrodes provide the
opportunity for sequential reduction and oxidation of contaminants. The objectives of
this study are to demonstrate degradation of nitrobenzene (NB) as a probe compound
for sequential electrochemical reduction and oxidation, and to determine the effect of
applied voltage, initial concentration and natural organic matter on the degradation rate.
In H-cell reactors with graphite electrodes and buffer solution, NB was reduced
stoichiometrically to aniline (AN) at the cathode with nitrosobenzene (NSB) as the
intermediate. AN was then removed at the anode, faster than the reduction step. No
common AN oxidation intermediate was detected in the system. Both the first order
reduction rate constants of NB (kns) and NSB (knss) increased with applied voltage
between 2 V and 3.5 V (when the initial NB concentration was 100 uM, kng = 0.3 h™' and
knss = 0.04 h'at 2 V; kns = 1.6 h™' and knss = 0.64 h'at 3.5 V) but stopped increasing

beyond the threshold of 3.5 V. When initial NB concentration decreased from 100 to 5

® This chapter was published in Environmental Science & Technology in 2011 under the title “Effect of
applied voltage, initial concentration and natural organic matter on sequential reduction/oxidation of
nitrobenzene by graphite electrodes”
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uM, kns and knss became 9 and 5 times faster, respectively, suggesting that competition
for active sites on the electrode surface is an important factor in NB degradation.
Presence of natural organic matter (in forms of either humic acid or Anacostia River
sediment porewater) decreased kns while slightly increased knss, but only to a limited
extent (~factor of 3) for dissolved organic carbon content up to 100 mg/L. These findings
suggest electrode-based reactive sediment capping via sequential reduction/oxidation
contaminants removal is a potentially robust and tunable technology for in situ

contaminants degradation.
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4.1 Introduction

In situ capping is used to contain contaminated sediments by placing a layer of clean
sand or sorbent-amended sand at the sediment-water interface as a barrier for
contaminant diffusion to the overlying water column [50, 54, 73]. Reactive sediment
capping employs materials that can transform or degrade contaminants within the cap,
thereby better preventing their breakthrough from the cap [17, 55]. However, very few,
if any, cost-effective materials are available to degrade contaminants within a sediment
cap over the long timescales (perhaps decades to centuries) required for in situ sediment

remediation.

Polarized carbon electrodes were proposed as reactive capping material for engineering
desirable redox gradients as well as the delivery of electron donor for contaminant
degradation. Contaminants migrating into the cap will be exposed to a reducing
environment in the vicinity of the cathode, followed by an oxidizing environment in the
vicinity of the anode (the opposite order can also be created by reversing the polarity of
the electrodes). Contaminant degradation may occur as a result of microbial activities
near each electrode, or due to abiotic reactions at the electrode surfaces. This current
study is focused on the use of such a system to degrade contaminants via abiotic redox

reactions at the electrodes.
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The design of an electrode-based reactive cap for seepage flow conditions requires an
understanding of the reaction rates and the impacts of porewater chemistry at the
electrode surface. Degradation must be faster than convection through the cap to
prevent breakthrough; meanwhile, the reaction rate must also be achievable at
reasonably low voltage to minimize energy consumption, as well as pH changes
expected from the accumulation of H*ag and OHag at the anode and cathode,
respectively [17]. The effect of cathode potential on reaction rate, selectivity and
efficiency in similar electrochemical devices has been studied [91], but from a practical
point of view, applied voltage is more like the controlling parameter in cap design and
operation. The applied voltage between the anode and the cathode controls the redox
gradient in sediment cap and the evolution rates of electron donor and acceptor [17],
but little is known about the voltage effect on contaminant degradation rates on

inexpensive carbon electrodes surfaces.

Another open question about the performance of the electrode-based reactive cap is
whether initial contaminant concentration will influence the reaction rate constants. A
decrease of the 2,4-dichlorophenoxyacetic acid dechlorination rate was reported with
increasing substrate concentration using Pd loaded carbon felt cathodes [92]. Similar

phenomena also occur in some other heterogeneous catalytic reactions, such as
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contaminants degradation on Fe(0) particles surface [93], as a result of the competitive
adsorption onto reactive surface sites between the parent and daughter compounds
(and also among the parent compound molecules). In real sediments, contaminant
concentrations vary by orders of magnitude between the source zone and the
downstream plum. The effect of contaminant concentration on reactivity must be
determined for site specific feasibility, cap design and operating conditions, and

performance.

In sediment systems, natural organic matter (NOM) is likely to affect contaminant
degradation rates but this influence has not been examined in electrochemical systems.
NOM interacts with environmental contaminants in several ways including electron
shutting [89], covalent binding [94], competitive sorption [95] and solubilization [96].
Carbon electrodes should have high affinity for NOM [97], with the implication that it
will adversely affect electrode performance by competitive adsorption. However,

interactions such as electron shuttling may increase reactivity [89].

Certain sediment contaminants require sequential reduction/oxidation for complete
mineralization, including nitroaromatics, polychlorinated biphenyls (PCBs), and
chlorinated hydrocarbons. Sequential electrochemical reduction/oxidation of

perchloroethene (PCE) has been demonstrated in groundwater [38]. Nitrobenzene is
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another representative of such contaminants. Nitrobenzene oxidation is difficult even
under aerobic condition [98, 99] and may lead to toxic dead-end products. [100] In
contrast, reduction of nitrobenzene to aniline easily occurs under anaerobic conditions,
and aniline can readily undergo oxidative ring cleavage and mineralization to
ammonium and CO:2[101, 102] in an aerobic environment. In addition, the degradation
products of nitrobenzene are well-known and easy to measure, the reactions are
relatively fast, and it has a relatively low hydrophobicity as compared to other
aromatics (thus less adsorption and evaporation loss) which makes it a suitable model
compound for this study. Chemical and microbial reduction of nitrobenzene to aniline
in a reactive sediment cap containing Fe(0), sorbent, and bacteria has been reported [58].
Nitrobenzene reduction to aniline also occurs in bioelectrochemical systems coupled
with acetate oxidation [103]. Complete degradation of nitrobenzene and other
nitroaromatics like RDX (hexahydro-1,3,5-trinitro-1,3,5-triazine) and TNT (2,4,6-
trinitrotoluene) in a sequential anaerobic/aerobic microbial wastewater treatment
process [104] or by sequential oxidation/reduction using IrO./TaOs doped titanium
electrodes [43, 105] have been reported. However, the different role of each stage was

not identified.

The objectives of this study are to demonstrate the sequential reduction/oxidation of

nitrobenzene using polarized graphite electrodes and determine the effect of applied
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voltage, initial contaminant concentration, and NOM on the degradation rate constants.
Data from this study will enable better design of reactive sediment caps [17], electrode-
based remedial approaches [4], and energy generation from environmentally-deployed

electrodes [80].

4.2 Materials and methods

Chemicals

All the chemicals used are reagent grade unless otherwise noted. Nitrobenzene (=
99.5%), nitrosobenzene (97%), and aniline (99.9%) were supplied by Sigma-Aldrich (St.
Louis, MO). Hydrochloric acid (HCl) solution (37%), sodium phosphate monobasic
(NaH:POs) and sodium bicarbonate (NaHCOs) were supplied by Fisher Scientific
(Pittsburgh, PA). Humic acid sodium salt (50-60% as humic acid) was purchased from

Acros Organics (Morris Plains, NJ).

Electrode materials

Carbon materials were chosen because of their relatively low cost, resistance to
poisoning, and soft and porous texture for easier application in sediment. The carbon

cloth electrodes utilized previously were no longer available from the vendor. Instead,
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graphite felt (10 cm long x 4 cm widex 1/4 inch thick, Wale Apparatus Co., Inc,,

Hellertown, PA) was used as electrodes in this study.

Nitrobenzene degradation reaction

Experiments to study nitrobenzene degradation kinetics were carried out at room
temperature (23+2°C) in two-chamber glass H-cell reactors as described previous
chapter. Each chamber contained 60 ml headspace and 250 ml buffer solution (or
sediment porewater, or buffer with humic acid, for NOM effect study), and was well
mixed using a magnetic stir bar. The buffer solution contained 20 mM NaH:POx
adjusted to pH 6.5 by 5% HCI solution. Such buffer concentration was used in order to
match the buffer intensity of Anacostia River (Washington, DC) sediment porewater.
Constant voltage was applied using E3620A DC power supplies (Agilent Technologies,
Santa Clara CA). In each reactor, one chamber had NB together with buffer and is
defined as the working chamber, while the other contains buffer only. The electrode in
working chamber was connected to the negative pole of a power supply to serve as
cathode during reduction and then switched to the positive pole to serve as anode
during oxidation. Real-time electrode potential for the working chamber was measured
vs. Ag/AgCl reference electrodes (Electrolytica, Inc., Amherst, NY), and logged using a
Model 2700 digital multimeter (Keithley Instruments, Inc., Cleveland, Ohio). Electrode

potential is reported as vs. standard hydrogen electrode (SHE). After the voltage was
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applied and electrode potential in working chamber became stabilized, 10 mL of NB
stock solution (2.5 mM) was added to achieve an initial NB concentration of ~100 uM,
except in the experiments for initial concentration impact, where the concentration of

NB was varied.

Sediment porewater simulation

In the NOM effect study, the working chamber of the H-cell reactors were filled with
simulated sediment porewater with 20 mM NaH:POs, or humic acid solution with 20
mM NaH:POs (both at pH 6.5), instead of pure buffer solution. Simulated sediment
porewater was generated by a modified version of the standard method ASTM D3987.
In brief, Anacostia River (Washington, DC) sediment (moisture content 46.4 + 1.7 wt %)
was mixed with DI water (1:5 sediment: water weight ratio) in a glass bottle and rotated
at 30 rpm for 46 h. The mixture was then centrifuged at 2000xG for 10 min and filtered
with a nominal 20~25 pm filter (Whatman, Piscataway, NJ). The dissolved organic
carbon (DOC) content of stimulated porewater was 14.4 mg/l as carbon, reasonably
close to actual porewater (24 mg/l). Humic acid (HA) sodium salt was also used as a

representative NOM for assessing its impact on reaction rate constants.

Analytical methods
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Aqueous concentrations of NB, NSB and AN were quantified by high performance
liquid chromatography (HPLC) (Agilent, Santa Clara CA) equipped with a C18
reversed-phase column (15-cm x 4.6-mm, 5 pm) and UV detector (210 nm). The mobile
phase was 50/50 (v/v) methanol/water at 1.0 ml/min. In the experiments with HA, 30/70
(v/v) acetonitrile/water was used as mobile phase to separate peaks of AN from HA. In
the experiments with sediment porewater, samples were filtered using a 0.45 um
syringe filter before HPLC analysis. Headspace H: concentration was determined using
GC/TCD as previously described [79]. Attempts to identify water soluble oxidation
products of AN were conducted using time-of-flight mass spectrometer following

HPLC (HPLC-TOF-MS).

4.3 Results and discussions

Nitrobenzene sequential reduction/oxidation

Nitrobenzene can be completely removed by sequential reduction/oxidation with
carbon felt electrodes. Figure 4-1 is an example of NB degradation at 3 V applied
voltage. Nitrobenzene (NB, CsHsNO:z) was stoichiometrically reduced to aniline (AN,
CeHsNH:) via nitrosobenzene (NSB, CsHsNO) by cathodic reactions in the electrolytic
cell within 20 hours.  Phenylhydroxylamin (PHA, CeHsNOH), a short-lived

intermediate [106] of NSB reduction to AN, was not detected in this study. Following
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complete NB reduction to AN, the polarity of the working chamber was reversed and
AN was rapidly removed under oxidizing conditions. None of the commonly reported
AN oxidation intermediates (catechol [102], benzoquinone or maleic acid [101],
dianiline, 4-anilino phenol or azobenzol [107]) were detected by HPLC-TOF-MS.
Polymerization products of AN [108] were also not observed. pH in the working
chamber was well buffered; at 3 V applied voltage, pH rose from 6.5 to 7 during
reduction and decreased to 6.7 at the end of oxidation. Slow NB loss and no products
were observed in the control reactor that was not powered (data not shown), indicating

that sorption and alkaline hydrolysis were not significant removal mechanisms.
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Figure 4-1. Sequential reduction/oxidation of nitrobenzene at 3V applied voltage

(a) Relative molar concentrations of nitrobenze (NB), nitrosobenzene (NSB) and aniline
(AN) with regard to the initial NB added (100 uM). The results are the means of
triplicate reactors, and error bars represent standard deviation. (b) Working electrode
potential (vs. SHE) as a function of time. The circle shows the electrode potential peak.
NB was added into pure buffer solution (time zero) after the electrode potential had
stabilized. After both NB and NSB were stoichiometrically converted to AN, the

polarity of the electrodes were reversed.
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Inspection of Figure 4-1b shows that the working electrode potential is an indicator for
reaction progression: prior to addition of NB, the only reaction occurring was water
electrolysis and the electrode potential stabilized to a baseline (~ -900 mV vs. SHE with
an external potential of 3V). The addition of NB (an oxidant) increased the electrode
potential to -330 mV, close the NB reduction potential (356 mV vs. SHE) reported by
Wang et al [109]. This potential immediately after NB addition is referred as “electrode
potential peak” in Figure 4-1b and will be used in following discussion. The potential
gradually decreased to its baseline as NB was completely reduced to AN. Reversing the
polarity of the electrodes rapidly changed the electrode potential from cathodic to
anodic. The potential continued to increase while AN was present and reached a steady
value of ~+1V once AN was completely removed. The potential profile, in conjunction

with the concentration profiles with time is useful for analysis in the following sections.

The current data in Figure 4-1b follows a similar trend to the potential: current dropped
and got stabilized at 1 mA after power on, and increased instantly to 1.5 mA after NB
addition. After NB was totally reduced, current decreased back to 1 mA, and reversed
its direction once the polarity was switched. Once AN was totally removed, current

reached the steady level of 1 mA (but in opposite direction of flow).

-83 -



AN oxidation is significantly faster than NB and NSB reduction (Figure 4-1), indicating
that the reduction is rate-limiting for sequential reduction/oxidation of NB; therefore,
the following degradation study focuses on reduction only. The nearly complete mass
balance for NB reduction (Figure 4-1a and Figure 3-2) suggested that the NB reduction

pathway can be modeled by the reaction in Equation 4-1 below.

O o] o
XnF NZ NH,
+2 e+2H+ +4 e +4H+
kNB " kNSB " Equation 4'1
Nitrobenzene Nitrosobenzene Aniline
(NB) (NSB) (AN}

The reduction stage of NB removal in Figure 4-1 was replotted in Figure 3-2 to fit the
first order reaction kinetics. At 3 V, the NB and NSB reduction rate constant were 0.88
h™ and 0.36 h!, respectively. The goodness of fit (R>>0.99) indicated that the sequential
tirst order reactions were suitable to simulate the NB reduction kinetics. The NSB
reduction rate constant (knss) determined independently from experiments using NSB
as the parent compound was similar to the rate constant extracted from experiments

with NB as the parent compound (Appendix Figure B-1).
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Figure 4-2. First order kinetic model fit for nitrobenzene (NB) reduction to aniline
(AN) via nitrosobenzene (NSB) at 3V
Symbols are observed concentration data and lines represent the model fit. The results

are the means of triplicate reactors, and error bars represent standard deviation.

Effect of voltage on reduction rate constants

For a reactive cap to mitigate contaminant transport into the overlying water, the
contaminant degradation must be faster than the convection through the cap [52]. Since
applied voltage is the thermodynamic driving force for the reaction, the observed
decontamination rate should increase with increasing voltage, assuming the reaction
kinetics is the rate-limiting step. The reduction rate constants of NB and NSB were
found to be increased with applied voltage between 2 (kns = 0.3 h™! and knss = 0.04 h?)
and 3.5V (kns = 1.6 h'! and knss = 0.64 h™') (Figure 3-3a). However, a higher voltage

beyond 3.5V did not cause greater kns or knss, and below 2V no reaction was observed.
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The voltage dependence of kns and knss is consistent with the voltage dependence of the
electrode potential peak when NB was added (illustrated in Figure 4-1b). The electrode
potential peak (Figure 3-3b) decreased as voltage increased up to 3.5 V, but showed no
difference between 3.5 V and 4.5 V (the full profile of electrode potential over time
under different applied voltage were presented in Appendix Figure B-2). Voltage in
excess of 3.5V was likely dissipated by ohmic losses in the electrolyte, rather than for
cathodic reduction. Since electrode potential is the determining factor for reduction
reaction to take place, the lack of a further decrease in the electrode potential peak with
increasing voltage prevented kns and knss from further increase. pH, working electrode

potential and current information for each experiment can be found in Appendix Table

B-1.
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Figure 4-3. Effect of applied voltage on (a) nitrobenzene (kns), nitrosobenzene (knss)
reduction rate constants, and hydrogen production rate constant (inset), and (b)
electrode potential peaks after NB addition in the working chamber.

Results are the means of triplicate reactors with 100 uM initial nitrobenzene addition.
Error bars in (a) represent the 95% confidence interval of the modeled rate constants,

and in (b) represent the standard deviation of the triplicate reactors measured.
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Effect of initial NB concentration on reduction rate constants

The concentration of sediment contaminants is typically variable through the sediment
and cap. Different initial NB concentrations were tested to determine if the observed
reaction rate constants were dependent on initial contaminant concentration.
Decreasing the initial NB concentration from 100 to 5 pM increased the observed
reduction rate constants by a factor of 9 (0.88 h™ to 7.9 h™) for kns and 5 for knss (0.36 h™
to 1.7 h') (Figure 3-4). Similar inverse correlation of initial concentration with reduction
rate constant of NB on an Fe(0) surface was attributed to competition for adsorption to a
reactive iron surface [93]. In such a circumstance, the observed reduction rates are
decided by both reaction kinetics and adsorption kinetics. Another interpretation for
this electrochemical system is that since NB is an oxidant higher initial NB
concentration lead to higher electrode potential peak (Figure 3-4). The higher (less
negative) electrode potential peak decreased the driving force for reaction and therefore
slowed down the reaction [110]. The temporal variation of electrode potential for each
initial NB concentration is available in Supporting Information (Appendix Figure B-2).
pH, working electrode potential and current information for each experiment can be

found in Appendix Table B-1.

- 88 -



100 -200 EII
—o— Kyg )

—O0— kNSB b '300 g’

—-2— Electrode potential pgak E

100 _ = 1 -400 %

o / g
£ 1-500 &
x e
o

1r 1 -600 7

o

(0]

1-700

0.1 - - -800 0

1 10 100 1000
Initial concentration (uM)

Figure 4-4. Effect of initial nitrobenzene concentration on nitrobenzene (kns) and
nitrosobenzene (knss) reduction rate constants, and on electrode potential peaks after
NB addition in the working chamber.

Results are means of triplicate experiments at 3V. Error bars for reaction rate constants
represent 95% confidence intervals for the modeled values, and for cathode potential

peak represent the standard deviation of the triplicate reactors measured.

Effect of NOM on reduction rate constants

The effect of NOM on NB reaction rate constants was examined using simulated
sediment porewater (PW) or humic acid (HA) solution (both containing 14.4 mg/l DOC).
Figure 3-5a indicates that kns decreases from 2.2 h™' in no NOM control to 0.7 h™* and 0.8
h™ in the presence of porewater and HA solution, respectively; while in contrast, Knss
was less affected, around 0.4 h™! in all the groups. Figure 3-5a also shows that HA

solutions and simulated sediment porewater with the same DOC concentrations have a
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similar effect on the NB and NSB reduction rate constants. This suggests that HA may
be the key component in porewater responsible for the change of Kns and Knss. Thus
further study on the relationship between the NOM concentration and degradation rate
was conducted with HA only. Figure 3-5b shows that very low concentrations of HA
(044 mg/l DOC) decreased kns by 2 folds and the effect was not dependent on
concentration of added HA over the range of typical DOC concentrations in sediment
porewater (several mg/l to ~200 mg/1). This change of kns is within the range of 1.2 to 10
fold decrease in the reaction rate constant reported for HA effects on NB reduction by
Fe(0) [95]. In contrast, knss slightly increased with HA concentration, as has been
observed for NOM mediated NB chemical reduction by HS [89]. NOM did not likely
affect the reduction rates by serving as an electron donor, since (1) no matter which
source or what concentration of NOM was added, there was no statistically significant
difference in electrode potential peak (data not shown) and (2) adding NOM to
unpowered reactors could not cause NB reduction (data not shown). Potential
explanations of the NOM effect on reduction rates are: (1) NOM may competitively
adsorb to the electrode surfaces [95] (accumulation of HA on electrodes surfaces has
been observed) and increase the mass transfer resistance of NB or NSB from the bulk
solution to the electrodes, thus decreased the reduction rate; or (b) NOM may increase
the rate due to electron shuttling [89] between the electrodes and contaminant.

However as Figure 3-5 shows, the impacts of NOM on kns and knss were relatively
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small (less than a factor of 3) when compared to the impact of applied voltage and
initial contaminant concentration (~factor of 10), and therefore were not further
investigated. pH, working electrode potential and current information for each

experiment can be found in Appendix Table B-1.
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Figure 4-5. Impact of (a) NOM presence and (b) humic acid concentration on
nitrobenzene (kns) and nitrosobenzene (knss) reduction rate constants.

The chemical composition for each group in (a) was: blank control: 20 mM NaH:2POs; w/
HA: HA (14.4 mg/l DOC) and 20 mM NaH:POs; w/ PW: simulated sediment porewater
(14.4 mg/l DOC) and 20 mM NaH:PO.. The inset in (b) is the scale-up of low
concentration data. For both figures, results are means of triplicate experiments with
100 uM initial nitrobenzene addition at 4 V, and error bars represent the 95% confidence

interval of modeled rate constants.

-91 -



Reaction rate comparison with other studies

The NB reduction rate measured here was comparable to those previously reported
using in microbial fuel cells (MFC) [109, 111], however some differences are noteworthy.
Wang et al. [109] used acetate oxidation instead of water oxidation (to O2) at the anode,
so we compare reaction rates determined at the same cathode potential instead of at the
same total applied voltage. In their study, when the applied voltage was 0.5V, their
cathode potential with pre-added NB was -790 mV (without bacteria) or -740 mV (with
bacteria). This is much lower than the cathode potential after NB addition at any
applied voltage in this study (Appendix Figure B-2). A lower cathode potential would
be expected to lead to higher reaction rate. However, kns determined from their
reported concentration vs. time data at this cathode potential is only 0.045 h'(without
bacteria) and 0.2 h' (with bacteria); while this study with an abiotic reaction only has a
kns between 0.3 to 2.5 h'l. Although the cathode used in the study by Wang et al. was
platinized, the cathode surface area normalized reaction rate in their study (1.1 x 10
h7'cm=?without bacteria or 1.0 x 102 h'cm? with bacteria) is slower than observed in the
present study (between 1.5 x 102 h”'em™ and 0.12 h”’em™). Such comparison suggests
that operating the electrodes at lower voltage may slow the desired degradation, but
that the total power output can be greatly reduced (0.5V for the study of Wang et al, vs.
at least 2V in this study) using a suitable electron donor at the anode. It may be

infeasible to continuously providing a suitable electron donor to a sediment cap but, in
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the cases of sequential reduction/oxidation, or removing contaminants mixtures

requiring different redox conditions, pursuing such coupling is desirable.

Similarly, Li et al. [111] used microbial glucose oxidation at the anode to couple with NB
reduction at cathode. kns determined from their reported concentration vs. time data is
~0.8 h™ (or 1.6 x 102 h'cm™) for the initial 3 h and slowed down afterward. Such a
reaction rate is close to the low end of the kns range obtained in this study. The cathode
potential at such reaction rate was not reported, but since their cathode was not poised,
it should be around the NB reduction potential found in both this study and the study
by Wang et al. [109]. Their current density at such reaction rate was controlled
constantly at 15 A/m? (or 165 mA/m?), while the maximum current density in this study
was 125-375 mA/m?. Both the reaction and current density observed in this study were

similar with these reported in Li’s study.

Performance and design of electrode-based reactive cap

We examined how the cap properties (thickness and reactivity) as well as contaminant
transport properties (seepage velocity and diffusivity) affected the ability of an
electrode-based reactive cap to degrade contaminants moving through by advection
and diffusion. Since this model only considers terms which are relevant within a porous

electrode, an electrophoretic term for the velocity was not considered. The case study of
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NB and the cap parameters used here are included as a metric for comparison to other

important sediment contaminants that may have slower rates of reaction.

There are three steps during contaminant abiotic degradation at the electrode surfaces
as studied here: diffusion of NB to the electrode surface, reaction of NB at the electrode
surface, and diffusion of reaction products from the electrode surface. In the H-cell
reactions, we assume that reaction at the electrode surface is the rate controlling step.

This is reasonable since the time scale for diffusion in our system (t, =L*/D) is

approximately 0.2s, assuming a diffusion layer thickness (L) of 10 m and NB diffusivity
(D) of 4.4 x10°m?/s [112]. This is much shorter than the timescale for the first order

reaction (t,,, =1/k, which is in minutes to hours for NB). Also the oxidation of AN is

o0
taster than reduction of NB and NSB (Figure 4-1). Thus the reduction reaction is rate
limiting in the well mixed H-cell reactors. The reaction rate may also be assumed to be
the rate-limiting step for other, more refractory contaminants with slower degradation

kinetics, assuming the diffusivities are in the same magnitude.

In real sediment, within an electrode-based reactive cap, the overall decontamination
rate is moderated by contaminant migration in surrounding medium. The steady state
contaminant flux to each electrode can be simulated using a one-dimensional advection-

diffusion-reaction model [113] with the analytical solution of
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Equation 4-2

C(z)=C, exp( D

v—+/V? +4Dk z]

Where 7 is the relative location of the interested point to the bottom of the electrode; C,
and C(z)are the contaminant concentration in the porewater entering the cap and at
position z, respectively; Vv is the upward sediment porewater average velocity; D is the
diffusivity of contaminant; k is observed first order reaction rate constant; h is the

electrode thickness.

To make the solution as general as possible, Equation 4-2 can be rewritten in terms of
the dimensionless Peclet Number ( Pe) and Damkohler number (Da) that can be

calculated for any sediment cap and contaminant.

_ vh _ advection rate

D diffusion rate Equation 4-3

kh  reaction rate .
Pa=—=—"—"7"" Equation 4-4
v advection rate

Re-writing Equation 4-2 in terms of Pe and Da allows assessment of contaminant

removal efficiency ( f ) for any cap or contaminant in general:

. :1_C(ry :l_exp(Pe—\/Pez +4DaPe]
CO

2

Equation 4-5
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Figure 6 illustrates the fraction of contaminant removed vs. the Peclet Number for a
range of Damkohler numbers. Greater than 80% removal can be achieved with electrode
caps having Da>5 at Pe expected in sediments caps (Pe<10, considering the typical
sediment flow velocity of several cm/d, electrode thickness of a few cm, and effective
diffusivity of 10°m?/s). It is important to note that Peand Da are not independent
parameters, but rather co-vary with velocity, i.e. Pe number decreases with decreasing
porewater velocity, but Da increases with decreasing porewater. Thus, for a given cap
dimension, a lower Pe number usually accompanies a high Da. With the assumption of
an electrode thickness of 0.635 cm (one layer of the graphite felt used in this study), a
NB diffusivity of 4.4 x10°m?/s [112], and the reaction rate constant of 0.5 h'! based on
the reactivity data from this study, NB degradation efficiency was predicted to fall
between 52% (when porewater velocity was 10 cm/day) and 97% (when porewater
velocity was 1 cm/year), shown as the solid line in Figure 3-6. Note diffusivity (D) in
water instead of effective diffusivity (D*) in the porous electrode is used due to lack
data for electrode porosity (n) and tortuosity (7). Since D*=Dnzrand 0 <n,z<1, D is
always greater than D*. Such an approximation therefore leads to underestimate of Pe

and thus underestimate of removal efficiency.
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Figure 4-6. Effect of flow conditions (Peclet Number, Pe) on transformation in the
sediment cap for a range of reactivity (Damkohler numbers, Da).
The solid line represents the electrode and NB reactivity data in this study (k=0.5 hr,

h=0.635 cm, and D=4.4 x101°m?/s).

Other contaminants may not as easily degraded as NB, and considering that the
reaction rate increase with applied voltage are not unlimited, a specific removal
efficiency for a particular contaminant may require a degradation rate beyond what the
electrode-based reactive cap can provide. In this case, a thicker cap is needed to provide
longer hydraulic retention times for the completion of the desired reactions. In addition,
though a particular reaction rate may be achievable with a high applied voltage, in

many cases it may be desirable to operate at a lower voltage. Then the electrode
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thickness may be increased to provide the desired removal efficiency. Operating at low
voltage can decrease energy costs and environmental disturbance (e.g., pH change).
This is especially true for operation at a voltage which transforms contaminants without
hydrogen production (e.g., in Figure 3-3a, at 2V NB and NSB were reduced without
hydrogen production). Electrode-based sediments caps will need to be optimized for
both design (electrode thickness) and operational (applied voltage) conditions to

minimize remediation costs.

It is worth noting that in real sediments mass transfer processes and reactions other
than those considered here may also affect the contaminant degradation rates. For
example, unlike the NB probe in this study, highly hydrophobic contaminants may
strongly adsorb to sediment NOM. Slow desorption from NOM may result in a low
contaminant transport rate to the electrode surface, and thus a lower overall removal
rate. Also, no electrokinetic term is incorporated in this model, because this model only
discusses contaminants behaviors inside the electrode. By ignoring the potential
gradient in the porewater inside the electrode, electric potential is considered equal at
all positions within the electrode, and electromigration and electroosmosis driven by
electric potential gradient become zero. A more complicated model dealing with the
heterogeneous potential distribution may be needed for advanced analysis. Other

reactions may also need to be considered for the cap design. For instance, hydrogen
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produced at the cathode (Figure 3-3a inset) may be utilized by bacteria for contaminant
biodegradation. The participation of microbial activity may increase the reactivity (Da)
over that of the electrode alone [109]. This is potentially the case for contaminants (such
as PCBs) with low abiotic reduction rates, as long as the supplementary biological
reduction rate in the presence of low levels of H: is high enough to make the electrode-
based reactive cap feasible. Either of these conditions would require incorporating mass

transfer into the model, or the in situ reaction rates, to optimize the design of the cap.

4.4 Conclusions

This work demonstrated graphite felt can be as the electrode material to effectively
removal nitrobenzene by sequential reduction/oxidation. The oxidation step is faster
than the reduction step. NB reduction can be modeled as a series of two first order
reactions, and the reaction rate constants can be controlled by applied voltage between
2V and 3.5V. Lower initial NB concentrations lead to higher reaction rates. The presence
of NOM decreased NB reduction rate but increased NSB reduction rate. These results
suggest that contaminants requiring sequential reduction/oxidation may be effectively
degraded in the electrode-based reactive capping by abiotic electrochemical reactions

on electrode surfaces.
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Chapter 5. Effect of powered carbon electrodes on 24-

dichlorophenol biodegradation in sediment slurry®

Abstract

Microbial degradation of organic contaminants is an important attenuation process for
sediment remediation. Placing an electrode-based sediment cap over the contaminated
sediment will likely change the intrinsic contaminant biodegradation rates, either by
supplying electron donor or acceptor, or by altering the pH in the porewater. Using 2,4-
dichlorophenol (DCP) as a probe compound, this study investigated the effect of
powered electrodes on the DCP degradation rate in sediment slurry. Degradation rates
were measured using both powered and unpowered electrodes, and in active and
sterile sediment. DCP was reductively transformed to 4-chlorophenol in sediment
slurry with powered or unpowered electrodes. Neither graphite felt nor carbon paper
cathodes induced abiotic electrochemical DCP dechlorination at low applied voltage (2-
3 V for graphite felt, 2.5-3.5 V for carbon paper) in either biologically-active or sterile
sediment, confirming that observed DCP degradation was biological. DCP removal
rates ranged from 1-20 uM/day in unamended sediment to 50-200 uM/day in sediment

amended with nutrients (vitamins and trace metals). Comparing DCP removal rates for

® This chapter is under preparation for possible publication.
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powered and unpowered electrodes in sediment slurries, it was found that graphite felt
electrodes did not change DCP removal rates in nutrient-amended sediment slurry and
carbon paper electrodes decreased DCP removal rate in unamended sediment slurry.
Additional batch studies on the effects of hydrogen concentration and porewater pH on
DCP biodegradation rate were performed to better understand how the powered
electrodes may impact DCP biodegradation rate. An increase of either hydrogen
concentration or pH was found to depress the dechlorination rate in unamended
sediment slurries without electrodes, suggesting the observed negative effect of
powered electrodes on DCP biodegradation rate may be caused by hydrogen
production and increase of sediment pH near the cathode. The results of this study
suggest electrode-based sediment cap does not benefit natural attenuation of DCP

which is degradable in the sediment without any intervention.
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5.1 Introduction

Biodegradation of contaminants in sediment and sediment caps is essential for
sediment management. It has been demonstrated that in a laboratory scale
cinder/granular iron sediment cap, the presence of nitrobenzene degrading bacteria can
improve nitrobenzene degradation compared to in abiotic situation [58]. Also, aerobic
bacteria in sand cap over coal tar-contaminated river sediment can reduce polycyclic
aromatic hydrocarbons (PAHs) concentrations in water flowing through the sediment
and cap with the supply of oxygen and nutrients [56]. In another study with a
simulated bioreactive sand cap, a mixed bacterial consortium transformed
tetrachloroethene to cis-1,2-dichloroethene and vinyl chloride, and by adding soluble
electron donor, complete dechlorination to ethane was achieved [114]. These examples
demonstrate the importance of electron donor/acceptor in microbial sediment

remediation.

We hypothesize that an electrode-based sediment cap may be used to facilitate
contaminant biodegradation. As discussed in previous chapters, hydrogen and oxygen
produced in the electrode-based reactive caps may be utilized as electron donor and
acceptor, respectively, by certain bacteria for contaminant biodegradation. Also, direct

microbial respiration of the anode and cathode as electron acceptor and donor,
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respectively, may also be involved in bioremediation. The coupling of contaminant
oxidation or reduction to microbial respiration of electrodes has been studied
previously; for example, PAHs oxidation coupled with microbial respiration of an
anode as the electron acceptor [5], U(VI) [4] and nitrate reduction [3] coupled with
microbial respiration of the cathode as the electron donor. For some contaminants like
chlorinated hydrocarbons, sequential microbial reductive dechlorination at the cathode
followed by microbial oxidation at the anode may be a good approach for these highly

refractory contaminants.

Incorporating biodegradation into the electrode-based reactive cap is also beneficial for
refractory contaminants where abiotic reactions afforded by the electrochemical
reaction are not fast enough to prevent breakthrough in the cap. Even if the desired
degradation rate is achievable by the abiotic reaction alone, the participation of
microbes may decrease required abiotic reaction rate and thus decrease required
applied voltage and consequently reduce operating cost (lower the required voltage),

and unintended effects like local pH change around the electrodes.

Studies on electrode-stimulated degradation of important sediment contaminants have
been recently reported. It has been demonstrated that carbon electrodes can enhance

PAHs degradation and increase the number of PAHs degrading genes in sediment
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slurries and in sand sediment caps [45]. Both naphthalene and phenanthrene
degradation rates were faster in ElectroBioReactors (sediment slurries with 3.5V
powered electrodes) than in killed control (sterile sediment slurries with 3.5V powered
electrodes) and in anaerobic control (anaerobic sediment slurries without power). Also,
in sand sediment caps with 2V applied voltage, phenanthrene concentrations near the
anode (normalized to unaffected parts of the cap) were 11-16% less than observed in an
unpowered control, and naphthalene concentrations around the anode area (also
normalized to unaffected parts of the cap) were 3% more and 20% less, respectively, in
the duplicate powered caps, than the unpowered control. Similarly, polychlorinated
biphenyl (PCB) removal was improved using titanium electrodes in sediment-water
microcosms [46]. While only negligible PCB loss was observed in sterilized sediment
slurry with 1.5V or without power over 88days, ~15% loss was observed in unpowered
active sediment slurry, and up to 64% loss was achieved in powered active sediment
slurry. More PCB loss was observed in lower applied voltage (1.5V) than high voltage

(2.2V and 3.0 V).

With the above two reports suggesting powered electrodes in sediment environment
may change contaminant biodegradation, it is interested to study if powered electrodes
will also promote biodegradation of other contaminants. In this study, 24-

dichlorophenol (DCP) degradation in a sediment slurry with powered and unpowered
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carbon electrodes was measured to determine if powered electrodes can change DCP
degradation rate. Chlorophenols are an important class of environmental contaminants

with extensive usage as biocides and wood preservatives.

DCP was chosen because the degradation products are well known and easy to
measure; also, microbial degradation rates of DCP were moderate (naturally occurring
biodegradation of chlorophenols typically have half-lives between 2 and 70 days [115]),
not too high to make electrochemical reaction unnecessary and not too low so it can
provide enough experimental observation within relatively short period (days to
weeks); DCP has moderate hydrophobicity and therefore exhibits relatively low

adsorption and evaporative losses.

Biodegradation of DCP in sediment with 10% hydrogen as the electron donor has been
studied with 4-chlorophenol as the only product [116]. Another study suggested 100
kPa hydrogen can stimulate dechlorination of DCP in unacclimated sediment [117].
Electrochemical dechlorination of chlorophenols has been achieved in various
laboratory electrochemical cells [35, 118-120]. The combination effect of electrodes and
microbial activity can potentially improve chlorophenol removal with pure culture

bacteria [121] and bacteria enrichment from wastewater treatment plant [122]. However,
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biodegradation of chlorophenols with electrodes in actual sediments has not been

examined.

Once confirmed that powered electrodes could change DCP biodegradation rates,
turther studies were conducted to better understand why powered electrodes have such
impact. Specifically, hydrogen accumulation and pH shift caused by water electrolysis
were hypothesized as the potential explanations for the influence of electrodes on
degradation. Thus, DCP biodegradation in sediment slurries without electrodes were
studied with different hydrogen and pH levels simulating the conditions observed in

presence of powered electrodes.

The hypotheses tested in this study were: (1) applying powered electrodes to sediment
will yield a higher degradation rate compared to sediment without powered electrodes
and electrodes without microorganisms, and (2) hydrogen and pH are two important

factors influenced by the electrodes that impact DCP degradation rates.

5.2 Materials and methods

Chemicals
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2,4-dichlorophenol, 4-chlorophenol, 2-chlorophenol were supplied by Acros (Geel,
Belgium). Phenol, methanol, toluene, acetic acid (glacial) ammonia dihydrogen
phosphate (NHsH2POs), hydrochloric acid (HCI) solution (37%) and sodium hydroxide

(NaOH) were supplied by Fisher Scientific (Pittsburgh, PA).

Electrode materials

Carbon materials were chosen because of their relatively low cost, resistance to
poisoning, and its flexible and porous texture for easy application. This study used both
the same graphite felt as in previous chapter (10 cm long x 4 cm widex 1/4 inch thick,
Wale Apparatus Co., Inc., Hellertown, PA), as well as another carbon material, carbon
paper (10 cm long x 2.5 cm wide, BASF Fuel Cell, Inc., Somerset, NJ), in order to exam
the effect of different electrode materials on DCP biodegradation. Pd/Nb mesh (1”OD x
3”L, Scribner Associates Inc., Southern Pines, NC) was used as anode to lower the

energy consumption dissipated in the anode side, which is not the focus of this study.

Sediment source and properties

Sediment used in this study was collected from Anacostia River in Washington, DC.
Sediment was stored in plastic bottles under ~2 cm of site water at 4°C in dark until use.
Major contaminants present in the Anacostia River include PAHs, PCBs and metals

[123]. The properties of the sediment and porewater are listed in Appendix C. In this
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study, the sediment was added into the buffer (20 mM NHsH2POu at pH 7) to achieve
1% dry solids slurry. The concentration of 2,4-DCP in observed Anacostia River
sediment and porewater is 330 ug/kg and 10 pg/L, respectively [123]. But for the ease of
detection, a higher concentration of 2,4-DCP (~80 uM) was dosed into the slurry in this

study.

DCP degradation in H-cell reactors

DCP degradation experiments were conducted at room temperature (23+2°C) in H-cell
reactors as described in previous chapters. Each chamber of the H-cell reactors
contained 60 ml of headspace and 250 ml of electrolyte (sediment slurry as catholyte,
NH4H2POs buffer as anolyte), and was well mixed using a magnetic stir bar. About 1/3
of the sediment slurry was pre-inoculated anaerobically with a chlorophenol mixture
(~80 uM of 2,4-DCP, 2-CP, 4-CP and phenol, the mixture was introduced to the
sediment slurry as 2 ml stock solution in methanol) without the presence of electrodes,
1/3 was pre-inoculated with a chlorophenol mixture with powered electrodes, and 1/3
was fresh, non-inoculated sediment. Thus, original bacteria in Anacostia river sediment,
bacteria adapted to DCP, and bacteria adapted to powered electrode were all present in
the slurry. In order to test whether nutrient level would impact the DCP degradation
rate in powered and unpowered conditions, nutrient-amended experiments were

conducted by adding 0.05% vitamin and mineral solution to the slurries. The
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compositions of the nutrient solutions are listed in Appendix C. All the reactors were
assembled in anaerobic hood filled with nitrogen gas, and continuously mixed at 300

rpm by magnetite stir bars at room temperature.

Constant voltage was applied to the reactors using an E3620A DC power supplies
(Agilent Technologies, Santa Clara CA). Sterile controls with powered electrodes were
made by autoclaving the sediment slurry three times at 120 °C for 20 min each time. No
power controls were made with embedded but unpowered electrodes and active
sediment slurry. Triplicate reactors were used for the experimental group and no power

control, and duplicates were used in the sterile control.

DCP degradation was tested under different applied voltages between 2V and 3.5V. At
each voltage, 0.4 ml of 50 mM 2,4-DCP stock solution in 1:1 methanol/water was
injected into the cathode chamber to achieve an initial concentration of ~80 uM before
the power was turned on, and re-spiked when the DCP had completely degraded. In
nutrient-amended experiments, each time before changing the tested voltage, the
sediment slurry from the previous experiment was centrifuged at 6000 rpm for 6 min,
washed once with the NHsH2POs buffer to remove the accumulated products that may
be toxic to the bacteria, and re-suspended by the buffer with vitamin and mineral

solution for the next set of experiments. The concentrations of chlorophenols in re-
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suspended sediment after wash were negligible. In unamended slurry experiments, the
sediment was not washed. NaOH or HCI was added into the cathode chambers to keep

pH neutral if catholyte pH was found lower than 6.5 or higher than 8.

DCP degradation in batch reactors without electrodes

DCP dechlorination batch experiments were conducted in duplicate serum bottle
reactors. Each bottle includes 55 ml sediment slurry (1% dry solids) with NHsH2POx4
buffer (same as used in H-cell reactors) with 20 ml anaerobic headspace. About 1/3 of
the sediment slurry was pre-inoculated anaerobically with the chlorophenol mixture
(same as described above) without the presence of electrodes, 1/3 was obtained from the
H-cell reactors, and 1/3 was fresh, non-inoculated sediment. Thus, original bacteria in
Anacostia river sediment, bacteria adapted to DCP, and bacteria adapted to electrode-
induced pH and hydrogen level were all present in the slurry. All the reactors were
assembled in anaerobic hood filled with nitrogen gas, and continuously mixed at 300
rpm by magnetite stir bars in room temperature during the experiments. DCP was

dosed as described above.

Four constant pH levels were tested for DCP degradation: pH 7, pH 6.5, pH 7.5, and pH
8. Another test with pH increased from 7 to 8 over three days and then lowered to 7 on

the fourth day was also conducted to mimic the temporal fluctuation in pH observed in
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powered H-cell reactors). HCl or NaOH was added as needed to maintain the desired
pH over the course of the experiment. Four headspace hydrogen concentrations were
tested for DCP degradation: 0%, 5%, 25% and 50%. Pure hydrogen gas was injected into
the headspace as needed to maintain the desired concentration for the duration of the

experiment.

Analytical methods

Sediment slurry samples (1 ml per sample, duplicates samples per reactor) were taken
over time and the pH was measured using a pH probe (Fisher Scientific, Pittsburgh,
PA). The DCP in each sample was then extracted using 0.5 ml toluene. The extraction
efficiency for DCP and 4-CP at pH 7 were 84% and 73%, respectively. DCP extraction
efficiency did not significantly difference when pH of the slurry varied from 6.5, 7, 7.5
to 8 (p=0.56 for single factor analysis of variance), but 4-CP extraction efficiency
decreased from 83% at pH 6.5 to 80% at pH 8 (p=0.004). After extraction, a 0.2 ml
aliquot of toluene was mixed with 0.2 ml methanol, and analyzed by high performance
liquid chromatography (HPLC) (Agilent, Santa Clara CA) equipped with a C18
reversed-phase column (15-cm x 4.6-mm, 5 um) and UV detector (280 nm). The mobile
phase was 60:40:2 methanol: water: acetic acid initially at 1 ml/min, start increasing at

4.5 min until reached 1.5 ml/min at 6 min, and maintain at 1.5 ml/min for another 6 min.
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Headspace Hz, CHs and CO: concentrations were determined by GC/TCD as described

in previous chapters.

5.3 Results and discussions

DCP degradation in nutrient-amended sediment slurry with graphite felt electrodes

Figure 5-1 shows representative data for 2,4-dichlorophenol (DCP) degradation in
sediment slurry with graphite felt electrodes with 2V applied voltage. Over three
subsequent spikes of DCP, 4-chlorophenol (CP) was the only dechlorination product. 2-
chlorophenol and phenol were not observed. DCP removal rates were similar in slurry
with and without power. The powered, sterile slurry did not exhibit DCP removal. The
same trend was also observed for CP production, indicating that the main mechanism
of DCP dechlorination was microbial degradation rather than direct electrochemical
degradation. The hydrogen concentration provides additional support for microbial
degradation rather than an abiotic mechanism. The hydrogen concentration in the
sterile, powered control was high due to water electrolysis, but was low in the powered
sediment slurry. This suggests that the produced hydrogen in powered sediment was
consumed by microbial activity. The unpowered slurry also had a low level of
hydrogen, most likely from hydrogen-producing bacteria. Methane concentration was

similar in powered and unpowered sediment with live cultures, suggesting that
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methanogens were present in both communities. No methane was detected in the sterile

control as expected.
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Figure 5-1. (a) removal of 2,4-dichlorophenol (DCP), production of (b) 4-chloropenol
(CP) (c) hydrogen, and (d) methane in nutrient-amended unpowered sediment slurry,
sediment slurry powered with graphite felt electrodes at 2V applied voltage, and a
powered but sterilized sediment slurry

The results are the means of duplicate or triplicate reactors, and error bars represent

standard deviation.
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Effect of voltage on DCP degradation rate in nutrient-amended sediment slurry with

graphite felt electrodes

The effect of applied voltage on DCP degradation rate was tested at 2V, 2.5V and 3V, as
illustrated in Figure 5-2. Degradation at each voltage was tested over at least two spikes
of DCP. A T-test indicates that there is no statistically significant difference in DCP
removal rates in slurries with powered and unpowered electrodes for any DCP spike
(p>0.05) except for the 1% spike where the DCP removal rates in powered and
unpowered slurry were 45.9+0.1 and 42.3+0.3 uM/day, respectively (p=0.0015). DCP
removal rate in the sterile control was negligible and no significant increase of 4-CP
concentration was observed. DCP degradation rate was unaffected by applied voltage
in either biotic or abiotic reactors, suggesting that electrochemical dechlorination did
not occur over the range of the applied voltage tested (2-3 V). DCP removal was higher
in later spikes in the presence of live cultures with powered or unpowered electrodes.
Since sediments were washed (as described in the Material and Method section) before
each voltage change, such higher removal rate in later spikes suggests that the microbial

communities needed time to recover and re-establish after sediment washing.
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Figure 5-2. Effect of applied voltage on 2,4-dichlorophenol (DCP) degradation in
nutrient-amended sediment slurry with graphite felt electrodes

DCP was added to the slurries in seven consecutive spikes, and sediment was washed
before changing the applied voltage. The results are the means of duplicate or triplicate

reactors, and error bars represent standard deviation.

The results from DCP degradation studies in sediment slurries with graphite electrodes
(Figure 5-1 and Figure 5-2) indicate the presence of powered electrodes neither
significantly promoted nor depressed DCP biodegradation in the tested sediment slurry.
One potential reason is that the DCP biodegradation rate in the nutrient-amended
sediment was already high enough that it was relatively unaffected by electrodes, i.e.
the required organisms, electron donor and nutrients are already sufficient for

biodegradation and thus did not gain extra benefit from the electrodes. It is noticed that
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~ 20 mM of methanol was added into the slurries in order to spike DCP, and methanol
could provide electrons (Equation 5-1) for DCP biodegradation (Equation 5-2), although
some electrons would be consumed in methanogenesis (Equation 5-3) and biosynthesis
(Equation 5-4) instead of dechlorination). Thus the degradation rate of the dosed ~80

uM DCP was not affected by the presence of powered electrodes.

Methanol as electron donor: CH,0OH + H,0 - CO, +6H" +6e" Equation 5-1
Dechlorination: C;H,CI,OH +2H" +2e~ — C,H,CIOH + HCI Equation 5-2
Methanogenesis: CH,OH +2H" +2¢e- - CH, +2H,0 Equation 5-3

Biosynthesis: 4CO, + NH, + HCO; +20H" +20e” —C,H,O,N +9H,0  Equation 5-4

Also, another group of experiments was conducted in sediment slurries without
nutrient-amendment in order to investigate the effect of powered electrodes under less
favorable conditions for biodegradation of DCP. Since graphite felt cathodes did not
appear to stimulate abiotic electrochemical dechlorination of DCP, another cathode

material, carbon paper was tested in these DCP-removal experiments.

DCP degradation in unamended sediment slurry with carbon paper electrodes

In unamended sediment slurry, the DCP removal rate with powered carbon paper
electrodes was not as high as the unpowered control (Figure 5-3), suggesting that the

presence of powered electrodes was detrimental to DCP biodegradation. The powered,
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sterile control showed some DCP removal, but no dechlorination products were
observed, indicating the observed DCP loss was most likely loss due to adsorption onto
the electrodes or reactor walls. The applied voltage had no effect on the DCP removal
rate in the powered reactor, also suggesting electrochemical DCP degradation was not
occurring. Since the sediment was not washed before changing the applied voltage, the
DCP removal rate in the unpowered slurry increased with each additional spike,
probably due to the adaption of dechlorinators to DCP over time. Although the
concentration of methanol introduced into the slurries did not change, DCP
biodegradation rates in the unamended sediment were at least one magnitude slower
than in nutrients-amended slurry (Figure 5-2 and Figure 5-3), suggesting the
biodegradation was limited by the availability of nutrients necessary for microbial

activities.
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Figure 5-3. Effect of applied voltage on 2,4-dichlorophenol (DCP) degradation in
unamended sediment slurry with carbon paper electrodes

DCP was added to the slurries in four consecutive spikes, and sediment was NOT
washed before changing the applied voltage. The results are the means of duplicate

reactors, and error bars represent standard deviation.

The results in Figure 5-2 and Figure 5-3 suggest that, with the applied voltage
insufficient to drive electrochemical DCP degradation, the presence of powered
electrodes either did not improve, or even depressed DCP biodegradation. This
disproves our initial hypothesis that powered electrodes may provide electron donors
and stimulate microbial dechlorination of DCP. Thus, further studies were conducted to
investigate factors introduced by the electrodes that may influence the DCP

degradation rates.
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Powered electrodes in the sediment slurry system can alter several geochemical
parameters related to microbial activity. These include redox potential, hydrogen
concentration and pH. Changing redox potential is in fact one of the hypothesized
benefits of electrode-stimulated biodegradation: creating a reduced environment
around the cathode and an oxidative environment around the anode should facilitate
electron transfer in contaminant transformation. Hydrogen concentration can have two
potentially opposing effects: produced hydrogen can serve as the electron donor for the
dechlorinators and thus stimulate DCP degradation, but it can also serve as electron
donor for competing bacteria and thus depresses DCP degradation [124-126]. The effect
of pH change is even more complicated. The dechlorinators may only be active in
certain pH range; the form of DCP existing in the aqueous phase (protonated or
deprotonated) depends on pH; and the availability of nutrients are directly related to
pH level (some metals precipitate at high pH and some elements change chelating
form). Thus, DCP degradation at different hydrogen and pH levels were determined to

help explain the effect of powered electrodes on DCP biodegradation.

Effect of hydrogen concentration on DCP biodegradation in sediment slurry

Figure 5-4a shows the DCP biodegradation over time at different headspace hydrogen

concentrations. In general, adding H2 to the reactors lead to higher residual DCP
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concentrations or a lower rate of reaction. DCP can be totally removed in 11 days
without hydrogen addition. Adding 5% hydrogen in the headspace generally did not
change the removal rate, but lead to a low concentration of residual DCP (~5 uM) which
could not be further removed over 20 days. A similar trend was observed with a higher
hydrogen level (25%), with ~20 uM residual DCP. Adding a high concentration of
hydrogen (50%), on the other hand, lead to slower DCP removal rates, but also the

complete removal of DCP within 20 days.
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Figure 5-4. Effect of headspace hydrogen concentration on (a) 2,4-dichlorophenol
(DCP) degradation and (b) methane production in unamended sediment slurry
without electrode

DCP concentrations were normalized to initial DCP concentration (~80 uM). Hydrogen
was injected into the headspace as needed to keep the desired constant concentration
over the duration of the experiment. The results are the means of duplicate reactors, and

error bars represent standard deviation.
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Overall, results in Figure 5-4a suggest that hydrogen negatively impacted DCP
dechlorination, conflicted with the reported studies showing hydrogen can improve
DCP biodegradation [116, 117], but the reason for such difference is unclear. It seems
the methanol introduced into the sediment sample during DCP spiking this study is
enough to support dechlorination, thus adding 5% or 25% hydrogen to the sediment
slurry did not change the initial degradation rate. One potential explanation for the
observation that the DCP residual was proportional to the hydrogen concentration is
that, other bacteria in the slurry were competing with dechlorinators for nutrients (as
suggested for the electrode reactions mentioned above where nutrients in unamended
sediment were a limiting factor for DCP biodegradation). When DCP concentration was
high, the side reactions could not outcompete dechlorination so the DCP removal rate
was not affected by hydrogen concentration; but as the DCP concentration decreased
and could not maintain a high population of dechlorinators, the numbers of other
bacteria increased and the dechlorinators lost their privilege for maintaining
dechlorination, so DCP was no longer degraded. A high level of hydrogen (50%) seems
to depress the activity of the whole microbial community, as evidenced by the low

methane production (Figure 5-4b), thus a slow but complete DCP removal was achieved.

It is important to note that, unlike previous studies on the effects of hydrogen on

dechlorination [124-126], methanogenesis in this study was not a key side reaction
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competing for hydrogen with dechlorinators. As shown in Figure 5-4b, methanogenesis
was also depressed by hydrogen: the concentration of methane decreased with

increasing hydrogen concentration. The reason for this observation is unclear.

Effect of pH on DCP biodegradation in sediment slurry

Figure 5-5a shows DCP biodegradation under different pH conditions. Dechlorination
started later at pH 6.5 than at pH 7, but both achieved totally removed in 10 days.
Under all other pH conditions (pH 7.5, pH 8, and pH oscillating between 7 and 8), no
dechlorination was observed. These results, however, contradict several previous
reports that a higher pH (generally around 8) favors chlorophenols dechlorination by
both pure culture [127], mixed culture from lakes [128], soil [129], and aerobic digesters

[130]. The reason for such a difference is unknown.

There are three possible explanations for the observed pH effect: (1) a larger portion of
DCP is deprotonated at higher pH (the pKa of DCP is 7.85) and the dechlorinating
organisms cannot utilize this charged form; (2) the activities of either the dechlorinating
organisms, or other bacteria in collaboration with dechlorinators are depressed at

higher pH; or (3) certain nutrients become (partially) unavailable at high pH.
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First consider the pH effect on DCP speciation. Although it is reported that low pH
values increased the amount of DCP adsorbed to bacterial cells [131], the deprotonated
form of DCP is still expected to be bioavailable, inferred from studies with complete
DCP microbial dechlorination at pH higher than its pKa [117, 128, 130, 132, 133]. Also,
at pH 7.5 or 8, or oscillating between 7 and 8, since there are still some protonated DCP
molecules available for the bacteria, the dechlorination rate should not be negligible as
was seen here. Thus, DCP speciation should not be the main reason for the observed pH
effect. pH effect on DCP and 4-CP extraction efficiencies were also considered unrelated
to the observed degradation rate change, since at all tested pH level, the extraction

efficiencies were all similar, as shown in Figure C-1 in Appendix C.

Next consider the pH effect on bacteria. It is generally considered that dechlorination
can occur in the range of pH 6-8 [134]. If it is the case for this study, then it is more
possible that pH indirectly affected dechlorination by changing other species in the
microbial community, rather than directly affecting the activity of dechlorinators.
Methane production (Figure 5-5b) had many similarities with dechlorination: at pH 7,
both process were at highest levels; at pH 6.5, both process started slow but got
significant improved after 5 days; there is rarely change in methane concentration at pH
oscillating conditions, and very slow increase at pH 8, suggesting high pH indeed

depressed methanogenesis. It is reported that pH had a greater impact on methane

-125-



production than dechlorination of tetrachloroethylene in mixed soil bacteria culture
[135]. Methanogens may provide essential nutrients to the dechlorinators, as suggested
by the fact that the presence of methanogens inhibitor would also inhibit dechlorination
of perchloroethene [136]. If this is also true for DCP dechlorination in this study, limited
DCP biodegradation at high pH may be explained as a result of the depress
methanogens activity. This hypothesis partially explains why there was no
dechlorination at pH 8 and pH oscillating conditions, but can not explain why at pH 7.5,

methane production was active (Figure 5-5b) but dechlorination was not observed.

The pH effect on nutrients availability was tested in another set of experiments on
nutrient amended sediment slurries (Figure 5-5c). After adding nutrients into the
sediment slurry, the DCP biodegradation rate in sediment slurry was greatly increased
compared to unamended conditions at pH 7.5. More importantly, the degradation rate
at pH 7.5 was similar to that at pH 7 or pH 6.5. These results suggest that in unamended
sediment at higher pH, some key nutrients may not be available to the bacteria, (e.g.,
precipitation) and nutrient amendment may supplement some nutrient loss caused by

pH rise.
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Figure 5-5. Effect of pH on (a) 2,4-dichlorophenol (DCP) degradation and (b) methane
production in unamended sediment slurry, and (c¢) DCP degradation in nutrient-
amended sediment slurry without electrode

DCP concentrations were normalized to initial DCP concentration (~80 uM). HCl or
NaOH was added as needed to keep desired constant pH over the experiment. The

results are the means of duplicate reactors, and error bars represent standard deviation.

5.4 Conclusions and Implications for Sediment Capping

This work demonstrated that 2,4-dichlorophenol can be reductively transformed to 4-
chlorophenol in sediment slurries with carbon electrodes powered by applied voltage
that is insufficient to induce abiotic electrochemical dechlorination. However, applying
powered electrodes to sediment did not yield a higher degradation rate of DCP in the
tested sediment than observed with unpowered electrodes. In the absence of added
nutrients, the powered electrode decreased the rate of DCP biodegradation. The
powered electrodes may change the biodegradation rate by altering sediment pH and
hydrogen concentration: hydrogen produced by water electrolysis may lower the
beneficial microbial activities in sediment, while pH rise near the cathode can greatly

depress the dechlorination rate.
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This study shows different results than the previous studies that demonstrate
enhancement of biodegradation of PAHs [45] and PCBs [46] in sediment in the presence
of powered electrodes. The reason for the different observations is unclear. The lower
reactivity in powered sediment compared to unpowered sediment may be caused by
insufficient catalytic activity of the electrode materials used, inadequate applied voltage
supplied to the electrodes, especially high microbial activity of the sediment used in this
study, high concentration of methanol introduced into the system, or high
biodegradability of DCP. The previous mentioned two studies on powered electrode
improving biodegradation in sediment did not provide information on hydrogen
formation in their systems. pH shift near electrode surfaces were also observed in these
studies, but apparently did not prove detrimental to the microbial activity, or the
negative effect of pH was compensated by other positive effects of the powered
electrode. However, the study with PCB showed that the removal percentage decreased
with increasing applied voltage from 1.5V to 3V [46]. Their findings may be the result
elevated hydrogen concentration or pH changes at high voltage that hindered

biodegradation, as observed in this study.

Although the negative effect of powered electrodes on DCP biodegradation provide
important information on decision-making level, revealing there are scenario when the

electrode-based cap does not work well, as an scientific exploration, it is more
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interesting to find when the electrode-based cap do work. DCP is not a good probe
compound to demonstrate the improvement of sediment in situ biodegradation
stimulated by powered electrodes, or the Anacostia River sediment is not good model
sediment. In retrospect, it would have been better to examine the biodegradation of
DCP in the sediments first and assess the impact of the various perturbations
introduced by electrodes (e.g. H2, and pH changes) on microbial activity first. In that
way, the conclusion that powered electrodes probably would not work well for this
probe compound in the tested sediment can be draw without even moving to the
electrode-based degradation experiments, and the following study can be focused on

other contaminants and/or other sediment source.

The results in this study suggest that the electrode-based sediment cap does not benefit
natural attenuation of more easily degradable compounds like DCP, and when essential
nutrients are plentiful. Hydrogen as electron donor provided by the cap might only be
needed for removing refractory compounds with low intrinsic degradation rates. Also,
this work suggests that to maintain desirable biological activity, effective pH control
methods, for example adding pH buffering chemicals when constructing the cap, may

be necessary.

-130 -



Chapter 6. Electrode-based selective oxidation of bromide in

mining brines from hydraulic fracturing sites®

Abstract

Mining brine produced from hydraulic fracturing of shale gas has raised a number of
environmental and human health issues. An important health concern associated with
the brine is its high bromide concentration (~1g/L). If the brine is discharged to
receiving waters that serve as drinking water sources, the bromide in it can lead to the
formation of carcinogenic brominated disinfection byproducts (DBPs) during water
treatment. However, the co-existence of other ions in the mining brine, especially
chloride as high as 30-200 g/L, makes bromide removal technically challenging. This
study investigated the feasibility of using electrodes for selective bromide removal from
mining brine. In this process, bromide is selectively oxidized to form bromine, without
causing chloride and water oxidation. The bromine can then be outgassed from the
solution and recovered. Results of this study suggested it is possible to selectively
remove bromide from the brine with a relatively fast rate (~10 h'm?for produced water
and ~60 h'm for flowback water), and with an acceptable current efficiency (60-90%) at

reasonable energy costs (6 kJ/g Br). Although the presence of chloride and other brine

® This chapter is under preparation for possible publication.
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components decreased the bromide removal rate compared to synthetic bromide
solutions, the process parameters measured suggest that selective bromide removal
from mining brines is feasible utilizing mature technologies used in the chlor-alkali

process.
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6.1 Introduction

Hydraulic fracturing for mining natural gas trapped in shales produces large amounts
of brine with exceptionally high salt content that can reach 5 times that of sea water [10].
Management of the brines associated with gas extraction is important for sustainable
development of the shale gas mining industry. The fracturing fluid flowing back out of
the shale after fracturing includes both a high flow rate, short duration “flowback
water” and a low flow rate, long duration “produced water” [11]. Total dissolved solids
(TDS) in the brine are primary constituents of concern in onshore operations. Although
TDS does not present a direct threat to humans and ecosystems, the presence of high
TDS limits potential reuse of mining brine in irrigation, livestock or wildlife watering,
and other various uses (e.g., vehicle washing and power plant makeup water). Also,
mining brine contains constituents which are a health concern, including dispersed and
dissolved organic compounds (e.g., heavy and light hydrocarbons, phenols, ketones),
chemical additives (surfactants, biocides, scale inhibitors and corrosion inhibitors),
bacteria, metals (e.g., zinc, lead, manganese, iron, and barium) and naturally occurring
radioactive material [137]. Thus, the brine needs to be properly treated before reuse or
discharge to protect groundwater and surface water resources. Traditional mining brine
treatment includes oil-water separation by skimming, flotation or other treatments, and

suspended solids removal by settling or filtration [137].
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Besides the components in mining brine discussed above, the presence of bromide also
draws special interest. When the brine is discharged to surface water, the bromide may
become a potential detrimental factor. If the receiving water is used for water supply
with chlorination used for disinfection, bromide becomes the precursor for many
brominated carcinogenic disinfection byproducts (DBPs) [12]. For example, the
Monongahela River in southwestern Pennsylvania received gas mining brine from the
Marcellus Shall, and in drinking water utilities using it as the source water, associated
concurrent increase of brominated DBPs, TDS and bromide concentration have already
been observed [13, 14]. Thus, it will likely be necessary to lower the bromide level in

shale gas mining prior to discharge to protect surface and ground water quality.

However, available techniques for effectively remove bromide in mining brine are
limited. There are some bromide removal methods proposed for drinking water
treatment, such as silver-doped activated carbon aerogels adsorption [70] and
aluminum coagulation [71]. However the brackish nature of the mining flowback water
and produced water makes selective bromide removal difficult because of the presence
of overwhelming high concentration of chloride (magnitudes higher than bromide) and
other ions. These ions compete with bromide removal and generally render these
approaches ineffectual. Another option is to remove bromide together with all other

TDS in the desalination process. However the available techniques (e.g., thermal
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distillation, ion exchange, reverse osmosis, forward osmosis, nanofiltration,
ultrafiltration, electrodialysis, reverse electrodialysis, electrodionization and capacitive
deionization) are all prohibitively energy intensive [10], especially when the target is
only to remove bromide and the presence of other ions is not problematic. The
estimated of energy consumptions for reverse osmosis, capacitive deionization and
thermal distillation used in general desalination processes, as well as the energy
consumption of selective electrolysis proposed in this study, are compared in Table 6-1.

The detailed calculation of energy consumption is shown in Appendix D.

Table 6-1. Theoretical minimum energy consumption for different technologies

Method Energy consumption (kJ/g Br)
Electrolysis (remove Br- selectively) 1.3

Reverse osmosis (remove TDS) 11

Capacitive deionization (remove TDS) | 412

Thermal distillation (remove TDS) 2142

Note: assuming use brine with the chemical composition as shown in Table 1-2

Electrolytic oxidation is an effective method to convert chloride into chlorine (Equation
1-2), and this process has been utilized in chlor-alkali industry for decades with brine or
seawater as the chloride source. Since halogens have many common characteristics, an
analogous process of electrolytic oxidizing bromide to bromine can be applied for
bromide removal and bromine production from the bromide containing mining brine

(Equation 1-1).
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2CI" = Cl, (ag)+2e’ E°=1.358V Equation 6-1

2Br = Br,(aq)+2e’ E°=1.087V Equation 6-2

This method may be competitive for treating mining brine, because the high salinity in
brine provide natural electrolyte for the electrochemical reaction, and thus lowers the
energy consumption. However, precise electrode potential control is necessary for
selective bromide removal, because the standard bromide oxidizing potential is only
0.27 V lower than the chloride oxidizing potential (Equation 1-2 and Equation 1-1, the

potentials are vs. standard hydrogen electrode (SHE)) [16].

A similar process was developed to directly oxidize bromide to bromine by electrodes
both in drinking water source treatment [66-68] and for bromine production from
bromide-containing brine [63-65]. However, the former only treat relatively clean water
with very low bromide concentration (~200 ppb), while the later focused on bromine
production and does not address the need for low residual bromide concentration of the
processed brine. It is thus unclear whether such electrolytic treatment can be
successfully applied in treating a chemically complicated mining brine to achieve a low

bromide concentration to decrease the DBPs formation potential.
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For the purpose of preventing brominated DBP formation, electrolytic bromide removal
can be performed either in the brine before discharge or in the drinking water treatment
plant before chlorination. In practice, bromide removal from brine has several
advantages: (1) The high TDS in brine provides natural electrolyte support for the
electrolytic reaction and thus reduces energy consumption over what would be
expected for relatively low ionic strength drinking water with greater ohmic losses. (2)
The volume of brine discharge is much less than drinking water to be treated, thus
smaller reactors and electrodes are needed if bromide is removed from brine. (3) If the
treated brine is discharged into surface water with high flow rate, the bromide
concentration in the treated brine does not have to be as low as in drinking water
treatment, because dilution will further reduce the bromide concentration in receiving
water. (4) DBPs are not regulated in brine discharge, but are strictly regulated in
drinking water, thus DBPs formation during electrolyzing the brine is not a concern but
needs to be carefully avoided when electrolyzing drinking water. It is therefore a better
option to remove bromide at the point of brine discharge instead of drinking water

treatment.

The objective of this work is to evaluate the feasibility of selective bromide removal
from mining brine by electrolysis, and to make preliminary estimates for the energy

cost of a scaled up process for treating mining brine. Specifically, the feasibility of
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selective bromide removal in the presence of chloride was determined, and the bromide

removal rate at different chloride concentration and in real mining brine was measured.

6.2 Materials and methods

Chemicals

All the chemicals used were reagent grade unless otherwise noted. Sodium chloride
(NaCl), sodium sulfate (Na250s), potassium bromide (KBr), potassium bromide (KBr),
soluble starch, potassium dichromate (K:Cr207), eriochrome black T, disodium
ethylenediamine tetraacetate dehydrate (CioHi1aN2Na20s-2H20), magnesium chloride
hexahydrate (MgCl2-2H20), ammonium chloride (NHCl), sodium carbonate (Na2COs),
sodium bicarbonate (NaHCO:s), triethanolamine (CsHisNOs), sodium hydroxide (NaOH),
sulfuric acid (H2SOs) and hydrochloric acid (HCI) were supplied by Fisher Scientific
(Pittsburgh, PA). Sodium persulfate (Na:5:0s) was purchased from Acros (Geel,
Belgium). Calcium carbonate (CaCOs, special reagent low in heavy metals, alkalis, and
magnesium), ammonium hydroxide (NH«OH), was purchased from Aldrich Chemical

(Milwaukee, MI).

Electrode materials

Graphite materials were historically used in chlor-alkali processes as the anode because

of their low cost and resistance to poisoning. The graphite felt used in nitrobenzene
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study was found not selective enough for bromide over chloride and thus was not used.
In this study solid graphite rods, were chosen as the anode. Pd/Nb mesh (1”OD x 3"L,
Scribner Associates Inc., Southern Pines, NC) was used as cathode to lower the energy

consumption dissipated in the cathode side.

Mining brine

Flowback water sample and produced water sample were collected from Southwestern
Pennsylvania. Both samples are stored at 4 °C until use. Samples were filtered with 20
um filter (Grade 41 ashless quantitative filter paper, Whatman, Piscataway, NJ) before
using in bromide removal experiments. Properties of the brines including hardness,
alkalinity, pH, conductivity, total dissolved solid (TDS) and dissolved volatile solids
(DVS), dissolved organic and inorganic carbon content (DOC and DIC) were
determined using standard analytical methods as described below. For the experiments
with softened brine, excess amount of Na:SOs, Na:COs and NaOH was added to brine
to precipitate hardness. Then the brine was filtered again and adjusted back to initial

pH before use.

Linear voltammetry

Linear voltammetry of bromide and chloride oxidation on graphite electrodes was

carried out using a potentiostat (mode 2049, AMEL Instrument, Milano, Italy) to
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demonstrate the possibility of stimulate bromide oxidation without chloride and water
oxidation, and to determine the proper anode potential for selective bromide oxidation.
For these initial experiments graphite rods (0.25"OD x 3"L, GraphiteStore.com, Inc.,
Buffalo Grove, IL) were used as both working and counter electrodes. The electrode
potential was scanned between 0 and 2V against Ag/AgCl reference electrodes
(Electrolytica, Inc.,, Amherst, NY) at a scan rate of 50 mV/s. Tested electrolytes include
buffer solution (5 mM phosphorous buffer at pH 7), pure bromide solution (buffer +
0.5M KBr), pure chloride solution (buffer + 0.5M NaCl) and a combined
bromide/chloride solution (buffer + 0.5M KBr + 0.5M NaCl). During scans, the
electrolytes were constantly mixed by magnetite stir bar at 500 rpm at room

temperature.

Selective bromide removal from synthetic water and mining brine

A series of experiments was carried out at room temperature (23+2°C) in H-cell reactors
as described in previous chapters. Each chamber contained 90 ml of headspace and 220
ml of electrolyte (synthesized or actual brine solution), and was well mixed using a
magnetic stir bar. In these experiments graphite rods (1"OD x 3"L, Graphite Engineering
& Sales Co., Greenville, MI) anodes and Pt/Nb mesh (1"OD x 3"L, Scribner Associates
Inc., Southern Pines, NC) cathodes were used with Ag/AgCl as the reference electrodes.

The anode potential was poised at 1V vs. Ag/AgCl by the potentiostat. Duplicate H-cells
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were used for each experiment to determine reproducibility. Bromide removal
experiments were conducted in bromide solution with different chloride concentrations,
flowback water, and produced water. Air was constantly bubbled into the anode
chamber to strip the formed bromine (Brz) out of the chamber. The outlet gas was
directed to a separate bottle containing 2.5 g/L KI to collect the produced bromine for

quantitative analysis.

Calculation of bromide removal rate, current efficiency and energy consumption

The bromide concentration in solution was monitored over 6.5 hours, and was fitted
using a first-order kinetic model. For all experiments, R>0.98 was achieved for the
model fits. The first order kinetic rate constant was used to compare the rates achievable

under the various electrolyte conditions used.

Current efficiency was calculated using Equation 3-1 and Equation 6-4.

Br~ initial B Br~,end

Current efficiency= - (dimensionless) Equation 6-3
Current equivalent of Br
'[ttutal Idt
Where  Current equivalent of Br:OTx MW (g/L) Equation 6-4

Vol

I is the cell current (A); t,,, is the total reaction time (s) ; F the Faradic constant (96485

C/mol); MW is the molecular weight of bromine element (80 g/mol); Vol is the volume

of electrolyte in anode chamber (0.22 L).
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Energy consumption was calculated using Equation 6-5.

ttmal
Vidt

Energy consumption= 0 Vol (J/g) Equation 6-5
0

Br~,initial - Br’,end)

V is the cell voltage (V).

Analytical methods

Mining brine properties: hardness of the brine was determined by EDTA titration
(standard method 2340C); alkalinity was determined by HxSOs titration to pH 4.3
(standard method 2320B); pH and conductivity were determined by pH and
conductivity probe; TDS and DVS were determined by heating water sample at 104°C
and 550°C, respectively; DOC and DIC were measured by O.I. Analytical 1010 liquid

TOC analyzer (College Station, TX).

Bromide and chloride concentration in the electrolyte were determined by ion
chromatography (IC) (Dionex, Sunnyvale, CA) using an ASI4A column and
conductivity detector. The mobile phase was 8 mM NaCOs/1 mM NaHCOs at 1.0
ml/min. Bromine captured by KI adsorption is reduced to bromide and was also
quantified by IC. Bromine remaining in the H-cells was determined by titrating the

electrolyte with Nax5:0s and the Kl-starch indicator. The total produced bromine
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concentration was calculated as the sum of bromine captured in KI and bromine

remaining in the electrolyte.

6.3 Results and discussion

Linear voltammetry and proof of bromide selective oxidation

Although there is a 0.27 V gap between the standard potential for bromide oxidation
(1.09 V vs. SHE) and chloride oxidation (1.36 V vs. SHE), in practical this gap may be
negligible. The standard potentials are determined for 1 M conditions, while higher
concentrations of bromide and chloride will lead to lower potentials. Since the mining
brine contains at least an order of magnitude higher concentration of chloride than
bromide, the reduction potential gap between bromide and chloride oxidation reaction
is reduced. For example, when chloride and bromide are at their respective median
concentration in mining brine (76 g/L and 1.2 g/L, Table 1-2 in Chapter 1), the
theoretical chloride and bromide oxidation potential become, 1.34 V and 1.20 V,
respectively, leading to the theoretical gap only 0.14 V. Moreover, the electrodes may
have different overpotenial for bromide and chloride oxidation, if the overpotential for
bromide oxidation is greater than for chloride oxidation, the practical gap will become

even smaller. Thus, special attention is needed to avoid the chlorine side reaction.
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Another important side reaction is water electrolysis. Theoretically oxygen production
starts at lower potential (0.82 V vs. SHE) than bromine production at pH 7. Although
many commonly used electrode materials have large overpotentials for oxygen
generation, and in practice oxygen production does not occur under 2V, it is still
necessary to verify whether oxygen production is an important side reaction with the
graphite electrodes used in this study. And if oxygen and chlorine production did start
about the same potential as bromine production, selective bromide removal would
become unfeasible because the high concentration of water and chloride would make

the rates of the two side reactions faster than bromide oxidation.

To demonstrate the possibility of selective bromide oxidation without chloride and
water oxidation, and to determine the proper anode potential for selective bromide
oxidation, linear voltammetry of buffer solution (5 mM phosphorous buffer at pH 7),
0.5M bromide in buffer, 0.5M chloride in buffer and a combined 0.5M bromide/0.5M
chloride solution in buffer was conducted, as shown in Figure 6-1. The onset of bromide
oxidation occurred at ~0.85V vs. Ag/AgCl (~1.1 V vs. SHE), chloride oxidation was at
~1.25V vs. Ag/AgCl (~1.5V vs. SHE), and water oxidation was not observed in the
potential range tested. Compared to the theoretical potential, it appears that the
graphite electrodes used in this study require a very low or negligible overpotential for

bromide oxidation, a moderate overpotential for chloride oxidation, and a significant
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overpotential for oxygen production. Thus, bromine formation is favored over chlorine
and oxygen formation at low potential. The behavior of the combined Br/Cl- solution
was the same as the Br- solution before the onset of chlorine production, and only had
higher current than the Br solution after chlorine production started, suggesting the
presence of chloride did not interfere with bromide oxidation at low potential. Since
there is ~0.5V gap between bromide oxidation and chloride oxidation, and even a
greater gap between bromide oxidation and water oxidation, selective bromide removal

in chloride-rich solution is possible.
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Figure 6-1. Linear voltammetry of Br and CI solutions with graphite rod electrodes
Solutions were constantly stirred by magnetite bars at 500 rmp at room temperature.
Voltammetry conditions: scan rate: 50 mV/s; step width: 100 ms; step height: 5 mV.

Error bars represent standard deviations of 5 replicate scans for each solution.
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While the linear voltammetry suggested bromide can be selectively oxidized in the
presence of an equal molar concentration of chloride, the electrolysis of chloride and
bromide solution in H-cell reactors (Figure 6-2) further verified the potential of this
method for selective bromide removal when chloride exists at significantly higher
concentrations than bromide, typical for mining brine. Concentrated chloride solution
(76 g/L) was poised at 1V vs. Ag/AgCl electrode for 20 hours. No chlorine generation
was detected using Nax5:0s titration, and both the cell voltage and current were
constantly low, further evidencing that no chloride oxidation was taking place.
However, once a relatively low concentration (1.2 g/L) of bromide was added into the
electrolyte, there was an immediate jump in both cell voltage and current, and the
electrolyte turned to a yellow-green color, suggesting bromide was oxidized to form
bromine. The voltage and current gradually decreased and returned to the initial level
as bromide was consumed. These results suggest, even at high concentration and
prolonged reaction time, chloride cannot be oxidized at the poised potential (1V vs.
Ag/AgCl electrode) while bromide at a much lower concentration can be selectively

oxidized when the anode potential is carefully controlled.
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Figure 6-2. Current and cell voltage profile in H-cell reactor with 76 g/L chloride
solution before and after adding 1.2 g/L bromide

Cell voltage was measured between the graphite anode and the Pt/Nb cathode. The
anode was poised at 1V vs. Ag/AgCl electrode. Initial electrolyte was NaCl only, and

KBr was added after 20 hours.

Effect of chloride concentration on bromide removal

The removal of bromide from synthetic brine containing 1.2 g/L bromide and different
chloride concentrations was measured to determine the effect of chloride concentration
on bromide oxidation. The bromide concentration used here was selected based on the
median concentration found in mining brine (Table 1-2 in Chapter 1), and the chloride

concentration was selected to represent low, median and high concentration in mining
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brine. Chloride at the same mass concentration of bromide (1.2 g/L) was also tested.
Figure 6-3 is an example profile of the measured bromine and bromide concentration
over time. Within 6.5 hours, all the bromide in the electrolyte was oxidized to bromine
and removed from of the solution by air stripping. The current efficiency was 80%, and

no chlorine was detected in the KI adsorption solution.
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Figure 6-3. Bromide removal in 1.2 g/L Br + 76 g/L CI- solution by graphite rod anode
poised at 1V vs. Ag/AgCl electrode

The results are the means of duplicate reactors, and error bars represent standard

deviation.
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The measured bromide removal rate constant vs. chloride concentration is shown in
Figure 6-4. The data indicate that chloride significantly decreased the bromide removal
rate, but the effect is non-linear. When chloride is present in the electrolyte at the same
amount of bromide, the bromide removal rate was reduced by 30% compared to the
absence of chloride. However, when chloride concentration was further increased, the
decrease in the bromide removal rate was much less severe. Except for the no chloride
situation, there is a linear relationship between chloride concentration and bromide
removal rate. Given that the adsorbed chloride is not oxidized, the reason for chloride
depressing bromide removal rate may be competitive adsorption on the anode surface.
However, the presence of chloride ions also has a positive impact on the overall process.
The presence of chloride increases the electrolyte conductivity, thereby reducing the
energy consumption for bromide removal by a factor of 6 to 11. In practice, the savings
on energy use will likely compensate for the lower reaction rate, although a lower
reaction rate necessitates longer retention times and hence larger reactors (higher
capital) for a given flow rate. The current efficiency for bromide removal was relatively

unaffected by chloride concentration.
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Figure 6-4. Effect of chloride concentration on bromide removal rate, current

efficiency and energy consumption in synthesized brine by graphite rod anode

poised at 1V vs. Ag/AgCl electrode

Bromide concentration is 1.2 g/L. The results are the means of duplicate reactors, and

error bars represent standard deviation.

Bromide removal from mining brine

Two kinds of mining brine (one flowback water sample, one produced water sample)

were tested for selective bromide removal by electrolysis. The properties of the brine

samples are summarized in Table 6-2.
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Table 6-2. Properties of brine samples

Flowback water Produced water

sample sample
Total dissolved solids (g/L) 46.4+0.3¢ 184.6+1.1¢
Dissolved volatile solids (g/L) 4.7+0.3¢ 15.4+0.6¢
pH 6.93 4.74
Conductivity (mS/cm) 86+18¢ 287+18¢
Alkalinity (mg/L as CaCO:s) 402 7
Hardness (mg/L as CaCO:s) 9 60
Dissolved organic carbon (mg/L) 26.7 16.9
Dissolved inorganic carbon (mg/L) | 47.2 1.2
Chloride (g/L) 23 110
Bromide (g/L) 0.26/1.24 1.7
Notes:

a. Not measured, value calculated based on solution makeup.

b. ND: not determined.

c. Average of triplicate measurements + standard deviation.
The original bromide concentration in flowback water sample is 0.24 g/L; in the bromide removal
experiment it was amended with KBr up to 1.2 g/L in order to compare the result with other tested water
samples.

Since there is a linear relationship between chloride concentration and the bromide
removal rate when chloride concentration is not zero (Figure 6-4), the bromide removal
rate in synthetic brine with the same concentration in the two mining brine samples can
be estimated, and they were compared with the bromide removal rate measured in real
brine samples. Figure 6-5 compares the bromide removal rate, energy consumption and
current efficiency in flowback water, produced water and synthetic brine (pure bromide
and chloride solution). The bromide removal rate was 44% lower than in synthetic brine
for flowback water, and 84% lower for produced water (Figure 6-5a), suggesting that

besides bromide, other components in mining brine are also having a negative impact
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on the bromide removal rate. The flowback and produced water samples were softened
in order to verify if the negative impact was due to the presence of hardness. The
softened brine had similar removal rates compared to original brines, suggesting
hardness was not responsible of decreasing the bromide removal rate. pH, alkalinity or
DIC (HCOs and COs?) is probably not the reason, either, since in all the experiments,
regardless of the properties of the water used as electrolyte, the pH of the electrolyte
dropped to ~2.5 with 30 minutes, diminishing any pH, alkalinity or DIC differences in
initial brine samples. Table 6-3 lists several chemical species that may exist in the
mining brine. Although their concentrations are low, their standard oxidation potential
are all lower than bromide, thus they preferentially react on the anode and compete
with bromide oxidation. However, further study on which chemical components in the
brine samples other than chloride are responsible for the decrease in bromide removal

rate were not conducted.
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Figure 6-5. Bromide removal rate (a), current efficiency and energy consumption (b)
in synthetic brine, flowback water and produced water by graphite rod anode poised
at 1V vs. Ag/AgCl electrode

The estimated removal rates in synthesized brine are interpolated from the relationship
between chloride concentration and bromide removal rate (Figure 6-4) based on the
measured chloride concentration in each brine sample. The other results are the means

of duplicate reactors, and error bars represent standard deviation.
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Table 6-3. Species with lower standard equilibrium potential (E°) than bromide that

may exist in mining brine

(data from [16] and [138]; data in [138] were converted from equilibrium potentials at

pH=7 to standard states (pH=0) to compare with data from [16]; also pH observed in the

anolyte was below 2). E° for bromide oxidation is 1.09 V vs. SHE)

Species Oxidation half reaction "
vs. SHE)
formic acid HCOOH = CO,+2H" +2¢” -0.017
HS™ HS =S+H" +2e -0.064
Acetic acid CH,COOH +2H,0 =2CO, +8H" +8e¢" 0.123
Ethanol CH,CH,OH = CH,CHO+2H" +2¢" 0.216
Lactic acid CH,CH(OH)OH = CH,COCOOH +2H" +2¢" 0.223
HS HS +4H,0 = SO; +9H" +8¢" 0.245
HS +3H,0 = HSO; +6H" +6e” 0.297
Succinic acid | HOOCCH,CH,COOH = HOOCCH =CHCOOH +2H" +2¢~ 0.38
I 20 =1,+2¢ 0.536
3 =1 +2e 0.536
FeCO, FeCO,+2H,0 = Fe(OH),+CO,+H" +¢" 0.613
Fe** Fe*" =Fe* +e 0.771
Mn** Mn* = Mn*" +2¢” 0.798
I I"+H,O=HIO+H" +2¢" 0.987
I"+2H,0=10, +6H" +6e” 1.085

Energy consumption and current efficiency in all tested brine solutions are close to the

levels in synthetic brine (Figure 6-5b and Figure 6-4). These results suggest that

electrodes can selectively and effectively remove bromide in mining brine which
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contains one or two orders of magnitude higher chloride concentration than bromide, at
lower removal rate than in pure solution but with similar energy consumption and
current efficiency. Further, results from different water samples suggest that such

treatment has considerable tolerance to various properties of the brine.

Engineering considerations

The bromide removal rates achieved in this study ranged from 0.4 h?! for flowback
water to 0.06 h'! for produced water. When normalized to the electrode surface area (64
cm?), the removal rate is ~60 h'm? in flowback water and ~10 h''m in produced water.
Using a configuration of an electrolyzer used in the chlor-alkali process and results
obtained from these experiments, the required size of electrolyzers suitable for bromide
removal from mining brine was estimated. A first-order reaction for bromide removal
in a continuous stirred tank reactor was used, assuming that the reaction rate constant
would not change even when the bromide concentration has decreased to trace amount.
This assumption should be verified in future studies. It is also assumed that the slow

step in the process was bromide oxidation rather than removal of the produced bromine.

Electrolyzer design criteria for the chlor-alkali process are not available. However, a list

of characteristics of several chlor-alkali industrial facilities is available [139]. From this
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list, the median electrode area per cell is ~3 m?, and the cell volume is ~0.5 m?. If such an
electrolyzer is used for bromide removal, and the treatment target is to reduce bromide
concentration from 1g/L (10°ug/L) to 50ug/L (allowable bromide level for drinking

water sources regulated in California), the retention time (¢ ) required for electrolysis is

_-In(C/C,) _ ~In(50/10°)

= - -~ =0.055h = 3.3 min for flowback water
k.S 60k~ m~ x3m

=t

_-In(C/Cy) _ -In(50/10°)

Or t =
k.S 10h'm™> x3m*

=0.33h = 20 min for produced water

Where C and C, are influent and effluent bromide concentration, respectively; k, is the

surface area normalized reaction rate (60 h''m2or ~10 h'm?); Sis the electrode surface

area.

An estimate of the required reactor volume can be made based on the flow rates of
brine generation. The flow rate of brine varies from as high as 10,000 barrels /day at the
initial stage of fracturing to as low as 2 barrel /day after 50 days [11], which is 0.3-1600

m?®/day. Thus the total volume of reactors needed is:
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1600m° / day x0.055h x day / 24h = 3.7m’ for the high flow rate flowback water and

0.3m> [ day x 0.33h xday / 24h = 4.1x10°m’ for low flow rate produced water

These calculations indicate that several electrolyzers, each with a size of 0.5 m? are
needed to run in parallel to treat the flowback water at the highest rate (in the case of
peak flow 10000 barrels /day, 8 reactors are needed), while one electrolyzer of 0.5 m?
volume would be sufficient for handling the low flow rate produced water. The results
also show that the low bromide removal rate in produced water can be compensated
using a longer retention time to achieve the required treatment goal because the flow

rate of produced water is low.

The cell current during electrolysis of each water sample decreased from ~100 mA to
~20 mA as the reaction proceeded, but generally the integrated average is about 20 mA,
and thus the current density is about 3 A/m?2. This is much lower than the current

density used in chlor-alkali cells ranging in several kA/m? [140].

The energy consumption observed in bromide removal in this study is generally at the
level of 6 kJ/g Br, not including energy needed for bromine stripping. Not surprisingly,
this is higher than the theoretical minimal energy consumption as calculated in

Appendix D and summarized in Table 6-1 because the current efficiency is not 100%
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and overpotenial exists in practice. When converted the observed energy consumption
to chlorine equivalent, it is about 3760 kWh/ ton Cl. This value is higher than the energy
consumption in membrane chlor-alkali cells used in the industry (2600-2800 kWh /ton
Cl) [140] but within the same magnitude. The higher energy consumption for bromide
removal than in the chlor-alkali process is not surprising because: (1) the NaCl
concentration in the feed brine in chlor-alkali process is 285-315 g/L [140], while the
bromide concentration in the mining brine is only ~1 g/L, and the efficiency decreases
with decreasing substrate concentration; (2) in order to make the effluent bromide
concentration as low as possible, the electrolysis needs to be performed until the
electrolyte is almost exhausted (several mg/L or even ug/L level), while this is not
necessary in chlor-alkali process (the recommended minimum NaCl concentration in

the depleted brine is 170 g/L) [140].

The domestic commercial price for bromine is not available, and the exported elemental
bromine can be used to identify price trends. In 2010m the average value of exported
bromine (including cost, insurance and freight) was $1760/ton [141]. The average
wholesale price for electricity in PIM West Pennsylvania in 2010 was $54.04/MWh [142],
which is about $1.5 X 10° /k]. Thus the energy cost for electrolysis bromide removal is

about$1.5x107° / k] x 6k] / g =%9x 107°/ g=%90/ton. Using these estimations, recovering

the produced bromine could help offset the cost of brine treatment.
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Another issue yet to be discussed is about bromine separation. Once bromine is formed,

it may transform into HBrO, BrO-, Br-,and Brs;, according to Equation 6-6 to Equation 6-8:

Br,+H,0O+= Br +H"+ HOBr Equation 6-6
HOBr = H" +OBr~ Equation 6-7
Br, + Br- = Br; Equation 6-8

The formation of these species will reduce current efficiency and mass of bromine
collected. Maintaining acidic conditions will help avoid these reactions. Below pH 5, Br2
is the dominate species while the sum of HBrO, BrO., Br,and Brs are less than 15% of
the total bromine [143]. In this study, the pH of the anolyte dropped to 2 within 30 min
of electrolysis, regardless of the initial pH of water sample used, and thus is sufficient to
maintain bromine form. However, in a flow-through system, if the retention time is too
short to induce sufficient pH decrease, an additional procedure may be necessary to
further decrease pH of the brine, such as extend the retention time or addition of acid.
The cost for these procedures would need to be accounted when evaluating the

economics of this bromide removal process.
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6.4 Conclusions

This work demonstrates that it is both thermodynamically and kinetically feasible to
use electrodes to selectively remove bromide from mining brine without generating
chlorine or oxygen. The presence of high concentrations of chloride and other unknown
components in the brine decreases the bromide removal rate, but the reaction remains
fast enough for effective treatment. The energy consumption of this process is
comparable with industrial chlorine production in the chlor-alkali process, and the
industrial chlor-alkali electrolyzers used can meet the treatment requirements for
bromide removal in the mining brine in terms of both electrode surface area and reactor
volume. These results suggest that it is promising to utilize the electrode-base system

for treating mining brine with high bromide level.
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Chapter 7. Conclusions, implications, contributions, and
suggestions for future research

The research presented in this dissertation focused on evaluating the feasibility and
performance of electrode-based technologies for treating contaminated sediments in situ,
and for the selective removal of bromide from industrial brines. Results from these
experimental studies and subsequent analysis provide valuable insights into the
potential use of electrode-based treatment for these important environmental issues. A
summary of the key findings and implications of those findings for each application is
presented, along with the key contributions that this research provides. Finally, future

research needs in each area are given.

7.1 Electrode-based reactive sediment cap

7.1.1 Summary and conclusions

In situ capping is an effective remediation strategy for sediment contamination.
Compared to traditional sand and sorbent-amended caps, reactive caps capable of
transforming contaminants may improve remediation efficiency. However, it is not
known whether carbon or other electrode materials can assure long-term contaminant

degradation in a sediment cap. An electrode-based reactive cap using carbon electrodes
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powered at low voltage as the reactive material is proposed in this study to stimulate
abiotic and/or biotic contaminant degradation in situ. The work presented in this thesis
evaluated the feasibility of such electrode-based reactive caps for sediment remediation,

and determined the key environmental factors affecting cap performance.

Conclusions from this work include:

e A reactive sediment cap with powered carbon electrodes may induce and
maintain a redox gradient in Anacostia River sediment.

e Powered carbon electrodes can support hydrogen production that may serve as
an electron donor for contaminant degradation.

o Powered carbon electrodes can abiotically induce sequential reduction/oxidation
of nitrobenzene.

o Powered carbon electrodes do not improve the biodegradation rate of 2,4-
dichlorphenol in Anacostia River sediment.

e Varying voltage between the electrodes provides a control mechanism for
hydrogen production and abiotic contaminant degradation rates.

e The electrode-base sediment cap is relatively robust across a broad range of

aqueous geochemical conditions.
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7.1.2 Engineering implications

Important engineering implications of electrode-based sediment capping technology

include:

e Electrode-based sediment remediation can provide effective abiotic degradation
of selected contaminants, suggesting that this approach may suitable for some
contaminants, e.g. those that inhibit natural attenuation due to their toxicity
and/or high concentration in the sediment.

o The same electrode material was reused for experiments over several years in
this study without decreases in reactivity. This indicates its potential for long
term use of carbon materials in situ.

o Electrode-stimulated reactions (especially water electrolysis) may significantly
increase or decrease pH at the cathode and anode, respectively. These changes
may impact local microbial ecology and contaminant biodegradation potential.
Effective pH control through addition of buffer materials to the cap may be
necessary in certain scenarios.

e The electrode-based sediment remediation approach is relatively robust. It
appears to be effective across a broad range of aqueous geochemical conditions.
It may be ideally suited for marine and brackish systems because the natural

ionic strength provides a sufficiently conductive supporting electrolyte that will
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decrease energy costs. However, results from the bromide oxidation
experiments (in chapter 6) suggest that cautions may be needed to avoid
chlorine production at the anode in chloride-rich waters.

Stimulation of biodegradation of DCP by powered electrodes was not observed
in this study. This result contrasts previous reports of enhanced biodegradation
of PAHs and PCBs, and suggests the need to identify the suitability of electrode-
based caps for enhancing contaminant biodegradation on a case-by-case basis.
Success will likely depend on the contaminant of interest and on the

geochemistry of the sediment porewater.

7.1.3 Contributions and benefits

The electrode-based reactive sediment cap is an innovative integration of a previously

studied electrochemical contaminant degradation technology into sediment caps to

intercept and degrade contaminants in situ. This study proposes a solution for

maintaining and fine-tuning cap reactivity through simple adjustment of voltage

between carbon electrodes. The major contributions of this work are:

It provided valuable information for the expected performance of the electrode-
based reactive cap in real sediment applications. Although the capability of

electrodes to treat contaminants has been well documented before, this study
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systematically evaluated the effect of environmentally relevant factors on the
electrochemical reaction rates of selected contaminants.

o It verified for the first time that carbon electrodes can be used to engineer a
redox gradient in a sediment and cap, deliver electron donor, and degrade
selected contaminants under a variety of aqueous geochemical conditions.

e It demonstrated the ability to control the reactivity by simply adjusting the
applied voltage.

e [t provided valuable information on when to expect the electrode-based system
to be advantageous for contaminant control and when it may not be.

e It provided an estimation of the relationships between site conditions, electrode
cap reactivity and contaminant removal rates and percentage. This can be used
to aid in future designs and to identify necessary operation parameters for site

conditions.

Findings in this dissertation are useful for engineers searching for an alternative
remediation approach when conventional technologies such as traditional capping are
not effective. It offers the scientific community an enhanced understanding of the
reactivity of electrodes in environmental media. The body of work is a good starting

point for further developing a field scale application.
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7.1.4 Suggestions for future research

The research presented in this dissertation suggests the following directions for future

investigation:

o How will powered electrodes affect contaminant biodegradation under other
experimental conditions (different contaminants, sediments, electrodes, applied
voltage, etc.)? Despite the inability to promote DCP biodegradation in this study,
considering the two examples of biodegradation enhancement of contaminants
observed in sediment [45, 46] and numerous examples of bio-electro-
degradation of contaminants in other matrices [4, 5, 38, 91, 103, 121, 122, 144,
145], it is concluded that the effect of powered electrodes on biodegradation is
case-specific. The unexpected results observed in this study may be caused by
the high microbial activity of the sediment used in this study, or the high
biodegradability of probe compound. Also, conducting the DCP biodegradation
experiments at conditions where abiotic electrochemical reduction is also
happening might suggest different results, with higher applied voltage and/or
electrode materials with higher catalytic activity. Thus, it is worthy trying other
refractory contaminants under other experiment conditions to confirm the effect
of powered electrodes in biodegradation, and to determine all of the factors that

affect success.
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How will the electrode-based sediment cap behave under flow conditions
representative for sediment pore water seepage? All the tests in this study, as
well as the other electrode-stimulated sediment remediation studies reported [45,
46], are based on stagnant conditions. This is reasonable for the very low flow
conditions typical in sediment, but even a low seepage rate (e.g. 0.5 cm/d) may
provide continuous nutrients and buffer intensity input, flush out accumulated
degradation products, and stabilize redox and pH stratification. Thus, the cap
may perform better and have less of an impact on the local microenvironment
with sediment pore water seepage compared to stagnant conditions.
Understanding the impact of flow on performance is important to evaluate the

feasibility of the electrode-based sediment cap.

Which electrode materials will be suitable for the electrode-based sediment cap?
Which electrode properties are required to achieve and maintain the good
performance of such a cap? Many electrode materials may be applied for
reactive capping. In this study carbon electrodes were selected because of their
low cost, high surface area, and durability. Three types of electrodes were tested.
Carbon cloth is ideal for maintaining a redox gradient and for hydrogen
generation; graphite felt is good for nitrobenzene degradation but not for

dichlorophenol degradation; and carbon paper is also not suitable for
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dichlorophenol degradation. A systematic study of electrode properties required
for effective specific contaminant degradation, and the criteria for selecting
electrodes materials, will help to identify the right material for site-specific
remediation needs. Possible parameters for electrode materials to evaluate
include cost, specific surface area, affinity to target contaminants,
thermodynamic (overpotential) and kinetic (reaction rate) properties for
contaminants degradation, and life time (e.g., permeability and reactivity after
sediment bacterial colonization and organic matter fouling, tolerance to catalyst
poisoning of sediment species such as sulfide, and material loss by self

oxidation).

7.2 Electrode-based selective bromide removal in mining brines

7.2.1 Summary and conclusions

Elevated levels of bromide in flowback water and produced water generated in shale

gas hydraulic fracturing are of environmental concern and can lead to formation of

brominated disinfection by-products (DBPs) when discharged into water utilized as a

public drinking water source. Current water treatment technologies cannot selectively

remove bromide from the mining brine when high concentrations of chloride and other

ions exist. In this thesis an electrode-based treatment was evaluated for its ability to
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selectively oxidize bromide to bromine, which can then be removed from brine by air
stripping. The major conclusions of this work are:

o Selective electrolytic oxidation of bromide can be achieved with accurate
potential control, thereby avoiding chloride and water oxidation.

e Selective bromide removal can be realized in synthetic brines as well as real
flowback and produced water samples.

e The presence of high concentrations of chloride and other unspecified oxidizable
species in flowback and produced waters lowers bromide removal rates over
synthetic brine.

e Bromide removal from mining brines (flowback and produced water) at typical
flow rates can be achieved using electrolyzers that are currently used in the

chlor-alkali process and with similar energy consumption.

7.2.2 Engineering implications

Important engineering implications from this study for the use of electrodes to

selectively remove bromide from mining brines include the following:

e Based on the rates of bromide oxidation measured here, the electrolyzers do not

have to be large (~0.5 m?) to treat flowback water and produced water. The
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hydraulic retention time will scale with chloride concentration and potentially
with other components in the water.

e Primary treatment (e.g. settling, softening, activated carbon adsorption) of the
brine to remove co-contaminants before electrolysis may be desirable to improve
bromide removal. Pretreatments may also decrease the potential for corrosion
and scaling in the electrolyzers and reduce energy consumption.

e Bromine produced with this method is a valuable commodity. This study did
not focus on how to effectively collect and purify produced bromine, but

recovering the produced bromine can partially offset the cost of brine treatment.

7.2.3 Contributions and benefits

This study demonstrates an economically feasible approach to remove bromide from
mining brine in the presence of high concentration of chloride. Although halogen ion
oxidation from brine has been developed for decades in the chlorine and bromine
industry, this study is the first to apply the electrode-based bromide oxidation
technology in mining brine, targeting at high levels of bromide removal and low

residual bromide concentrations. The major contributions of this work are:

-170 -



o It verified that bromide in brine can be removed by electrolysis, and that
selective bromide oxidation can be achieved with accurate anode potential
control.

o It demonstrated the ability to achieve high levels of bromide removal and low
residual bromide concentrations in real flowback and produced water,
providing valuable information for future deployment of field-scale electrode-
based bromide removal.

e It provided a promising method to convert bromide in brine into a valuable
commodity, bromine.

e [t provides an approach not only for hydraulic fracturing generated brine, but
one that may also be applicable to other industrial brines or brackish waters

containing bromide.

The findings obtained in this study provide valuable information for industries with
mining brines management problems. It also offers the scientific community insight
into some of the aqueous geochemical factors that impact anode reactions and creates a

starting point for further developing a field scale application.
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7.2.4

Suggestions for future research

The research presented in this dissertation suggests the following directions for future

investigation:

Is there a better way to supply power and control the electrode potential for
selective bromide oxidation? When applying the proposed bromide removal
treatment at a natural gas hydraulic fracturing site, industrial scale methods for
accurately controlling electrode potential will need to be developed. It is easy to
control the anode potential to avoid chloride and water oxidation at the
laboratory scale using a potentiostat, but whether it is feasible to use the same
equipment in the field with large scale reactors is unknown. Potentiostats used
in the laboratory are typically expensive and delicate, which may not be suitable
for industrial usage. Thus, finding a better instrument for supplying power
becomes a primary issue in field application. In the chlor-alkali industry,
electricity is supplied to the electrolyte in a constant current mode, which can be
provided simply and cheaply using standard power supplies. For the treatment
of brine from each site having distinct physical and chemical characteristics, it
might also be possible to use a constant current mode but still ensure
appropriate anode potential. To achieve this, lab trials using the site water and

scaled down electrolyzers similar to those used in the chlor-alkali process are
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needed to determine an appropriate current density which ensures that the
anode potential in the right range, and that this current density value can be
applied in field with a power supply. If this is proven reliable, the use of

potentiostats can be avoided.

What effluent bromide concentration can be achieved in field scale electrolyzers
using economically acceptable design and operating conditions? How can the
electrode surface area to reactor volume ratio, hydraulic retention time,
temperature, mixing conditions, and reactor design (e.g. single large reactor or
multiple small reactors, reactors connected in parallel or series) be optimized for
bromide removal at a reasonable cost? Can diluting the produced water with
natural water (if applicable) by a couple of times increase the bromide removal
rate in produced water (and if it is necessary)? Will the bromide removal rate
and energy cost be stable over long time operation? Answering these questions
is essential for the application of electrode-base bromide removal in mining

brine in field.
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Appendix A. Supplementary materials for Chapter 3
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Figure A-1 Vertical ORP (left) and pH (right) profiles over time developed in
sediment and cap containing carbon cloth electrodes

T-cell 1 and T-cell 2 were imposed to a 4 V external voltage. T-cell 3 was in control
sediment with unpowered electrode. Depth zero was the water-sand interface. The

horizontal black lines indicate the position of electrodes.
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Appendix B. Supplementary materials for Chapter 4
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Figure B-1 Modeled first-order NSB reduction rate (knss) from NB reduction (similar
experiments as Figure 1) and NSB reduction (separate experiments with NSB directly
added into reactors)

NB or NSB initial concentration were both 100 pM. Results from the average of
triplicates and error bars represent the 95% confidence interval of the modeled rate

constants
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Figure B-2 Electrode potential in the working chamber vs. time during NB reduction
at (a) different applied voltage (initial NB 100 uM) and (b) different initial NB
concentration (at 3 V)

Each line is a representative from triplicate reactors.
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Table B-1 pH, working electrode potential and current information for each

experiment (average from triplicates * standard deviation)

Experiment group pH at theend of  Working Maximum
experiment electrode current after NB
potential peak addition (mA)
(mV vs. SHE)

Voltage 2V N.A¥ -203+76 0.94+£0.15

effect 3V 6.68 + 0.06 -333 £33 1.49 +0.07
3.5V 7.11+0.18 -388 + 43 218+0.10
4V 6.79 £ 0.07 N.A.* N.A.*
4.5V 6.70 +0.22 -412 +55 2.79+0.13
5V 6.90 £0.13 N.A.* N.A.*

concentratio 5uM 6.35+0.03 -707** 1.20+£0.15

n effect 10uM 6.59 £0.31 -599 £ 12 1.24 +0.04
40uM 6.18 +0.20 -409 +10 1.27 +0.06
100pM 6.68 £ 0.06 -333 £33 1.49 +0.07

NOM effect w/PW 6.80 £ 0.74 -378 £ 38 222+0.13
w/HA 0.44 mg C/L  6.22+0.35 -377 £19 1.98 +0.11
w/HA44mgC/L  7.05+0.40 -428 + 20 225+0.13
w/HA 144 mg C/L  6.20+£0.25 -369** 1.54 +0.07
w/HA44mgC/L  6.42+0.10 -427%* 233+0.16
w/HA 8 mg C/L  6.60+0.28 -355 + 47 2.61+0.06
w/HA 220 mg C/L  6.95+0.37 -404** 231+0.11
w/HA 330 mg C/L  6.82+0.27 -431** 2.58 +0.13

*: data not available.
**. standard deviation not available.
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Appendix C. Supplementary materials for Chapter 5

Table C-1 Anacostia River sediment porewater characteristics

Chemical species

Value (average)

pH 7.56
Conductivity (mS cm™) 1.27

ORP (mV, SHE) -159.3

Fe?* (M) 5.62 E-4
Mneg (M) 4.75 E-5
Cdag (M) Not detected
Znaq (M) 495 E-8
Caag (M) 3.37 E-3
Mgq (M) 1.49 E-3

Keag (M) 2.66 E-4
Nagq(M) 2.16 E-3

S* (M) Not detected
Clr M) 3.15E-3
SO (M) 7.27 E-6
HCOs (M) 8.0 E-3

DOC (mg/L) 17.0

Table C-2 Anacostia River sediment solid characteristics

Chemical species

Value (average + standard deviation)

Water Content (%)

Acid-volatile sulfides (AVS) (umol g1)
Total Fe (mg g)

Total Mn (mg g)

Total Zn (mg g1)

Total Al (mg g?)

H.H*.extractable Fe (mg g™)

H.H. extractable Mn (mg g?)

H.H. extractable Zn (mg g)
Simultaneously extracted metals (SEM) Zn

(pmol g)

55.3+0.4
54.0+4.3
53.42 + 6.65
0.24 +0.022
0.70 £ 0.087
12.33 +3.98
21.8+0.75
0.23 +0.056
0.65 +0.07

8.48 +0.76
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Oxalate extractable Fe?* (mg g!) 3.05+0.07

Oxalate extractable Fe* (mg g) 20.85+1.22

*H.H.: Hydroxylamine Hydrochloride

Table C-3 Composition of mineral mix

Chemical Concentration (g/L)
NaCl 0.1

Na:MoO+2H20 0.025

NiCl-6H20 0.024
Na:WO4+2H0 0.025

Table C-4 Composition of vitamin mix

Chemical Concentration (mg/L)
Biotin 2
Pantothenic Acid 5
B-12 0.1
p-aminobenzoic acid 5
Thioctic acid 5
Nicotinic acid 5
Thiamine 5
Riboflavin 5
Pyridoxine HCI 10
Folic acid 2
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Figure C-1 effect of sediment slurry pH on extraction efficiency of DCP and 4-CP
Results from the average of triplicate extraction from sediment slurry spiked with 80

uM DCP and 4-CP, and error bars represent standard deviation.
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Appendix D. Supplementary materials for Chapter 6

Calculation of theoretical minimal energy consumption for selective bromide electrolysis:

[ It

. . . . ]
Energy consumption of selective bromide electrolysis= 2-——

(/g)

Br-
Where V,_,, is the cell voltage (V); I is the cell current (A); t,,, is the total reaction time

(s); mg _ is the mass of bromide removed (g).

To calculate the theoretical minimal energy consumption, assume there is no

overpotenial during electrolysis, thus

V

cell =U U U +

cathode _UBrZ/Br’ H*/H

=1.087V -0V =1.087V

anode

Where U is the standard equilibrium potential for each electrode (V).

According to Faraday’s Law of electrolysis:

J‘tmm ldt = O = nFm,
0 S MW

Br~

Where Q is the total electric charge passed through (C); n (=1) is the number of

electrons to remove one bromide ion; F the Faradic constant (96485 C/mol); MW__is the

molecular weight of bromide (80 g/mol).
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tlotal
o Venldt nFV_ 1x96485C /mol x1.087V

cell
Thus Energy consumption= MW 80g /mol

Br- Br-

=1311J /g =1.3k] /g

Calculation of theoretical minimal energy consumption for reverse 0smosis:

Energy consumption of reverse osmosis= o J/g)
m
Br-

Where P is the applied pressure (Pa); V,

rine

is the volume of brine treated (m?); m__ is

the mass of bromide removed (g).

To calculate the theoretical minimal energy consumption, assume the applied pressure
(P) equals the osmosis pressure of the brine (7). Also assume the TDS of the brine
equals to the median value (150 g/L) as shown in Table 1-2, and the brine can be
approximate as NaCl solution. Thus

P=z=YC_RT=(C, +C, )RT =2CRT (Pa)

WhereC,, C.-C and C,, are the molar concentration of TDS, Na*, Cl;, and NaCl,

ClI~
respectively(mol/L); R is the idea gas constant (8.31 J/K'mol); T is the absolute

temperature (assume 298°K, or 25°C).
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Also assume the bromide concentration in the brine (c_ ) equals to the median value

(1.2 g/L) as shown in Table 1-2. Note C,- 1S the mass concentration, while C,, Ch s

C,- and C,,, are molar concentrations.

2C.RTV,e  2C

Then Energy consumption = —20% = e = ——ERT
gy p mBr, CBerbrine CBr’
_150g/L
_ 58.5g/mol x8.31] / K-mol x298K =10583] / g =11k] /
12¢/L

Calculation of theoretical minimal energy consumption for capacitive deionization:

fmv It

. iy . . . cell
Energy consumption of capacitive deionization= =2

(/g)

Br-
Where V,_,, is the cell voltage (V); I is the cell current (A); t,,, is the total reaction time

(s); m,  is the mass of bromide removed (g).

The cell voltage need to be insufficient to induced bromine or hydrogen production.

Thus to calculate the theoretical minimal energy consumption, assume V,, =1V. Here

cell
although there is no electrolysis taking place, the Faraday’s Law of electrolysis is still

valid for charged species transport:
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total n Fm
[ Idt = Q= "FMros

TDS

WhereQ is the total electric charge passed through (C); n is the number of electrons
when transporting each mole of TDS; F the Faradic constant (96485 C/mol); m; is the
mass of TDS removed; MW, is the average molecular weight of TDS. Again assume

TDS and bromide concentration in the brine equals to the median value (150 g/L and 1.2
g/L, respectively) as shown in Table 1-2, and the brine can be approximate as NaCl

solution (so MW;,,=58.5g/L and n=2).

t!otal

o Verldt nFV,my,.  2x96485C /mol x1V x150g / L

Thus Energy consumption = m, MW, ,m_ 58.5g/mol x1.2g/L
==412329J /9 =412kJ /g

Calculation of theoretical minimal energy consumption for thermal distillation:

(c, AT +AH,)m

vap

brine (] /g)

Energy consumption of thermal distillation=
Br-

Where ¢, specific heat capacity of brine (J/g-K); AT is the temperature change between

untreated brine and boiling brine (K); AH,,, is the enthalpy of vaporization of brine

p

(J/8); Myine is the mass of brine treated (g); m_ _ is the mass of bromide removed (g).
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mbrine — pbrinevbrine — pbrine
mBr’ mBr’ CBr’

Where p,,,. is the density of brine (g/L); V,

is the volume brine treated (m?); c_ _ is

rine

the mass concentration of bromide in the brine (assume is 1.2g /L)

Assume the thermal properties of brine are the same as water. Thus

¢, =4.1813J/g-K
AH,,, =2257J/g
Porine =1000g /L
Also assume AT =100°C —-25°C =75°C = 75K . Although in practice, thermal evaporation

does not necessary need to bring brine temperature to boiling point, the energy
consumption for increase brine temperature is one magnitude less that energy
consumption for evaporation, thus the difference in temperature becomes less

important.

(CPAT +AH )m _ (CpAT +AHvap)pbrine

mBI” CBr’

vap brine

Then Energy consumption =

_ (4.1813]/g-K x75K +2257]/g)x1000g / L
- 12¢/L

=2142165] / g =2142k] / g
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